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During the latter 20th century, global urban areas, and by extension, road networks 

have rapidly expanded. Urban soils are often contaminated with potentially toxic trace metals 

due to multiple human activities, and the relatively high loadings of trace metals to urban 

ecosystems pose a significant risk to public and ecosystem health. However, metal dynamics in 

near-road areas are driven by the interactions of many processes, and consequently, few 

studies have comprehensively examined urban soil metal dynamics. 

Examination of both anthropogenic and natural loadings of metals to urban areas and 

the interactions among processes (e.g., soil acidification, exchange reactions) reveal urban soil 

chemical dynamics. This dissertation documents findings resulting from a variety of approaches 

to clarify near-road and urban soil metal dynamics: 1) Soil acidification across regional gradients 

of road network density, climate, and geology in Southern California results in road 

construction material weathering (i.e., concrete) and significantly influences near-road soil 

metal dynamics. 2) Inputs of road material weathering offset calcium losses due to the flushing 

of soil exchange sites during road deicer pulses in Pittsburgh, Pennsylvania. Moreover, 

complicated soil water flowpaths documented in this transect create discontinuous and 

delayed down slope transport of sodium. 3) Two centuries of metal inputs to a Southwestern 

Pennsylvanian lake revealed an unexpectedly long period and complicated mix of trace metal 
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contamination, accumulated from a historical sequence of industrial transitions. 4) Synthesis of 

roadside soil phosphorus concentration data from both the Southern California dataset and the 

Pittsburgh transect indicate near-road soil phosphorus accumulation at magnitudes near 

estimated phosphorus accumulations in global agricultural soils, suggesting that vehicular 

emissions are a significant, yet under characterized component of the global phosphorus cycle. 

This research documents roadside soil metal dynamics and the role of historical metal 

inputs and ultimately will contribute to more effective management of road networks and 

urbanization. 
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1.0  INTRODUCTION 

Between 1970 and 2000, global urban land area has increased by over 50,000 km2 (Seto 

et al., 2011), and by 2050 the United Nations predicts that sixty-six percent of the Earth’s 

population will reside in urban areas (United Nations, 2014). As a result, road networks, which 

are a defining characteristic of urban areas, are spatially extensive and thus impact large 

numbers of ecosystems (Forman and Alexander, 1998). Soils in urban areas often contain 

elevated concentrations of trace metals due to human activities, such as smelting and refining 

metals and ores (Nriagu and Pacyna, 1988; Nriagu et al., 1996; Rabinowitz, 2005), waste 

incineration (Nriagu and Pacyna, 1988; Chillrud et al., 1999), and vehicular emissions (Nriagu 

and Pacyna, 1988; Nriagu et al., 1996; Mielke et al., 1999; Fakayode and Olu-Owolabi, 2003; 

Nabulo et al., 2006). Trace metals are toxic to a wide variety of biota including humans 

(Alexander and Delves, 1981; Mielke et al., 1999), vegetation (Foy et al., 1978), animals 

(Hammond and Aronson, 1964), and aquatic biota (Mance, 1987), thus the relatively high 

loadings of trace metals to urban ecosystems pose a significant risk to public and ecosystem 

health. 

Challenges to urban management created by the expansion of urban areas, and by 

extension road networks, creates a critical need for the characterization of soil metal dynamics 

in road side soils. However, metal dynamics in near-road areas are complex and involve the 
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Figure 1-1. Conceptual model of fluxes of metals to urban soils, and processes that affect soil metal 

concentrations. Processes that potentially deplete soil cation pools are indicated by turquoise arrows. Italicized 

titles represent natural sources of metals. Dashed dark grey arrows signify metal-rich emissions. Dashed red 

arrows show direct anthropogenic inputs. Solid black arrows indicate inputs of metals that are driven by soil 

moisture status. 

interactions of many processes (Figure 1-1). For example, roadside soils receive increased trace 

metal (Fakayode and Olu-Owolabi, 2003) and reactive nitrogen (Nr) loadings (Redling et al., 

2013). Interactions of deposited Nr with soil water can acidify roadside soils (Fenn et al., 1996), 

subsequently mobilize trace metals (Kumpiene, 2010), and promote the leaching of major 

cations (e.g., Ca, Mg, K) which play a vital role in soil health (Fernandez et al., 2003). 

Additionally, the flushing of soil exchange surfaces via road deicer pulses can also stimulate the 

mobilization of soil metals (Shanley, 1994; Granato et al., 1995). While the effects of isolated 
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processes (i.e., considering only the impacts of soil acidification) have been explored, few 

studies have examined the metal dynamics in urban soils that result from the interaction of 

these different processes. This research examines anthropogenic loadings of metals to urban 

areas, and the dynamic interactions among processes (e.g., soil acidification, exchange 

reactions) that influence urban soil metal chemistry.  

1.1 OBJECTIVE 

The main objective of my dissertation is to characterize metal and metalloid dynamics in 

urban soils, specifically roadside soils, by examining patterns in soil and soil water metal 

chemistry. Specifically, this research addresses 1) the effects of soil acidification processes on 

roadside soil cation pools, 2) the flushing of roadside soil exchange surfaces by road deicer 

pulses, 3) trace metal loadings from changes in land use and industry in the 19th and 20th 

centuries, and 4) phosphorus loadings to roadside areas from exhaust deposition. The 

remainder of this chapter is organized around the four research topics, with an overview of the 

background of each topic and a brief literature review demonstrating key knowledge gaps. 

1.2 ROADSIDE SOIL ACIDIFICATION IN THE LOS ANGELES, CA METROPOLITAN AREA 

The Los Angeles (LA) Metropolitan Area is densely covered by roadways with high traffic 

volumes. This traffic creates significant amounts of atmospheric pollutants, including trace 
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metal-rich particulates (Singh et al., 2002) and oxidized forms of nitrogen (Fenn et al., 2000) 

that are deposited within the LA air basin. In particular, LA urban soils receive nitrogen loadings 

of up to 50 kg ha-1 yr-1 (Fenn and Bytnerowicz, 1997), which can occur through both dry and wet 

pathways; however dry deposition is likely the major source of N deposition in arid regions such 

as LA (Fenn et al., 1996, 2000; Fenn and Bytnerowicz, 1997). Nitrogen compounds (e.g., NOx) 

can react with soil or meteoric water, subsequently transforming into nitric acid (Reuss, 1977), 

potentially acidifying nearby soils or waters (Fenn et al., 1996). 

Impacts of soil acidification in forested and natural systems are extensively documented 

(Federer and Hornbeck, 1989; Huntington and Hooper, 2000; Fernandez et al., 2003; Juice et 

al., 2006). In particular, acidified soils retain fewer base cations during exchange reactions, 

which depletes base cation pools (Federer and Hornbeck, 1989; Huntington and Hooper, 2000; 

Fernandez et al., 2003; Juice et al., 2006; Green et al., 2013). Exchange reactions resulting from 

soil acidification have caused notable base cation depletion, particularly Ca, in soils in the 

Northeastern United States (Likens et al., 1996; Driscoll et al., 2003; Fernandez et al., 2003; 

Juice et al., 2006), Europe (Veselý et al., 1989; Katzensteiner and Glatzel, 1992; Jagoe et al., 

1993; Kirchner and Lydersen, 1995; Krám et al., 1997; Navrátil, 2000), Asia (Larssen and 

Carmichael, 2000), and other regions of the United States (Ulrich et al., 1980; Huntington and 

Hooper, 2000; Edwards et al., 2002; Perakis et al., 2013). Calcium is an essential plant nutrient, 

and depletion of soil Ca pools can reduce tree growth (Likens et al., 1996; Huntington and 

Hooper, 2000; Juice et al., 2006), increase the effects of stresses from pests and disease 

(Shortle and Bauch, 1986; Huntington and Hooper, 2000), lower drought and cold resistance 

(Shortle and Smith, 1988; Schaberg et al., 2002), and alter forest evapotranspiration (Green et 
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al. 2013). In addition to mobilizing soil base cations, acidification increases the solubility, and by 

extension, export of aluminum (Cronan and Schofield, 1979; Driscoll, 1985; Hooper and 

Shoemaker, 1985; Cozzarelli et al., 1987; Driscoll and Schecher, 1990; Lawrence et al., 2007), 

beryllium (Veselý et al., 1989; Jagoe et al., 1993; Navrátil, 2000; Kaste et al., 2002), and trace 

metals (Kumpiene, 2010), which can impact aquatic ecosystems (Mance, 1987). 

While many studies have examined the effects of nitrogen deposition on forested 

regions in Southern California (Bytnerowicz and Fenn, 1996; Fenn et al., 1996, 2000; Fenn and 

Bytnerowicz, 1997), few have characterized acidification processes in LA roadside soils, despite 

the large amount of Nr input to near-road soils (Cape et al., 2004; Bettez et al., 2013; Redling et 

al., 2013). Additionally, while Ca depletion has been widely observed in acidified forest soils, 

the prevalence of Ca-rich road construction materials (e.g., concrete) likely significantly affects 

soil Ca dynamics in acidified soils. Although several studies have considered the effects of 

concrete weathering on stream water (Davies et al., 2010; Kaushal et al., 2013), and riparian 

sediment (Bain et al., 2012) chemistry, little attention has been given to the interaction of 

concrete weathering and soil acidification processes. Thus, the extent of road network coverage 

and resulting amplified trace metal inputs to roadside soils (Mielke et al., 2010; Clarke et al., 

2015), widespread impervious surface coverage (61%) (McPherson et al., 2011), and heavy Nr 

loadings (50 kg ha-1 per year ) (Fenn and Bytnerowicz, 1997) to the LA region make acidification 

and subsequent mobilization of LA roadside soil metals likely (Figure 1-1). Additionally, 

roadways in the LA region do not receive inputs of road deicers, as winter frosts are brief due to 

the region’s Mediterranean climate (Bytnerowicz and Fenn, 1996). Consequently, the 

confounding factor of the dissolution of road salt, and resulting exchange reactions with salt-
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rich runoff does not exist in the LA region, and can thus be ignored when examining roadside 

soil cation pool dynamics in this region. Therefore, these characteristics make Southern 

California an idea study site to examine the impacts of soil acidification on roadside soil cation 

pools. 

1.3 THE FLUSHING OF ROADSIDE SOIL EXCHANGE SURFACES VIA ROAD DEICER PULSES IN 

THE NINE MILE RUN WATERSHED, PITTSBURGH, PA 

Nine Mile Run (NMR) is an urban stream draining 15.7 km2 of eastern Pittsburgh (PGH) 

(Environmental Resources Reseach Institute, 2014). The prevalence of urban infrastructure 

(38% of the watershed is covered with asphalt or roofs) (Homer et al., 2004), roadways (15.5 

km km-2, including I-376, a major interstate that parallels and crosses the stream), and historical 

industrial activities within the watershed make soil enrichment in trace metals likely. 

Historically, urbanization and industry have heavily impacted the NMR watershed, as a 

significant portion of the stream was buried (McElwaine, 2005), and 18 million tonnes of trace 

metal-rich steel by-products (i.e., slag) were disposed within the watershed (Koryak and 

Stafford, 2002). In particular, the percolation of groundwater through this slag pile has 

significantly altered NMR stream water chemistry, including alkalization of lower reach stream 

waters (Koryak and Stafford, 2002), and relatively increased trace metal loadings to stream 

waters (ONeill et al., 2013). Additionally, the PGH region receives moderate amounts of 

snowfall (41.4 cm yr-1) (National Weather Service, 2014), and as a consequence, more than 

762,000 tonnes of road salt (sodium chloride), were applied to Pennsylvanian roadways 
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between 2009 and 2014 (PennDOT, 2014). These characteristics therefore make NMR an ideal 

site to examine the interactions of salt-rich solutions and soil metals. 

The dissolution of sodium chloride (NaCl) in highway runoff creates waters with high 

total dissolved solids (TDS), that can mobilize soil metals through soil cation exchange reactions 

(Shanley, 1994; Granato et al., 1995). Additionally, relatively large inputs of Cl, supplied by the 

dissolution of road deicers, promote the formation of metal Cl complexes (Bäckström et al., 

2004), which are relatively mobile in the soil solution (Chaney, 2010). Lastly, increased loadings 

of Na to soil waters can negatively impact soil structure, decrease soil permeability and 

exacerbate soil erosion (Amrhein et al., 1992),and therefore promote the physical transport of 

both soluble and sorbed metals to surface waters. While several studies have detailed 

increased metal loadings to surface waters due to interactions of soils and high TDS solutions 

(Kunkle, 1972; Amrhein et al., 1992; Shanley, 1994; Mason et al., 1999; Koryak and Stafford, 

2001; Kaushal et al., 2005; Kelly et al., 2008; Cooper et al., 2014), less attention has been given 

to the impacts of high TDS solutions on near-road soils. 

Studies that have examined roadside areas (Amrhein et al., 1992; Bauske and Goetz, 

1993; Norrström and Bergstedt, 2001) largely focus on cation exchange reactions driven by Na-

rich roadway runoff. However, these studies do not discuss impacts on soil metal dynamics via 

the weathering of road construction materials (e.g., concrete and slag fill), that could 

significantly affect patterns of cation mobilization in roadside soils. Furthermore, given the 

significant loadings of Nr (Cape et al., 2004; Bettez et al., 2013; Redling et al., 2013) and road 

deicers (Buttle and Labadia, 1999) to near-road soils, soil acidification processes could interact 

with and likely exacerbate cation exchange reactions by high TDS runoff. Interactions between 
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these processes potentially mobilizes roadside soil cations in unexpected ways, such as 

affecting the speciation (e.g., promoting the formation of metal chloride complexes) and by 

extension, toxicity of dissolved trace metal mixtures. Lastly, existing studies underappreciate 

the impact that aging highway infrastructure has on near road soil moisture regimes. As 

drainage infrastructures age, they have an increased chance of leaking (Davies et al., 2001), and 

subsequently recharging local ground water with highway runoff (Lerner, 1986). Relatively 

direct inputs of runoff to local ground water remove the ability of soil to filter pollutants (Kabir 

et al., 2014), and could possibly increase the size of areas affected by vehicular metal 

deposition. A clearer documentation of these processes is essential to understanding metal 

dynamics in urban and near-road environments. 

1.4 RECONSTRUCTING LEGACY TRACE METAL LOADINGS IN SOUTHWESTERN 

PENNSYLVANIA 

The Southwestern Pennsylvania (USA) region has a long industrial history, and industrial 

activities have included, but are not limited to, iron manufacturing (Albert, 1882; Muller and 

Tarr, 2005), coal and coke works (Albert, 1882), steel production (Warren, 1987), and Zn 

smelting (Ingalls, 1916; Bleiwas and DiFrancesco, 2010), which occurred during the 19th and 20th 

centuries. Many of these industries altered local air (Eatough et al., 2007) and water (Davis III 

and Jacknow, 1975) chemistry through trace metal-rich emissions. While trace metal loadings 

from conventional, modern sources (e.g., metallurgical facilities) are reasonably characterized 

(Van Alphen, 1999; Vermillion et al., 2005; Mattielli et al., 2009), trace metal loadings from 
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relatively undercharacterized sources (i.e., early and pre-industrial activities) are not. 

While studies have acknowledged the use of trace metals in early human activities 

(Bintliff et al., 1990; Nriagu, 2001; Borkow and Gabbay, 2009), the trace metal loadings from 

early and pre-industrial activities are poorly characterized. Consequently, the magnitude and 

distribution of contamination associated with these activities is often unknown. Moreover, the 

sequential input of trace metal contamination from multiple industries (e.g., leather tanneries, 

metallurgical facilities) likely results in unpredictable biogeochemical interactions, and 

presumably, an accumulation of contamination. Accordingly, elevated trace metal loadings 

likely stretch beyond the lifespan of a single pollution source, resulting in a significant amount 

of trace metal contamination that is relatively unknown. 

Because sediments deposited in alluvial and lacustrine environments can accumulate 

trace metals (Mielke et al., 2000; Bain and Brush, 2005; Rhoades et al., 2009), they can also 

record periods of significant trace metal contamination (Graney et al., 1995; Spliethoff and 

Hemond, 1996; Mahler et al., 2006; Hillman et al., 2015). While this accumulation allows for 

reconstruction of temporal sequences of trace metal loadings, it can also result in a reservoir of 

contaminants with a strong potential to remobilize, particularly by physical disturbances 

(Axtmann and Luoma, 1991; Spliethoff and Hemond, 1996; Steding et al., 2000; Tao et al., 2005; 

Pizzuto, 2014). As potential changes in global precipitation patterns will increase the probability 

of extreme precipitation events (Palmer and Räisänen, 2002), and by extension, flood events 

(Jongman et al., 2012), changes to global climate likely will increase likelihood of the 

mobilization of contaminated alluvial sediments. Therefore, effective risk assessment will 

require a characterization of legacy trace metal contamination in many regions with an 
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industrial legacy and subject to climate change. 

1.5 PHOSPHORUS ACCUMULATION IN ROADSIDE SOILS 

Phosphorus is an essential element to all lifeforms (Ashley et al., 2011) and 

subsequently P is relatively tightly cycled by biota (Ryan, 2014). As a result, P is a major 

component of fertilizers (Jasinski, 2013). With the onset of industrial agricultural fertilization in 

the mid-20th century, application rates of P to agricultural soils greatly increased (Crop 

Reporting Board, 1966). Consequently, human activities have greatly altered the global P cycle 

(Filippelli, 2008; Ashley et al., 2011). For example, the mobilization of P from agricultural soils 

have increased loadings of P to surface waters (Wilcock, 1986; Vighi and Chiaudani, 1987; Ward 

et al., 1990; Uunk, 1991). Because P is generally a limiting nutrient in aquatic ecosystems 

(Correll, 1999), larger inputs of P increase the incidence of eutrophication events (Anderson et 

al., 2002), that can deplete dissolved oxygen in the water column, shift species composition, 

and cause fish kills (Smith, 1998). While agricultural and natural P sources (e.g., guano, 

phosphate minerals) are well characterized, knowledge gaps still exist in the global P cycle 

(Stoddard et al., 2016). 

Although previous studies have examined the atmospheric deposition of P due to the 

combustion of multiple types of fuels (e.g., Mahowald et al., 2008; Wang et al., 2014), loadings 

of P to near-road areas are poorly understood, despite the widespread use of P in vehicular 

fuels and lubricants. Specifically, diesel (Pierson and Brachaczek, 1982; Spencer et al., 2006) and 

both leaded (Pierson and Brachaczek, 1982) and unleaded (Pierson and Brachaczek, 1982; 
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Spencer et al., 2006) gasolines contain varying P contents. Moreover, lubricating oils contain P-

based additives (Pierson and Brachaczek, 1982; Nicholls et al., 2005; Spencer et al., 2006; 

McDonald, 2009), namely zinc dialkyl dithiophosphate (ZDDP) (McDonald, 2009), which was 

patented in 1944 (Freuler, 1944). Because the P content of P-based additives in lubricating oils 

was unregulated for 45 years (Spikes, 2004), roadside soils have likely received substantial P 

inputs, and by extension, accumulated a significant amount of P due to the deposition of 

vehicular exhaust. Road networks are known to increase both rates of soil erosion (Forman and 

Alexander, 1998; Jones et al., 2000), and runoff (Dunne and Leopold, 1978), and soil P losses 

occur primarily during erosional and runoff events (Sharpley et al., 1992). Thus the 

accumulation of P in roadside soils creates a P pool with a high propensity to be mobilized, and 

has important implications for surrounding natural systems. 

1.6 DISSERTATION FORMAT 

This doctoral dissertation comprises a collection of six chapters, of which four chapters 

represent individual papers to submit for publication in peer reviewed journals. The first and 

second chapters have already been published in the peer‐reviewed scientific journals 

Biogeochemistry and Hydrological Processes, respectively. The third chapter has been 

submitted to the peer‐reviewed scientific journal Environmental Science & Technology and is 

currently being revised to respond to the comments of three anonymous reviewers. The fourth 

chapter will shortly be submitted to a peer‐reviewed scientific journal. The final chapter 

summarizes the major results and conclusions of each chapter. 
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2.0  RESPONSES OF ROADSIDE SOIL CATION POOLS TO VEHICULAR EMISSION DEPOSITION 

IN SOUTHERN CALIFORNIA 

2.1 INTRODUCTION 

Roadside soils generally contain elevated concentrations of trace metals (Garcia-

Miragaya et al., 1981; Amrhein et al., 1992; Fakayode and Olu-Owolabi, 2003; Nabulo et al., 

2006) and receive increased loadings of reactive nitrogen (Nr) (Bettez et al., 2013; Redling et al., 

2013). This Nr is sourced from vehicular exhaust, which is deposited close to roads and 

transforms to nitric acid (HNO3) (e.g., a majority of exhaust Nr is deposited within 10 meters of 

roads, Figure 2-1) (Cape et al., 2004; Redling et al., 2013). Additionally, impermeable surfaces 

(e.g., roadway, sidewalks) in the near-road environment can create nitrogen hotspots in 

roadside soils (Göransson et al., 2014). Deposition of reactive nitrogen can occur via both dry 

and wet pathways; however dry deposition is likely the major source of N deposition in arid 

regions such as Los Angeles (Fenn et al., 1996, 2000; Fenn and Bytnerowicz, 1997). The excess 

reactive N deposited in roadside soils can acidify these soils (Fenn et al., 1996), and potentially 

influence roadside metal contamination. 
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Figure 2-1. Conceptual model of vehicular exhaust (Cape et al., 2004; Redling et al., 2013), oceanic aerosols (Feliu 

et al., 1999), and trace metal depositional patterns (Fakayode and Olu-Owolabi, 2003; Nabulo et al., 2006). The 

left inset box details the acidification of soil water, mobilization of soil metals to lower horizons, and sorption of 

metals to clay minerals. The right inset box illustrates processes in gardens such as fertilization and mixing 

resulting from soil tilling. 

Impacts of soil acidification in forested soils are well documented (e.g., Federer and 

Hornbeck, 1989; Likens et al., 1996; Huntington and Hooper, 2000; Fernandez et al., 2003; Juice 

et al., 2006) however soil acidification is poorly characterized in roadside soils. In particular, 

acidified soils retain fewer base cations during exchange reactions, promoting the depletion of 

base cation pools (Federer and Hornbeck, 1989; Huntington and Hooper, 2000; Fernandez et 

al., 2003; Juice et al., 2006; Green et al., 2013). Base cations are essential plant nutrients and 

their depletion can impair vegetation health (Federer and Hornbeck, 1989; Huntington and 

Hooper, 2000; Fernandez et al., 2003; Juice et al., 2006; Green et al., 2013). Likewise, soil  
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Figure 2-2. Locations of the sampled stations within Los Angeles and Riverside Counties in Southern California. 

The three urban gardens sampled and surrounding roads are detailed in the insets. 

acidification also can increase the mobility of trace metals (Kumpiene, 2010). Given the 

substantial loads of Nr to roadside soils, we hypothesize that the acidification of roadside soils 

mobilizes exchangeable cations from these soils, depleting soil cation pools. In addition, we 

hypothesize that other material inputs to roadside soils, particularly weathering products of 

local lithology and human-made materials, can replenish metal losses to mobilization and affect 

observed patterns of metal concentration. 

To evaluate these hypotheses about the acidification of roadside soils and near-road soil 

metal mobility, we compared 1) road network characteristics, 2) modeled, annual nitrogen 

deposition, and 3) soil metal concentrations. Furthermore, to determine the influence of local 

geology and construction materials on patterns in soil metal concentrations, we applied mixing 

models to identify the principal sources of cations in soil cation pools. Thus, this study 
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characterizes the interaction of vehicular exhaust with roadside soil cation pools in the local 

geochemical context. 

2.2 METHODS 

2.2.1 Study Region 

Fifty-eight samples were collected from park (i.e., city, state, or wildland reserves) or 

urban garden plot soils in regions of Los Angeles and Riverside County that lie within the Los 

Angeles, California air basin (Figure 2-2). Park samples are a composite of six samples that were 

equally distributed between canopy and non-canopy areas. Garden samples, originally collected 

to examine legacy trace metal contamination (Clarke et al., 2015a), were gathered as separate 

samples from urban community garden plots (IMM1, IMM6, and NIMM4) in the Los Angeles 

metropolitan area. Due to the contrast in sampling design, the garden plot samples exhibit 

much greater variability than the variability in composited soils across the regional gradients 

the soils straddle (Figure 2-3). This creates data clouds challenging to compare with samples 

collected from the broader spatial extent, sampled to represent average park soils. Therefore, 

for these regional analyses, the median values of all samples taken within each community 

garden (i.e., “garden samples”) were compared as a single value with the park samples in 

analysis (Figure 2-3). 
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Figure 2-3. Example of the high variance in garden samples and the resulting data cloud (a). For regional 

analyses the median values of all samples taken within each community garden were used (b). Park samples are 

represented by solid shapes, whereas garden samples are represented by hollow shapes. 

2.2.2 Field Sampling & Chemical Analysis 

Park samples were collected in July 2008, and garden plot samples were taken in July 

2011. The top 5 cm of soil materials were collected, dried, and subsamples for metals analysis 

powdered in a ball mill (tungsten carbide bomb). Total metal concentrations in powdered 

samples were measured via four acid (perchloric, nitric, hydrofluoric, and hydrochloric) 

digestion (Procedure ME-MS61) by ALS Chemex. Soil pH values were measured using a 5:2 

water to soil solution. Soil clay content was determined for park sites using the hydrometer 

method. Loss on ignition (LOI) was determined by drying the soil at 105 °C for 24 hours, and 

then combusting the dried sample in a muffle furnace at 550 °C for 4 hours. Percent organic 

matter was then inferred by mass difference. Metal input sources (e.g., concrete, parent 

material) were determined via standard mixing model analysis (Faure and Mensing, 2005). 
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2.2.3 Spatial and Statistical Analysis 

Geographical analysis was conducted in ArcGIS 10. Road coverage data for Los Angeles 

and Riverside counties were obtained from county governments, and used to determine road 

proximity and density (Los Angeles County GIS Data Portal, 2012; Riverside County 

Transportation & Land Management Agency, 2012). Road densities were calculated as the total 

length of roadways within a 1 km radius circular buffer around each sampling station. Influence 

of traffic densities was not considered in this study as average annual daily traffic rates for the 

sampled areas were not available. Annual precipitation amounts for each soil sampling station 

were determined from long-term mean precipitation data (800m resolution) (PRISM Climate 

Group Oregon State University, 2004a). Total annual N deposition was determined from 

modeling data (Center for Conservation Biology at the University of California - Riverside, 2006). 

Lastly, data analysis and multiple linear least squares regressions, used to determine the 

association between site variables (e.g., road density, road proximity) and soil metal 

concentrations, were performed in Tibco Spotfire S+ 8.2.0. 
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Table 2-1. Latitude, longitude, road density, distance from road, distance from ocean and average annual 

precipitation for each sampling station and each community garden sampled.  

Station Latitude Longitude Road Density 
(km km-2) 

Distance to 
Nearest Road 

(m) 

Distance to 
Ocean (km) 

Average Annual 
Precipitation 

(mm) 

AGH 33.633333 -116.40000 

 

3.65 301 60.1 235 
BDC 33.581944 -116.37111 

 

0.00 5031 57.0 379 

FG1 34.077056 -117.81183 

 

9.84 63.9 44.3 464 

FG2 34.077169 -117.81109 

 

9.57 17.6 44.3 464 

FP1 33.999642 -117.37445 

 

12.1 27.1 59.8 283 

FP2 33.998103 -117.37978 

 

8.62 8.3 59.4 284 

JR 33.808333 -116.77778 

 

1.91 543 70.5 676 

PF 33.566667 -116.48333 

 

2.60 957 49.8 420 

PP1 34.011389 -118.49543 

 

17.2 3.5 0.34 351 

PP2 34.013731 -118.49819 

 

17.3 32.3 0.29 355 

PRP1 34.032953 -118.41711 

 

17.3 18.7 7.40 380 

PRP2 34.034217 -118.41702 

 

17.0 2.1 7.48 380 

SR5 33.547750 

 

-116.50494 

 

5.69 2295 47.0 482 

SR6 33.544861 

 

-116.49019 

 

3.87 2921 47.4 582 

SR7 33.533944 

 

-116.47897 

 

3.87 4482 46.9 612 

SR8 33.521222 

 

-116.41975 

 

0.00 6975 48.9 666 

WN1 34.040589 

 

-118.05389 

 

11.6 29.1 31.1 394 

WN2 34.042600 

 

-118.05668 

 

12.7 24.7 31.3 393 

IMM1 33.943525 -118.235941 16.4 12.6 17.7 370 

IMM6 34.046265 -118.327962 13.4 16.5 14.6 376 

NIMM4 34.010451 -118.404832 18.0 13.4 6.67 358 
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2.3 RESULTS 

2.3.1 Regional Patterns in Roads and Geophysical Characteristics 

Geographical analysis highlighted the wide variance of road densities (0 to 18.0 km km-2) 

(Los Angeles County GIS Data Portal, 2012; Riverside County Transportation & Land 

Management Agency, 2012), road proximities (0.002 to 7.0 km) (Los Angeles County GIS Data 

Portal, 2012; Riverside County Transportation & Land Management Agency, 2012), annual 

precipitation rates (235 to 676 mm yr-1) (PRISM Climate Group Oregon State University, 2004a), 

and distances from the ocean (0.29 to 71 km) (Metropolitan Transportation Commission, 2004) 

observed by this study (Table 2-1). Likewise, parent material and soil type of the sampled 

stations varied widely (Table 2-2). In particular, bedrock geology underlying sample locations 

consists primarily of Quaternary alluvial deposits and Mesozoic granitic intrusives, with some 

outcrops of shale, metasedimentary, sedimentary, and paralic deposits (California Geological 

Survey, 2012). 

Linear regression analysis revealed the varying influence of each of these spatial metrics 

on individual cationic species (Table 2-3). Despite the observed regional heterogeneity, we 

observe overarching patterns in cation chemistry that transcend bedrock geochemistry and soil 

type (Table 2-2, Table 2-4, & Table 2-5). In particular, patterns of soil metal depletion are 

independent of the underlying bedrock geology. Similarly, underlying bedrock appears to 

minimally influence pH in roadside soils (Figure 2-4a). 
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Table 2-2. Parent rock (California Geological Survey, 2012) and soil type of the sampling stations (National 

Cooperative Soil Characterization Database, 2012). Soil surveys are not available for the City of Los Angeles. 

Station Parent Rock Soil Type 

AGH Granitic Data not available 

FP1 Alluvium Metz loamy fine sand, 0 to 2 percent slopes 

FP2 Alluvium Metz loamy fine sand, 0 to 2 percent slopes 

JR Granitic Green Bluff-Brader families association 

PF Granitic Trigo family-Lithic Xerorthents, warm complex 

SR5 Granitic Lithic Xerorthents, warm-Rock outcrop complex 

SR6 Sedimentary Osito-Modesto families association 

SR7 Metasedimentary Lithic Xerorthents, warm-Rock outcrop complex 

SR8 Granitic Crouch rocky sandy loam 

FG1 Shale Data not available 

FG2 Shale Data not available 

BDC Granitic Rock Outcrop 

PP1 Alluvium Data not available 

PP2 Alluvium Data not available 

PRP1 Paralic Data not available 

PRP2 Paralic Data not available 

WN1 Alluvium Data not available 

WN2 Alluvium Data not available 

IMM1 Alluvium Data not available 

IMM6 Alluvium Data not available 

NIMM4 Alluvium Data not available 
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Table 2-3. R2 and p-values for multiple regression analysis. 

 r2 p-value r2 p-value r2 p-value r2 p-value r2 p-value r2 p-value 
Road Density 
(RD) 0.41 0.002 0.44 0.001 

5.1E-
04 0.92 0.10 0.17 

7.1E-
04 0.91 0.01 0.75 

Road 
Proximity (RP) 0.41 0.002 0.50 <0.001 0.08 0.23 0.26 0.02 0.03 0.48 

1.3E-
05 0.99 

Distance to 
Ocean (O) 0.16 0.08 0.29 0.01 0.07 0.28 0.03 0.46 0.01 0.67 0.02 0.60 
Annual 
Precipitation 
(P) 0.10 0.16 0.08 0.22 0.42 0.002 0.04 0.42 0.42 0.002 0.02 0.60 
RD+RP 0.43 0.006 0.51 0.002 0.31 0.04 0.33 0.04 0.09 0.43 0.02 0.84 
RD+O 0.49 0.002 0.44 0.006 0.29 0.06 0.14 0.27 0.05 0.60 0.02 0.84 
RD+P 0.41 0.009 0.44 0.005 0.57 0.0008 0.10 0.39 0.56 0.0006 0.02 0.87 
RP+O 0.41 0.008 0.52 0.001 0.38 0.02 0.30 0.05 0.09 0.42 0.02 0.81 
RP+P 0.43 0.007 0.55 <0.001 0.45 0.006 0.27 0.07 0.51 0.002 0.02 0.83 
O+P 0.20 0.14 0.30 0.04 0.65 0.0001 0.05 0.63 0.51 0.002 0.02 0.81 
RD+RP+P 0.45 0.02 0.55 0.003 0.65 0.0007 0.34 0.08 0.56 0.003 0.04 0.86 
RD+O+P 0.51 0.006 0.45 0.01 0.65 0.0006 0.14 0.46 0.56 0.003 0.04 0.88 
RP+O+P 0.43 0.02 0.56 0.003 0.67 0.0004 0.31 0.10 0.54 0.004 0.05 0.83 
RD+RP+O 0.49 0.008 0.52 0.005 0.38 0.05 0.33 0.09 0.10 0.62 0.02 0.94 
RD+RP+O+P 0.51 0.02 0.56 0.008 0.68 0.001 0.34 0.15 0.5 0.008 0.05 0.93 

Table 2-4. Soil pH, clay content, and loss on ignition (LOI) for each sampled station. Clay content was not 

measured in garden samples. Additionally, LOI and soil pH were not analyzed for IMM6 and NIMM4 garden 

samples. 

Station pH Clay (%) LOI (%) Station pH Clay (%) LOI (%) 
AGH 7.07 2.14 2.47 WN1 7.70 9.16 8.78 
BDC 7.96 2.35 1.75 WN2 7.88 9.36 20.15 
FG1 5.68 8.46 6.74 IMM1-1 7.20 -- 10.07 
FG2 7.96 6.66 7.07 IMM1-2 7.69 -- 5.93 
FP1 7.22 6.87 11.96 IMM1-6 6.77 -- 11.93 
FP2 7.59 7.70 22.17 IMM1-7 7.45 -- 7.82 
JR 5.72 6.51 6.94 IMM1-13 7.09 -- 6.88 
PF 7.44 4.93 2.20 IMM1-15 7.09 -- 10.88 
PP1 7.61 13.7 13.97 IMM1-19 6.94 -- 16.28 
PP2 7.29 12.3 10.22 IMM1-22 7.29 -- 7.51 
PRP1 6.40 12.3 13.91 IMM1-28 6.96 -- 10.71 
PRP2 6.50 8.74 13.90 IMM1-32 6.96 -- 9.21 
SR5 6.66 1.90 5.03 IMM1-OUT1 7.53 -- 6.44 
SR6 6.52 3.77 4.95 IMM1-OUT2 -- -- -- 
SR7 6.18 0.47 4.32 IMM1-OUT3 -- -- -- 
SR8 5.80 1.19 7.89     
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Table 2-5. Soil metal concentrations (g kg-1) for each sampling station. 

Station Al Ca K Mg Na Be Sr Ti Station Al Ca K Mg Na Be Sr Ti 
AGH 83.2 32.4 19.9 14.7 20.7 2.07 0.45 5.82 IMM1-OUT1 74.6 31.5 18.3 9.0 24.6 1.36 0.64 3.91 
BDC 78.7 28.8 21.1 13.7 19.1 1.61 0.37 5.56 IMM1-OUT2 76.5 33.2 18.5 9.9 24.9 1.34 0.64 4.43 
FG1 71.0 18.7 17.1 4.7 18.4 1.45 0.41 3.84 IMM1-OUT3 74.9 32.1 18.9 11.5 22.4 1.20 0.53 3.99 
FG2 73.3 24.1 18.2 8.5 17.3 1.40 0.34 3.74 NIMM4-1 77.3 23.0 20.9 8.1 22.9 1.51 0.46 4.97 
FP1 68.7 28.6 22.3 10.5 19.6 1.64 0.37 3.48 NIMM4-2 76.0 23.2 20.8 7.7 22.6 1.46 0.45 5.01 
FP2 68.9 40.9 16.3 11.4 18.8 1.15 0.38 3.66 NIMM4-4 69.5 25.8 20.7 7.4 21.1 1.31 0.45 3.79 
JR 77.1 21.0 20.0 4.5 21.0 1.49 0.42 2.92 NIMM4-6 66.4 24.4 18.7 6.5 19.5 1.13 0.45 4.16 
PF 79.2 27.4 21.1 6.2 21.7 1.58 0.45 3.51 NIMM4-8 70.9 24.3 20.1 6.9 21.1 1.14 0.44 4.51 
PP1 68.5 19.8 20.6 7.9 18.5 1.27 0.35 3.41 NIMM4-10 74.0 23.0 21.0 7.0 22.5 1.45 0.46 4.76 
PP2 69.6 18.4 20.6 8.2 19.9 1.31 0.36 3.38 NIMM4-13 65.1 27.7 19.1 7.3 19.1 1.21 0.44 4.01 
PRP1 72.9 20.4 16.4 7.6 19.7 1.21 0.38 4.24 NIMM4-14 72.4 23.6 21.2 6.7 21.6 1.27 0.46 4.45 
PRP2 70.0 21.7 15.6 7.9 19.4 1.11 0.38 4.51 NIMM4-15 70.5 25.4 20.1 7.2 21.0 1.34 0.45 4.34 
SR5 75.9 26.1 20.5 8.6 19.3 1.76 0.40 4.03 NIMM4-OUT1 77.3 25.3 20.5 12.4 23.0 1.78 0.46 4.54 
SR6 84.6 15.9 19.3 6.4 18.8 2.22 0.24 3.56 NIMM4-OUT2 79.1 25.0 20.3 11.7 24.7 1.61 0.48 4.12 
SR7 70.7 16.3 24.3 3.4 18.7 1.42 0.22 2.18 NIMM4-OUT3 80.1 26.5 20.8 13.3 22.3 2.00 0.47 5.02 
SR8 80.3 15.8 14.9 8.2 10.6 1.83 0.24 5.22 NIMM4-P12 69.0 26.3 20.7 7.0 20.8 1.18 0.45 3.97 
WN1 75.1 32.9 20.0 12.3 21.0 1.39 0.46 4.00 IMM6-1 73.7 25.7 20.4 7.9 20.1 1.41 0.43 3.97 
WN2 65.3 72.6 17.6 12.7 16.2 1.31 0.53 3.53 IMM6-2 82.9 25.5 23.2 8.1 23.0 1.75 0.48 4.44 
IMM1-5 75.3 29.5 20.1 10.9 22.0 1.39 0.53 3.83 IMM6-6 77.0 26.5 21.6 8.3 21.2 1.53 0.48 3.99 
IMM1-25 82.1 31.9 20.7 11.9 23.9 1.47 0.57 4.21 IMM6-7 72.6 21.5 20.3 7.6 19.7 1.36 0.41 3.89 
IMM1-28 75.5 33.1 20.2 11.1 23.1 1.34 0.57 3.91 IMM6-13 76.8 24.1 20.5 7.4 21.9 1.41 0.44 4.12 
IMM1-45 70.2 33.4 21.2 10.5 20.7 1.27 0.54 3.48 IMM6-15 76.5 24.3 21.3 7.9 21.3 1.47 0.44 4.05 
IMM1-46 72.8 33.3 19.0 9.5 22.7 1.33 0.56 3.38 IMM6-19 73.5 24.7 19.9 7.6 20.2 1.14 0.42 3.80 
IMM1-52 78.6 33.0 19.7 12.3 22.4 1.48 0.55 4.15 IMM6-22 76.1 24.4 20.6 8.3 21.1 1.49 0.44 4.17 
IMM1-83 80.4 29.2 19.2 11.5 22.9 1.43 0.56 4.21 IMM6-28 75.7 26.5 21.1 8.2 21.0 1.49 0.45 4.06 
IMM1-95 80.9 25.4 20.6 10.0 23.7 1.32 0.57 3.82 IMM6-32 78.6 23.2 21.3 8.0 21.4 1.57 0.44 4.28 
IMM1-109 74.3 30.2 19.3 10.0 22.3 1.41 0.54 3.75 IMM6-OUT1 84.8 21.3 21.5 8.8 22.1 1.62 0.44 4.80 
IMM1-110 72.3 30.0 18.8 10.2 21.5 1.27 0.52 3.56 IMM6-OUT2 79.9 22.1 21.1 8.1 21.9 1.51 0.44 4.45 
IMM1-115 82.3 28.7 19.9 11.2 24.2 1.38 0.55 4.12 IMM6-OUT3 70.1 22.5 18.4 6.6 21.0 1.29 0.44 3.87 
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Figure 2-4. Soil pH (a), soil aluminum concentrations (b), and soil beryllium concentrations (c) vs. the log 

transformed distance from the roadside. In frame a bedrock is indicated by symbol shape. Park samples are 

represented by solid shapes, whereas garden samples are represented by open shapes. The relatively low pH in 

samples far from the road likely reflects granitic parent material. Soil pH was not measured for IMM6 and 

NIMM4 garden samples. Relatively elevated aluminum concentrations observed in the garden medians likely 

results from tilling of the garden soils, which mixes clays from deeper horizons with the topsoil 
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2.3.2 Roadside Soil Cation Depletion 

In our samples, soil Al decreases in near-road soils (Figure 2-4b), and soil Al 

concentrations were most strongly associated with road density and road proximity (r2 = 0.41 

for both). Additionally, transportation networks also appear to affect soil Be concentrations, as 

sampled near-road soils are also depleted in Be (r2 = 0.50) (Figure 2-4c). Furthermore, in the 

sampled soils, K concentrations are also influenced by road proximity (r2 = 0.26), with soil K 

concentrations decreasing in near-road soils (Figure 2-5c). In contrast however, near-road soils 

have higher clay-sized particle contents (r2 = 0.71) (Figure 2-5a) and higher LOI (a proxy for 

SOM) (r2 = 0.21) (Figure 2-5b, Table 2-4). 

2.3.3 Roadside Soil Calcium and Magnesium Trends 

Although several metals (Al, Be, K) are relatively depleted in the sampled roadside soils, 

soil Ca and Mg concentrations appear unaffected by road density and road proximity. In 

particular, in our samples there is a weak relationship (r2 = 0.08 and 0.03, respectively) between 

both soil Ca and Mg concentrations and road proximity (Figure 2-6a). Instead, precipitation 

fluxes influence soil Ca and Mg concentrations, as soil Ca and Mg are most strongly associated 

with mean annual precipitation (r2 = 0.42 for both) (Figure 2-6b, c). 
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Figure 2-5. Soil clay content (a), soil organic matter (LOI) (b), and soil potassium concentrations (c) versus 

distance from roadside. The outlying potassium concentration (lower right) occurs in an area with low 

potassium parent rock (Gromet and Silver, 1987). Park samples are represented by circles, whereas garden 

samples are represented by triangles. Clay content was not measured for garden samples, and loss on ignition 

was not performed on two of the gardens. 
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Figure 2-6. Although soil calcium concentrations are unresponsive to road proximity (a), soil calcium (b) and 

magnesium (c) concentrations are influenced by annual precipitation. Park samples are represented by circles, 

whereas garden medians are represented by triangles. One outlying calcium concentration (7.26%, not shown, 

24.7 meters from the road) likely reflects fertilizer inputs. 
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2.4 DISCUSSION 

2.4.1 Regional Approach to Roadside Soil Metal Patterns 

Studies of soil metal concentrations in roadside soils often utilize a transect-based 

approach to analyze patterns in near-road areas. However, this study relies on the leveraging of 

archived samples collected as parts of other efforts. This design allows comparison of samples 

with both gradients of road proximity and density. While this does not capture the local spatial 

detail of road-side transects, it does allow examination of soils across a wide variety of road 

densities, road proximities, annual precipitation rates, and distances from the ocean (Table 

2-1). Our approach thus considers drivers distinct from that in road transect designs, revealing 

the influences of factors such as precipitation, oceanic aerosols, and parent material ( Table 2-2 

& Table 2-3). 

2.4.2 Near-Road Soils and Element Mobilization 

Near-road soils in the Los Angeles area should experience acidification effects due to the 

deposition of Nr from vehicular exhaust (Fenn et al., 1996). In general, as proton loadings 

increase, soil pH decreases (McFee et al., 1977). However, there is no clear relationship 

between soil pH and road proximity in our samples (Figure 2-4a). Further, when soil pHs are 

examined within specific geologic substrates, relationships between soil pH and bedrock  
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Figure 2-7. Total annual nitrogen deposition based on the Community Multiscale Air Quality Model (Center for 

Conservation Biology at the University of California - Riverside 2006; Fenn et al. 2010) vs. soil aluminum (a) and 

beryllium (b) concentrations. Panel c details the relationship between total annual nitrogen deposition and 

distance from the roadside. Park samples are represented by solid shapes, whereas garden samples are 

represented by open shapes 
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geology do not emerge, so underlying geology does not seem to confound our observations. 

The absence of a relationship between soil pH and road proximity could mean that soil 

acidification is not occurring in these roadside soils. However, the depletion of multiple 

elements from shallow soils across these same gradients (Figure 2-4b, Figure 2-4c, & Figure 

2-5c), suggests major cations are being mobilized from these soils despite the lack of patterns in 

soil pH. 

Soil Al is notably sensitive to soil acidification (Driscoll and Schecher, 1990). In particular, 

decreases in soil pH increase Al solubility, mobilizing labile Al to deeper soil horizons (Cronan 

and Schofield, 1979; Cozzarelli et al., 1987). The observed mobilization of soil Al that occurs in 

areas that experience concentrated exhaust deposition (i.e., roadsides) suggests the deposition 

of vehicular exhaust is acidifying these soils. This suggestion is confirmed by the relationship 

between soil Al concentrations and N deposition (r2 = 0.41) (Figure 2-7a), and also the 

relationship between N deposition and road proximity (Figure 2-7c). Not only does N deposition 

increase in roadside environments, but soil Al concentrations also decrease in these same 

environments. As only surface soils were sampled, accumulation of Al at depth cannot be 

confirmed. However, the relatively higher Al concentrations in the garden samples likely is 

influenced by this accumulation, as tilling would mix deeper Al-rich soils with the topsoil (Figure 

1-1). Thus the behavior of Al in these surface roadside soils seems to be indicative of Al 

dynamics in acidified soils. 

In addition to Al, soil Be concentration patterns also imply that soil acidification occurs 

in near-road soils. In our samples, transportation networks also affect soil Be concentrations, as 

the depletion of Be occurs in soils that receive increased N loadings (r2 = 0.43) (Figure 2-7b).  
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Figure 2-8. Soil calcium (a) and magnesium (b) concentrations versus soil pH. Park samples are represented by 

circles, whereas garden medians are represented by triangles. Soil pH was not measured for IMM6 and NIMM4 

garden samples 

This is a parallel relationship consistent with soil acidification, as Al and Be are chemically 

similar and thus behave similarly in acidic environments (Jagoe et al., 1993). Any acidification of 

roadside soils should accelerate chemical weathering rates, including the production of clay and 

clay-sized particles. 

Soil exchange capacity is a primary control on soil metal concentrations, with clay-sized 

minerals and soil organic matter providing the majority of the exchange sites in a soil column 

(Appelo and Postma, 2005). In our samples, the increased amount of clay-sized particle 

contents (Figure 2-5a), and higher LOI (Figure 2-5b, Table 2-4) found in near-road soils should 

result in increased exchange capacity in near road soils and therefore relative metal enrichment 

in these soils. However, contrary to this expectation, K, a major soil nutrient metal, is depleted 

in roadside soils (Figure 2-5c). Although this relationship is unexpected given the inferred 

patterns in exchange capacity (Figure 2-5a & b), it is consistent with soil acidification. Potassium 
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mobilized from exchange sites by protons is likely transported through the soil column, thereby 

depleting K+ pools in surface near-road soils. 

Precipitation fluxes are also important to metal mobilization and concentrations for 

several cations, including Ca and Mg which are associated with mean annual precipitation 

(Figure 2-6b & c). These relationships, diminished concentrations with increased precipitation, 

suggest that Ca and Mg transport in the soil profile is transport limited. However, other 

processes, particularly weathering of road building materials also influence Ca and Mg 

concentrations in these near road environments. 

2.4.3 Road Material Inputs 

The weathering of concrete (primarily of CaO) produces CaCO3-rich materials (Papadakis 

et al., 1992) which can influence both calcium and proton concentrations in near-road soils. 

This weathering seems to mask expected relationships between soil pH and road proximity, as 

CaCO3 inputs can buffer soil pH (Papadakis et al., 1992), thus explaining in part the lack of soil 

pH patterns. Even a small amount of CaO (e.g., 101 or 162 g) can provide enough CaCO3 to raise 

a square meter of soil’s pH by one standard unit (4.5 to 5.5 and 5.5 to 6.5 respectively) (Vossen, 

2006). In our samples, Ca concentrations are related to soil pH (r2 =0.37), suggesting roadside 

soils receive contributions from weathering concrete road components (Figure 2-8a). Therefore 

the weathering of concrete road materials likely influences patterns in soil pH and roadside soil 

cation pools. 
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Figure 2-9. Soil calcium (a) and magnesium (b) concentrations normalized with soil strontium concentrations. 

Park samples are represented by circles, whereas garden medians are represented by triangles. The square 

represents typical values for cement (Diamond, 1955; Bouzoubaa and Zhang, 1997; Idriss et al., 2009) and the 

diamond represents values typical of southern Californian granite (Dodge, 1972). The arrow denotes the position 

of typical seawater values. 

In addition to influencing soil pH, concrete weathering inputs affect responses to soil 

acidification. The weak relationship (r2 = 0.08 & 0.03 respectively) between both soil Ca and Mg 

concentrations and road proximity (Figure 2-6a) suggests that soil Ca2+ and Mg2+ pools are not 

subject to processes driving Al and K pools in the near-road environment. Instead, roadside 

pools of these cations seem to be replenished. To evaluate the contributions of various Ca and 

Mg sources we utilize mixing models based on Ca/Sr and Mg/Sr ratios. 

Mixing model analysis suggests that primary Ca and Mg source end members are parent 

material and concrete road materials (e.g., roadways, road drains, curbs, etc.) (Figure 2-9). Ca2+ 

and Mg2+ pools with relatively low ratios are dominated by bedrock sources, in particular 

granitic parent material (Dodge, 1972), whereas the weathering of concrete road materials is 

the predominant source to samples with relatively high ratios (Diamond, 1955; Bouzoubaa and 

Zhang, 1997; Idriss et al., 2009). Oceanic aerosols appear to only influence soil Ca 

concentrations in near-ocean localities, as Ca/Sr ratios in coastal samples are at or near values  
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Figure 2-10. Soil aluminum concentrations normalized with soil titanium concentrations versus distance from 

roadside (a). Park samples are represented by circles, whereas garden medians are represented by triangles. The 

dashed line represents the Al/Ti typical of Southern Californian concrete dust (Hildemann, 1991). The variability 

of values in samples collected further from roads likely represents concentration variability in bedrock, as ratios 

cover a wider range (~12 to 139 n = 511) similar to that found in local granitic intrusives (Piwinskii, 1968; Dodge 

and Ross, 1971; Dodge, 1972; Baird and Miesch, 1984). 

typical of seawater (112) but sample values quickly move away from this ratio as distance from 

the ocean increases. Annual precipitation is not a significant source of Ca or Mg replenishment, 

as there is no discernible relationship between annual precipitation and Ca/Sr and Mg/Sr ratios. 

While several points on the plot suggest another, relatively low Ca, low Sr source, source rock 

geochemical data is limited, precluding identification of this apparent source. 

Observed patterns of other elemental ratios in these soil chemistries are consistent with near 

road areas being dominated by road inputs. Al/Ti ratios in near-road environments are close to 

values (29.6) measured in road dusts, sourced via the attrition of road surfaces, in southern 

California (Figure 2-10) (Hildemann, 1991). Samples collected further from roads increasingly 

vary across ranges found in local bedrock, including local granitic parent material whose Al/Ti 

ratios range from ~12 to 139 (Piwinskii, 1968; Dodge and Ross, 1971; Dodge, 1972; Baird and 
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Miesch, 1984). That is, as one moves closer to the road, Al/Ti ratios converge on values typical 

of road dust. 

While soil Ca2+ and Mg2+ pools seem to be replenished by concrete and bedrock 

weathering, the depletion of roadside soil K+ pools is not replenished by inputs of weathering 

products. The low concentration of K in road building materials (<1% by mass in cement) is 

insufficient to replenish soil pools during concrete weathering (Bouzoubaa and Zhang, 1997; 

Idriss et al., 2009). Further, K-rich minerals are relatively more resistant to weathering than Ca-

rich minerals (Essington, 2004), and local granitic intrusives typically contain relatively lower 

amounts of K than Ca (Gromet and Silver, 1987). Thus, replenishment of soil K+ pools via parent 

material weathering likely occurs over longer time scales than soil Ca2+ or Mg 2+ pools. 

2.5 CONCLUSIONS AND IMPLICATIONS 

Patterns observed in roadside soil Al, Be, and K concentrations support the hypothesis 

that acidification of roadside soils deplete roadside soil cation pools. In particular, the 

persistence of these patterns, regardless of underlying gradients in bedrock geochemistry, 

emphasizes the dominance of road inputs on soil chemistry. Soil cation content patterns, driven 

by roadside exhaust deposition, suggest shifts in fundamental soil chemistry in the roadside 

environment. While roadside soil K+ pools appear to be depleted, in contrast, inputs from road 

material weathering seem to diminish soil Ca2+ pools sensitivity to soil acidification. For 

example, the average soil Ca concentration in all of the samples (26.8 g kg-1) is higher than the 

average value recorded in southern Californian soils (23.0 g kg-1) (Shacklette and Boerngen, 
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1984), despite the depleted concentrations observed in other metals. The insensitivity of 

calcium and magnesium concentrations to roadside acidification and the source signatures 

indicated by mixing models confirms that cation depletion in roadside soils is heavily influenced 

by local geochemistry and human activities. 

In particular, the mobilization of major cationic species from near road soils with higher 

LOI and clay content suggests that trace metals in similar geochemical pools should also be 

mobilized. Urban soils contain higher concentrations of trace metals (e.g., Bain et al., 2012), 

and in particular trace metals are heavily deposited at the immediate roadside (Figure 1-1) 

(Fakayode and Olu-Owolabi, 2003; Nabulo et al., 2006; Clarke et al., 2015a). The mobilization of 

these metal inputs from roadside soils would exacerbate potential impacts to surrounding 

biota. 

Further, the increased LOI in road side soils suggests that these soils are fertilized via 

reactive nitrogen inputs. Such fertilization can affect species composition, as N saturation is 

known to promote the dominance of exotic grass species in coastal sage scrub shrublands 

(Cione et al., 2002). These alterations can interact to increase wildfire susceptibility (Cione et 

al., 2002), thereby increasing risks to a variety of coupled systems (Meixner et al., 2006). While 

the effects of N saturation are well addressed (Aber et al., 1989; Bytnerowicz and Fenn, 1996), 

little attention has been given to the interaction of soil ecosystem nitrogen status with metal 

dynamics in near-road ecosystems. 

As population centers grow, expanding urban areas (Kabir et al., 2014), and therefore 

transportation networks, will affect more ecosystems. While metal dynamics resulting from 

vehicular inputs are reasonably understood, the interaction of these inputs and soil acidification 
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is not well characterized. This research demonstrates the potential for unexpected interactions 

potentially detrimental to associated systems. Thus, accounting for the influences of soil 

acidification on near-road soils seems fundamental to the management and understanding of 

complicated urban systems. 
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3.0  HILLSLOPE SOIL WATER FLOWPATHS AND THE DYNAMICS OF ROADSIDE SOIL CATION 

POOLS INFLUENCED BY ROAD DEICERS 

3.1 INTRODUCTION 

Over the past sixty years, road deicers (i.e., road salt) have been applied to roadways to 

improve traffic safety in winter weather (Kelly et al., 2008). In particular, more than 762,000 

tonnes of road salt (sodium chloride), have been applied to Pennsylvanian roadways between 

2009 and 2014 (PennDOT, 2014). The dissolution of these road deicers in highway runoff 

creates waters with high total dissolved solids (TDS), which can mobilize roadside soil metals via 

soil cation exchange reactions (Granato et al., 1995). Additionally, increased loadings of sodium 

to soil waters can negatively impact soil structure, decreasing soil permeability and 

exacerbating soil erosion (Amrhein et al., 1992). 

While several studies have detailed interactions of high TDS solutions and surface waters 

(Amrhein et al., 1992; Mason et al., 1999), less attention is given to the impacts of high TDS 

solutions on near-road soils. As roadways are commonly sited near streams, particularly in 

valley floors (Jones et al., 2000; Blanton and Marcus, 2009), stresses to roadside ecosystems 

can also directly or indirectly impair riparian areas. In particular, the mobilization of soil cations 

via interactions with high TDS solutions (Shanley, 1994; Norrström and Bergstedt, 2001; 



 38 

Bäckström et al., 2004b) can affect soil cation pools, potentially impacting roadside vegetative 

communities (Fernandez et al., 2003; Juice et al., 2006; Green et al., 2013) and promote shifts 

in the species composition of roadside vegetative communities (Bobbink et al., 1998). Stresses 

to roadside biota can subsequently affect several processes that occur between the road and 

stream, such as the filtration of chemical pollutants, reduction of erosion, and the lengthening 

of flowpath. 

This study evaluates the flushing of soil exchange sites by road deicer pulses, and the 

influence of local hydrologic flowpaths on soil cation dynamics. We analyze patterns in soil 

moisture content and soil water chemistry along a roadside transect and identify likely soil 

water flowpaths. Additionally, we evaluate roadside soil cation dynamics along the hillslope by 

examining temporal patterns in soil and soil water chemistry in samples collected between 

October 2013 and November 2014. In particular, insight from elemental mixing model analysis 

based on road deicers, soil parent material, and construction materials suggests the influence 

of these end-members on soil solutions. This study documents roadside salt impacts in the 

fundamental context of complicated hillslope hydrology, emphasizing the importance of the 

local hydrologic setting on seasonal cation dynamics in urban ecosystems. 
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3.2 METHODS 

3.2.1 Field Site 

Nine Mile Run (NMR) is an urban stream draining 15.7 km2 of eastern Pittsburgh, PA, 

USA (Environmental Resources Reseach Institute, 2014) (Figure 3-1). Geology underlying the 

NMR catchment consists of cyclic sequences of Pennsylvanian age limestone, siltstone, shale, 

and sandstone (Leighton, 1927). Transect soils are Ultic Hapludalfs (Urban land-Culleoka 

complex), consisting of silt loams, channery silt loams, and flaggy clay loams (Soil Survey Staff et 

al., 2013), and range from 74 to 83 cm deep (Figure S3). The long term (1981-2010) mean 

annual temperature (Arguez et al., 2010) and precipitation (PRISM Climate Group Oregon State 

University, 2004b) of the NMR watershed are 11 °C and 959 mm respectively. Historically, 

urbanization has heavily impacted the NMR watershed, as a significant portion of NMR was 

buried during the 20th century (McElwaine, 2005), and 38% of the watershed is covered with 

asphalt or roofs (Homer et al., 2004). Because an interstate (I-376) parallels and crosses the 

stream (Figure 3-1), NMR is an excellent site to examine the interactions of high TDS (road salt) 

solutions and soil metals. 

Sodium chloride, either applied directly to roadways or as a 23.3% brine, is the only road 

deicer applied to roadways within our study area (Angelo Pampina, PennDOT, personal 

communication, 2014). The drainage system of the reach of I-376 perpendicular to the study 

transect appears to be comprised of primarily surface storm drain inlets (Figure 3-2a), and thus 

most surface water from the roadway does not reach study transect soils (Figure 3-2b).
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Figure 3-1. Map of the Nine Mile Run watershed which drains 17.4 km2 of eastern Pittsburgh, and major roads 

contained within the watershed. Additionally, impervious (urban) and vegetated surfaces are shown (Homer et 

al., 2004). Inset (a) provides hillshaded LiDAR terrain (1 m resolution) (PAMAP Program PA Department of 

Conservation and Natural Resources Bureau of Topographic and Geologic Survey, 2006) and details the roadside 

lysimeter sampling transect, its orientation relative to I-376 (Allegheny County Division of Computer Services 

Geographic Information Systems Group, 2006) and Nine Mile Run, and locations of soil water sampling nests. 
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Figure 3-2. In panel a, the red dots indicate the location of storm drain inlets located along the reach of I-376 

near the study transect (purple dots). The dashed purple box highlights the portion of Nine Mile Run where 

numerous sewer out falls are located. Panel b shows surface water flow paths within the dashed yellow box in 

panel a derived from a 1 meter LiDAR DEM (PAMAP Program PA Department of Conservation and Natural 

Resources Bureau of Topographic and Geologic Survey, 2006). 
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Figure 3-3. Elevation profile of the sampling transect,(PAMAP Program PA Department of Conservation and 

Natural Resources Bureau of Topographic and Geologic Survey, 2006) and approximate soil thickness of the 

hillslope (a). The relatively thicker soils at the top and mid slope nests likely reflect hillslope cutting and 

subsequent filling during the roadbed grading for I-376. Panel b provides a conceptual model summarizing the 

multiple hillslope soil water flow paths and how they affect hillslope sodium transport. The numbers and colors 

indicate the relative timing of the flowpaths. 

 

 

Figure 3-4. Detail of a soil moisture sampler nest (a) and soil moisture array (b) 
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Table 3-1. Depths of equipment installation, and the distance of soil moisture arrays and lysimeter nests from 

the edge of the highway. 

Depth (cm) Distance From Road (m) Depth (cm) Distance From Road (m) 
Top-Slope Lysimeter Nest Mid-Slope Soil Moisture Probe Array 

14 8.24 21 11.9 
39 8.24 41 11.9 
61 8.24 65 11.9 
83 8.24 Bottom-Slope Moisture Probe Array 

Mid-Slope Lysimeter Nest 20 24.4 
19 15.3 40 24.4 
28 15.3 62.5 24.4 
49 15.3   
80 15.3   

Bottom-Slope Lysimeter Nest   
19 24.4   
28 24.4   
53 24.4   
74 24.4   

 

3.2.2 Equipment Installation 

The sampling transect, consisting of three porous cup suction lysimeter “nests” (Figure 

3-3, Figure 3-4a), and two soil moisture monitoring “arrays” (Figure 3-4b) was installed during 

July and August of 2013. Each nest contains four soil water samplers (suction cup lysimeters, 

Soil Moisture Corp), which sample soil water at roughly 20, 40, 60, and 80 cm depths along a hill 

slope perpendicular to I-376 (Table 3-1). Similarly, each array (HOBO U30 data logger; Onset S-

SMC-M005 Soil Moisture Sampler) measures soil moisture at roughly 20, 40, and 60 cm depths 

(Table 3-1). Prior to installation, suction cup lysimeters were soaked for 24 hours in 1 N HCl and 

rinsed three times with 18 mΩ water to clean potential adsorption sites in the ceramic cups 
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(Grover and Lamborn, 1970). 

Soil water samplers (suction cup lysimeters, Soil Moisture Corp) were installed in July 

and August of 2013. The location of the sampling transect was selected due to the ease of 

access to I-376, and the proximity to the continued examination of biogeochemical processes in 

the Nine Mile Run watershed. Bore holes were created with a 2 inch bucket auger. During 

installation, soil samples were collected from excavated material in 10 – 20 cm increments. 

Excavated material was stored and used as backfill in the order that it was removed. Material 

from the bottom of the bore hole was sieved to 2 mm and backfilled to ensure adequate 

hydraulic conductivity between the ceramic cup and soil. Lysimeters were given approximately 

two months to equilibrate with local soil. During this period, soil solution samples were drawn 

and discarded every other week, to flush ceramic cups. After all lysimeters were “flushed” at 

least three times, samples were analyzed for metal chemistry. 

Soil moisture arrays (HOBO U30 data logger; Onset S-SMC-M005 Soil Moisture Sampler) 

were installed in a similar manner. Bore holes were created with a 4 inch bucket auger, and 

moisture probes were inserted perpendicularly to the borehole wall at 20, 40, and 60 cm depth 

increments. Prior to installation, the functionality of soil moisture sensors was ensured by 

measuring air and 18 mΩ water (Onset, 2014). Smart sensor adapters (Figure S4b, arrows), 

were sealed with marine epoxy to ensure they were waterproof. Data loggers were housed in 

modified dry boxes (Underwater Kinetics 309 Dry Box), which were filled with silica desiccant 

pouches. 

To protect against elemental damage (e.g., UV damage to plastic tubing) and vandalism, 

the above ground portions of suction cup lysimeters were housed in 4 inch PVC pipe (Figure 
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3-4a) (Crabtree and Seaman, 2006). Likewise, soil moisture data loggers were housed in 

irrigation boxes (Figure 3-4b). 

3.2.3 Sample Collection 

To characterize the chemistry of the local soil, soil samples were collected at roughly 10 

cm depth increments during lysimeter installation. Likewise, samples of bedrock collected from 

the bottom of the soil auger hole (n = 10) were collected during soil moisture probe installation 

to characterize the chemical composition of local parent material. PennDOT road salt samples 

(n = 2) were collected from a PennDOT District 11 stockpile in Pittsburgh, PA. Soil water 

samples (n = 124), were collected approximately monthly between Oct 2013 and Nov 2014. In 

some cases (during frozen or dry periods) water was not present during collection. Soil water 

samples were stored in 60-mL HDPE bottles, acidified with nitric acid, and refrigerated. 

Sampling frequency during the salting season (i.e., November – April) was controlled by the 

occurrence of thaw events. Thus, soil water samples during this time period capture the 

flushing of soil exchange sites via road runoff, as thaw events produce pulses of high TDS 

meltwaters which can infiltrate roadside soils (Fay and Shi, 2012). 

3.2.4 Laboratory Analysis 

Soil samples, collected during equipment installation, were dried at 50 °C for 48 hours, 

divided, and a portion powdered in a ball mill (tungsten carbide). Soil fine particle grain size 

(0.75 – 995.6 µm) distribution was measured in non-powdered samples using a laser particle 
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counter (Microtrac S3500). Calculated surface (CS) of the non-powdered samples was 

determined using the Microtrac FLEX software (Plantz, 2009). Soil organic matter was measured 

via LOI (Loss On Ignition), determined by combusting the dried sample in a muffle furnace at 

550 °C for 4 hours. Parent material samples (powdered in a ball mill) and PennDOT road salt 

samples were totally digested in aqua regia (3:1, vol/vol, concentrated, sub-boil distilled 

hydrochloric and nitric acid) to determine total metal concentrations. Sorbed and exchangeable 

metal concentrations in soil samples were measured using a weak acid extraction (10% nitric 

acid). Soil water samples were analyzed for cation (Ca2+, K+, Li+, Mg2+, Na+, Rb+, Si4+, Sr2+) 

concentrations (Perkin-Elmer Nexion ICP-MS) and Cl- concentrations (Dionex ICS2000 Ion 

chromatograph). One improbable soil water chloride concentration data point was identified 

and removed, because it could not be checked as all remaining sample had been acidified. 

Cation source provenance was determined via mixing model analysis (Faure and Mensing, 

2005). In mixing model analysis, elemental ratios are compared amongst collected samples and 

endmembers to evaluate the influence of endmembers on observed water and soil chemistry.  

The influence of subsurface flowpaths on soil water sodium concentration patterns was 

determined by comparing soil water silicon and sodium concentrations. Specifically, ground 

waters contain relatively increased silicon concentrations, due to increased contact time 

between waters and geologic materials. Thus soil water silicon concentrations are used as a 

proxy for the contribution of groundwater to the samples (Uhlenbrook et al., 2000; Uchida et 

al., 2003; Rodgers et al., 2004). 
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3.2.5 Soil Moisture and Precipitation Event Analysis 

Precipitation amounts (mm) were measured at 15 minute intervals at rain gages located 

5.35 and 4.50 km from the sampling transect (Three Rivers Wet Weather, 2014) (Figure 3-1). 

Precipitation data from the “University of Pittsburgh” rain gage was primarily used, however 

between 26 November 2013 and 5 December 2013 the “University of Pittsburgh” rain gage 

appeared to be malfunctioning, thus precipitation data from the “Churchill” gage was used to 

fill the data gap. Air temperature (°C) was logged at hourly intervals at the Allegheny County 

Airport, located 8.64 km from the sampling transect (NOAA National Climatic Data Center, 

2014). The salting season was defined as beginning on the first day the overnight air temperate 

remained below 0°C for at least 8 hours and ending on the last day the overnight air temperate 

remained below 0°C for at least 8 hours. The growing season was defined as the period 

between the first and last hard frosts (i.e., 4 consecutive hours where the air temperature is 

below −3.89°C). Soil moisture content was logged in 5 minute intervals. However, at several 

points the soil moisture record is not continuous for various reasons (e.g., cold temperatures 

draining the data logger batteries). Relative saturation (Ɵrel, in %) was determined by 

normalizing the average daily soil moisture value for the day of sample collection by the 

maximum soil moisture value recorded for each probe over the entire sampling period (1). 

SMCmax ÷ S�M� C�daily         (1) 

Discreet precipitation events were determined with the hydromad R package (Andrews 

et al., 2011), and classified using natural breaks analysis into low, medium, and high 

precipitation volume events. The change in soil water storage (ΔSWS) was defined as the 
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change in soil moisture content during a storm event multiplied by the depth of the soil 

moisture sensor (2), and used to determine the influence of precipitation events on soil 

moisture status (Zhu et al., 2014). 

∆SWSS1 = (ƟS1max − ƟS1ant) x h1 

∆SWSS2 = [(ƟS2max − ƟS2ant) x h2] + ∆SWSS1      (2) 

∆SWSS3 = [(ƟS3max − ƟS3ant) x h3] + ∆SWSS2 

Additionally, the lag in soil moisture response to precipitation events (tlag) was 

determined by comparing the timing of precipitation events and periods of elevated soil 

moisture content (Figure 3-6). The duration of elevated soil moisture (tdur), determined by the 

hydromad R package, was defined as the difference between the time when the instantaneous 

slope of the soil moisture content changed by 10% or more, and the time when changes in the 

instantaneous slope of the soil moisture content were less than 10%. Soil moisture events that 

preceded the start of precipitation events by 15 minutes (i.e., tlag = -15 min) were assumed to 

result from the difference in soil moisture and precipitation data logging intervals (5 and 15 

 

Figure 3-5. Determination of the thickness (h) of soil each probe is considered to represent. 
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minutes respectively) and set equal to zero.  

Storms events began when measured precipitation exceeded 0.1 mm. Two hours was 

selected as the minimum amount of time between separate storm events, if any more 

precipitation events occurred within this 2 hour gap they were summed into the surrounding 

event. Similarly, a 2 hour buffer was attached to the end of each storm event, and if any 

subsequent events intersected this buffer, they were merged into the preceding event.  

The duration of each soil moisture event was determined by the hydromad package. 

 

Figure 3-6. Example of a storm event, the subsequent soil moisture response to the storm event (circled), and 

the soil moisture metrics measured during each storm event. The change in soil moisture content (SMC, or ΔƟ) 

was determined by subtracting the antecedent soil moisture from the maximum soil moisture content recorded 

during the storm event. 
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Specifically, events began when the instantaneous slope of the soil moisture content changed 

by 10% or more, and events ended when changes in the instantaneous slope of the soil 

moisture content were less than 10%. The difference between these two times was defined as 

the duration of elevated soil moisture (tdur). 

3.3 RESULTS 

3.3.1 Soil Physical Characteristics 

In general, soils collected from the mid-slope station have the highest organic matter 

content, and soils from the bottom slope station have the lowest organic matter content 

(Figure 3-7a). Soil organic matter content spikes at approximately 30 cm depth in the mid-slope 

soils, however this spike is largely absent in top and bottom slope soils. Soil particle calculated 

 

Figure 3-7. Soil organic matter (LOI) (a) and soil particle calculated surface (CS) (b) versus depth. Calculated 

surface was not measured in some samples because these samples were completely powdered in preparation 

for trace metal analysis. 
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surface (CS) also is the highest, in general, at the mid slope nest (Figure 3-7b). 

3.3.2 Soil Moisture Response to Precipitation Events 

During the period of record there were a total of 184 precipitation events, which were 

classified into low (0.10-0.76 mm, n = 46), medium (0.76-10.2 mm, n = 95), and high (10.2-57.4 

mm, n = 38) precipitation events. Of these events, 27 occurred during subzero air 

temperatures, and were thus considered to be primarily snowfall events. Soil moisture events 

detected decreased with sensor depth, with the maximum number of soil moisture events (59) 

occurring in the shallow (21 cm depth) mid-slope soil soils (Table 3-2). Of the 38 soil moisture 

events observed in the 65 cm depth mid-slope soils, four events occurred without associated 

events in shallower, overlying soil layers. At the bottom slope soil moisture probe array, 41 soil 

moisture events were detected at both 20 and 40 cm depths (Table 3-2). The 62.5 cm depth 

bottom slope soil moisture probe malfunctioned throughout the sampling period. 

Table 3-2. Summary of soil moisture response to storm events. 

Depth 
(cm) Events 

Mean 
tlag 

(min) 

Min 
tlag 

(min) 

Med 
tlag 

(min) 

Max 
tlag 

(min) 

Mean 
tdur 

(min) 

Min 
tdur 

(min) 

Med 
tdur 

(min) 

Max 
tdur 

(min) 
ΔSWS>P ΔSWS<P 

Mid-Slope Moisture Probe Array 
21 59 486 -90 165 3915 231 135 210 735 21 38 
41 42 417 -30 188 4020 235 135 195 495 14 28 
65 39 900 -150 360 7335 212 150 195 450 24 15 

Bottom-Slope Soil Moisture Probe Array 
20 42 236 -300 120 1770 294 135 255 660 3 39 
40 42 421 -150 217 2490 249 135 195 675 19 23 

62.5* N/A N/A N/A N/A N/A N/A N/A N/A N/A N/A N/A 
*data from this probe was not included in analysis due to equipment malfunction 
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Figure 3-8. Soil sodium concentrations versus depth for the top (boxes), mid (triangles), and bottom (circles) 

slope stations. The dashed line is the average sodium concentration in parent material samples. 

In general, periods of elevated soil moisture in the mid-slope soils persist the longest at 

41 cm depth, and the shortest at 65 cm depth (Table 3-2). This relationship (i.e., the duration of 

wet periods decreasing with soil depth) is also observed in the bottom slope soils, as the 

average duration of soil moisture events is the longest at 20 cm depth (Table 3-2). During soil 

moisture events at all stations, precipitation inputs exceed soil water storage (SWS) in the 

shallow and mid depth soils (Table 3-2). However, in the deep (65 cm depth) mid-slope soils 

SWS exceeds precipitation inputs (Table 3-2). 

3.3.3 Sodium and Chloride Concentration Patterns 

Because sodium chloride is the only road deicer applied to roadways within our study 

area (Angelo Pampina, PennDOT, personal communication, 2014), we expect soil sodium (Na) 
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Figure 3-9. Measured soil water sodium and chloride concentrations in the top slope nest (a, b, respectively), 

mid slope nest (c, d, respectively), and bottom slope nest (e, f, respectively) over the one year sampling period. 

In all panels the color of the shape distinguishes the sampling depth. Shaded boxes designate the period when 

road salt is applied to roadways. 

concentrations to be elevated by road deicing. In our samples, weakly extracted soil Na 

concentrations are highest in soils collected from the top slope station (Figure 3-8). Soil Na 

concentrations (weak extract) decrease with distance from the roadway (i.e., downslope), 
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approaching values observed in sampled parent materials (Figure 3-8 dashed line). 

Furthermore, at all sampling stations, weakly extracted Na concentrations peak at 

approximately 35 – 50 cm in depth, and decrease in deeper soils. While this pattern is apparent 

in the soil depth profile of each station, the maximum concentration decreases with increasing 

distance from the roadside (Figure 3-8).  

Distance from the roadside also influences the timing of soil water Na+ and Cl- 

concentration maximums, as Na+ and Cl- concentrations in sampled soil waters peak at different 

times throughout the year relative to the location of the sampling nest. Soil water Na+ and Cl- 

concentration maximums are associated with relative soil water saturation (r2 = 0.44 and 0.21, 

respectively), specifically, both soil water Na+ and Cl- concentrations increase with increasing 

relative soil water saturation. In particular, the earliest soil water Na+ and Cl- concentration 

maximums occur in the top nest soil waters in late February/early March in the intermediate 

depth (39 and 61 cm depth) lysimeters (Figure 3-9a & b). 

The seasonal trend in soil water Na+ and Cl- concentrations at the top nest station is 

generally independent of sampling depth, however at the mid-slope nest shallow soil water Na+ 

and Cl- concentrations display seasonality whereas and deep soil water Na+ and  Cl- 

concentrations do not. In particular, soil water Na+ and Cl- concentrations peak only in the 

deeper soil waters (49 and 80 cm depth) of the mid-slope nest. Additionally, Na+ and Cl- 

concentrations in the two deepest lysimeters are noticeably higher than the two shallowest 

lysimeters (Figure 3-9c & d). Furthermore, the peak in soil water Na+ and Cl- concentrations at 

the mid-slope nest (early May) lags the peak in soil water Na+ and Cl- concentrations at the top 

slope nest (early March) by roughly two months. 
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Figure 3-10. Soil calcium (a), magnesium (b), and potassium (c) concentrations versus depth for the top (boxes), 

mid (triangles), and bottom (circles) slope stations. The dashed line or arrow designates the average respective 

elemental concentration in parent material samples. 
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Similar to the lag in the timing of peak soil water Na+ and Cl- concentrations between 

the top and middle nests, the bottom nest lags the middle nest. However, there is also an  

additional lag between the timing of soil water Na+ and Cl- peaks in the shallow (19 and 28 cm) 

and deep (53 and 74 cm) soil waters (Figure 3-9e & f). Specifically, Na+ and Cl- concentrations in 

soil waters collected from the 53 and 74 cm depths both increase in early May (Figure 3-9e & f), 

whereas Na+ and Cl- concentrations in the shallow soil waters generally peak in early August 

(Figure 3-9e & f). 

3.3.4 Soil Major Cation Concentration Patterns  

Unlike weakly extracted soil Na concentrations, soil calcium (Ca), magnesium (Mg), and 

potassium (K) concentrations do not appear to be related to the distance from the roadway. In 

particular, soil samples from the mid-slope nest generally have the highest Ca, Mg, and K 

concentrations (Figure 3-10). However, deeper (i.e., > 35 cm depth) top slope soils are relatively 

enriched with Ca and Mg in comparison to deeper bottom slope soils (Figure 3-10a). 

Specifically, Ca concentrations decrease with sampling depth, and approach values typical of 

sampled parent material in the deeper bottom slope samples. However, soil magnesium (Mg) 

(Figure 3-10b), or potassium (K) (Figure 3-10c) concentrations are not enriched in comparison 

to parent material values. Instead, soil Mg and K concentrations appear to be roughly an order 

of magnitude lower than values observed in local parent materials. 

While weakly extracted Ca, Mg, and K concentrations in soil samples are poorly, or not 

at all related to Na concentrations (r2 = 0.002, 0.12, and 0.07, respectively), Ca2+ and Mg2+   
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Figure 3-11. Soil water calcium (a), magnesium (b), and potassium (c) concentrations versus soil water sodium 

concentrations. Samples collected from the top slope nest are indicated by black squares, mid slope nest by red 

triangles, and bottom slope nest by light grey circles. The dashed lines (a,b) highlight the different trend lines 

which appear to be driven by distance from the roadside. Samples within the red circle in panel c are shallow 

samples from all nests in the transect (i.e., < 20 cm depth at the top and bottom slope stations and < 30 cm 

depth at the mid-slope station). 
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Figure 3-12. Soil water potassium concentrations versus soil water sodium concentrations in soil water samples 

collected from > 20 cm depth at the top and bottom slope stations, and > 30 cm depth at the mid slope station. 

Samples collected from the top slope nest are indicated by squares, mid slope nest by triangles, and bottom 

slope nest by circles. 

concentrations are related to Na+ concentrations in sampled soil water (r2 = 0.65 and 0.46 

respectively) (Figure 3-11a &b). Although both Ca2+ and Mg2+ concentrations increase with 

increasing Na+ concentrations, the process driving this relationship seems to vary among the 

stations. In particular, the majority of top slope soil waters are relatively enriched with Na+ in 

comparison to Ca2+ and Mg2+ (Figure 3-11a &b, dashed lines). However, at all lysimeter nests, 

only deeper (i.e., > 20 cm depth at the top and bottom slope stations and >30 cm depth at the 

mid-slope station) soil water K+ concentrations appear to relate to soil water Na+ 

concentrations (Figure 3-12, r2 = 0.62). Conversely, shallow (i.e., < 20 cm depth at the top and 

bottom slope stations and < 30 cm depth at the mid-slope station) soil water K+ concentrations 

are more weakly related (r2 = 0.14) to soil water Na+ concentrations (Figure 3-11c, circled). 

Soil water Ca2+, and Mg2+ concentrations follow seasonal patterns similar to Na+ and Cl-. 

Specifically, the timing of soil water Ca2+ and Mg2+ concentration maximums (Figure 3-13) occur 
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Figure 3-13. Measured soil water calcium, magnesium, and potassium concentrations in the top slope nest (a, b, 

c, respectively), mid slope nest (d, e, f, respectively), and bottom slope nest (g, h, i, respectively) over the one 

year sampling period. In all panels the color of the shape distinguishes the sampling depth. Shaded boxes 

designate the period when road salt is applied to roadways, and in panels c, f, and i dashed vertical lines indicate 

the end and beginning of the growing season. 

at the same time as soil water Na and Cl- (Figure 3-9) concentration maximums. Also, the 

highest Ca2+ and Mg2+ concentrations occur in top slope soil waters during late February and 

early March (Figure 3-13a & b). Furthermore, peaks in soil water Ca2+ and Mg2+ concentrations 

only occur in deeper mid-slope soil waters, and no seasonal trend is present in shallow mid-

slope soil water Ca2+ and Mg2+ concentrations (Figure 3-13d & e). Similarly, peaks in shallow 

bottom slope soil water Ca2+ and Mg2+ concentrations lag peaks in deeper bottom slope soil 

water Ca2+ and Mg2+ concentrations (Figure 3-13g & h). 
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The timing of soil water K+ concentration maximums also generally mimic the timing of 

soil water Na+ and Cl- concentration maximums. However, several discrepancies exist between 

seasonal patterns in soil water K+ concentrations and seasonal patterns in soil water Na+ and Cl- 

concentrations. Firstly, there is a second increase in shallow (i.e., 14 cm depth) top slope soil 

water K+ concentrations, that is not present in other elements (Figure 3-13a-c). Furthermore, 

while in general at the top slope nest, the lowest Na+ (Figure 3-9a), Cl- (Figure 3-9b), Ca2+ (Figure 

3-13a), and Mg2+ (Figure 3-13b), concentrations occur in shallow soil waters, these same waters 

have the highest K+ concentrations (Figure 3-13c). Additionally, although no seasonal trend 

exists in Na+ (Figure 3-9c), Cl- (Figure 3-9d), Ca2+ (Figure 3-13d), and Mg2+ (Figure 3-13e) 

concentrations in the shallowest (i.e., 19 and 20 cm depth) sampled mid-slope soil waters, K+ 

concentrations exhibit a seasonal pattern in all sampled mid-slope soil waters (Figure 3-13f). 

Lastly, K+ concentrations in shallow (i.e., 19 cm depth) bottom slope soil waters are noticeably 

higher that K+ concentrations in soil water samples collected from other depths (Figure 3-13i), 

unlike Na+ (Figure 3-9c), Cl- (Figure 3-9d), Ca2+ (Figure 3-13d), and Mg2+ (Figure 3-13e) 

concentrations in these sampled soil waters. 

3.4 DISCUSSION 

3.4.1 Soil Moisture Response Suggests Multiple Flowpaths 

The discrepancies in soil moisture response to storm events suggest that multiple soil 

flowpaths interact with mid hillslope soils. Specifically, and as expected, most (n = 59) soil 
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moisture events occur in the shallow (21 cm depth) mid-slope soils, suggesting these soils are 

most affected by infiltration from precipitation events. Moreover, precipitation inputs exceed 

the change in soil water storage (ΔSWS) in 64 % of the observed soil moisture events in these 

soils. However, while precipitation inputs also exceed ΔSWS in 64 % of the observed soil 

moisture events in intermediate depth mid-slope soils, four times during the period of our 

observations, soil moisture in intermediate (41 cm) mid-slope soils rises without an associated 

precipitation event, or an associated soil moisture event in shallow soils. Furthermore, the 

shortest average lag time between the beginning of a precipitation event and the beginning of a 

soil moisture event in intermediate depth (41 cm) mid-slope soils (417 min) is smaller than the 

average lag time (486 min) in shallow mid-slope soils (Table 3-2), suggesting intermediate depth 

mid-slope soils receive a relatively more rapid input of water than shallow mid-slope soils. 

These discrepancies in soil moisture wetting up sequence suggest multiple soil water flowpaths 

interact with mid-slope soils at different depths. 

Shallow (20 cm) and intermediate (40 cm) bottom hillslope soils also appear to receive 

water inputs predominately from precipitation, illustrated by the shorter average lag times (236 

and 421 min, respectively) at these depths relative to other depths, and the percentage of 

times that precipitation inputs exceed ΔSWS in observed soil moisture events (93 and 55 %, 

respectively) (Table 3-2). However, unlike shallow and intermediate depth mid-slope soils, 

shallow and intermediate depth bottom slope soils only react to medium and high volume 

precipitation events. This discrepancy could result from the relatively denser canopy cover at 

the bottom slope station, which would intercept low magnitude precipitation inputs (Helvey 

and Patric, 1965; Xiao et al., 2000). This inconsistency could also be caused by nearby 
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Figure 3-14. Soil water sodium concentrations normalized with soil water rubidium concentrations for all nests 

(a), top slope nest (b), mid slope nest (c), and bottom slope nest (d). In panel a top slope nest samples are 

represented by boxes, mid slope nest samples are represented by triangles, and bottom slope nest are 

represented by circles. In panels b-d the color of the shape distinguishes the sampling depth. Samples with 

relatively higher Na/Rb ratios plot towards values measured in PennDOT road salt samples, whereas samples 

with relatively lower Na/Rb ratios plot towards values measured in precipitation samples previously collected 

within the catchment. 

impervious roadway surfaces discharging precipitation inputs to near-road soils (Dunne and 

Leopold, 1978), thereby augmenting low volume precipitation event inputs to mid-slope soils. 
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3.4.2 Sodium and Chloride Concentrations Provide Evidence for Multiple Flowpaths 

The relatively elevated Na concentrations we observe in near-road soils is not surprising, 

as the application of road deicers (i.e., NaCl), should enrich near-road soils with Na (Blomqvist 

and Johansson, 1999; Buttle and Labadia, 1999). Mixing model analysis suggests that near-road 

soil solutions (i.e., top slope nest), and by extension, near-road soils, are more likely influenced 

from the dissolution of road-salt (Figure 3-14b). The spike in soil Na concentrations (Figure 3-8) 

appears to be somewhat associated (r2 = 0.23) with an increase in sediment surface area, and 

thus exchange capacity (Essington, 2004), as soils at this depth (50-55 cm) have relatively higher 

CS (Figure 3-7b). However, this relationship may also result from Na+ being transported to 

depth via subsurface flowpaths. 

Temporal and depth patterns in soil water Na+ and Cl- concentrations suggest 

subsurface flowpaths to near-road soils influence Na+ and Cl- dynamics. In particular, at the top 

slope lysimeter nest, soil water Na+ and Cl- concentrations in the deeper lysimeters (i.e., 39, 61, 

and 83 cm) reach maximum values before the shallowest lysimeter (Figure 3-9a & b), indicating 

that high TDS waters interact with deeper soils first. Conceptually, high TDS runoff from the 

highway is expected to enter the soil column via infiltration (Labadia and Buttle, 1996), thus 

producing a peak in soil water Na+ concentrations in the shallowest lysimeter first. Therefore, 

the infiltration of a solute front from the top of the soil is not the only, or even the primary 

process transporting Na+ and Cl- to deeper roadside soils. Instead, Na+ and Cl- may be 

transported to these depths via lateral flow originating from leaking highway stormwater 

infrastructure and the locally dominant horizontal bedrock layers. However, as Na+ 
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Figure 3-15. Soil water sodium concentrations versus soil water silicon concentrations. Samples collected from 

the top slope nest are indicated by squares, mid slope nest by triangles, and bottom slope nest by circles. The 

alpha numerical label in the bottom right of each panel designates the lysimeter nest and sampling depth (e.g., 

T14 is the top slope nest and the 14 cm soil water sampler). 

concentrations are poorly related (r2 < 0.09) to silicon (Si4+) concentration in top slope soil 

water samples (Figure 3-15a, d, g, & j), it is unlikely that groundwater flow is the source of this 
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lateral flow (Uhlenbrook et al., 2000; Uchida et al., 2003; Rodgers et al., 2004). 

As deicers melt snow and ice on the roadway, high TDS meltwaters are typically routed 

to drainage infrastructure located along the shoulder of the roadway. Specifically, the road 

length adjacent to our study transect is outfitted with road drains (Figure 3-2a), and thus 

highway runoff does not appear to be discharged to near-road soils (Figure 3-2b). Given this 

portion of I-376 was opened in 1953 (Pennsylvania. Dept. of Highways United States. Bureau of 

Public Roads, 1953), it is probable that the aging road drains are leaking (Ellis et al., 2004). 

Exfiltration from storm water infrastructure has been shown to recharge local groundwater, 

thus affecting groundwater chemistry (Lerner, 1986; Bhaskar and Welty, 2012). Likewise, 

leaking drainage infrastructure can impact Na+ and Cl- loadings in urban catchments (Cooper et 

al., 2014). Therefore the relatively early peak of soil water Na+ and Cl- concentrations in the 

deeper top slope lysimeters could result from Na+ and Cl- inputs via leaking roadway drainage 

networks. Additionally, the increase of soil water Na+ and  Cl- concentrations with depth in 

these lysimeters (Figure 3-9a & b) is consistent with Na+ and Cl- accumulation in groundwater 

(Ostendorf et al., 2001; Godwin et al., 2003; Cunningham et al., 2008; Kelly et al., 2008; Cooper 

et al., 2014). 

The accumulation of Na+ and Cl- in soil water can affect the duration and timing of 

relatively high Na+ and Cl- loadings to roadside soils. In particular, Na loadings to soils persist 

beyond the period when deicers are applied to roadways (Ostendorf et al., 2001; Godwin et al., 

2003; Cunningham et al., 2008; Kelly et al., 2008; Cooper et al., 2014). In our samples, the 

distance from the roadside affects when soil water Na+ concentrations reach a maximum value , 

suggesting that Na moves relatively slowly through roadside soils throughout the non-salting 



 66 

period. Specifically, while top slope soil water Na+ and Cl- concentration maximums occur 

within a month after the cessation of road deicing (Figure 3-9a & b), soil water Na+ and Cl- 

concentration maximums at the mid (Figure 3-9c & d) and bottom (Figure 3-9e & f) hillslope 

stations occur later in the year. 

While the onset of elevated soil water Na+ and Cl- concentrations at the mid-slope nest 

generally lag peaks at the top slope nest by approximately two months (Figure 3-9a – d), 

elevated Na+ and Cl- concentrations are only observed in the deeper soil waters. This 

discrepancy could result as a consequence of the Na+ and Cl- delivery mechanism. Mixing model 

analysis suggests that Na+ in deeper mid-slope soil waters is influenced by road deicers, 

whereas Na+ in shallow mid-slope soil waters is influenced by precipitation inputs (Figure 

3-14c). Furthermore, in 49 and 80 cm mid-slope soil water samples, Na+ concentrations are 

strongly related to Si4+ concentrations (r2 = 0.71 & 0.75, respectively) (Figure 3-15h & k). Thus, 

Na+ and Cl- in mid-slope soil solutions appear to be primarily input to soils via subsurface flow. 

This discrepancy could result from a relatively impermeable clay-rich layer indicated by the 

increased CS values measured at approximately 40 cm depth at the mid-slope station (Figure 

3-7b). Such a layer would reduce hydrologic communication between shallow and deep soils 

and prevent the input of deeper, road salt impacted waters to shallow soils. Yet, this layer alone 

would not explain the relatively low soil water Na+ concentrations observed in mid-slope soil 

waters, as relatively Na-rich highway runoff could still interact with shallow mid-slope soils via 

overland flow and infiltration. However, it is likely saturated overland flow from the road does 

not reach this position on the hill slope. Therefore, these shallow soil waters in the mid-slope 

nest would only be affected by precipitation. 
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Similar relationships between soil water Na+ concentrations and sampling depth are not 

observed in bottom slope soil water Na+ concentrations. Specifically, the magnitude of soil 

water Na+ concentrations do not correspond simply with increasing or decreasing sampling 

depth (Figure 3c), instead, it appears that distinct sources of water interact with shallow (i.e., 

19 cm) and deeper (i.e., 28, 53, and 74 cm) depth bottom slope soils. The flowpath that supplies 

Na+ to 28, 53, and 74 cm depth bottom slope soils is likely longer, slower water flowpaths, given 

the relationship between soil water Na+ and Si4+ concentrations (r2 = 0.73, 0.50 & 0.26, 

respectively, Figure 7f, i, & l). Furthermore, the relatively enriched Na+ concentrations observed 

in 28 cm depth soil solutions (Figure 3-9e), could result from Na+ being transported from depth, 

and adsorbed by the relatively increased exchange capacity observed at approximately 30 cm 

depth (Figure 3-7b). Conversely, Na+ concentrations in 19 cm depth bottom slope soil solutions 

appear to be influenced by local precipitation (Figure 3-14d), suggesting that these soils are 

primarily influenced by infiltration of precipitation waters, particularly given the weak 

relationship (r2 = 0.08) between Na+ and Si4+ concentrations (Figure 3-15c). Thus it is possible 

the delivery of Na+ to shallow bottom slope soils is dependent upon precipitation physically 

transporting Na downslope, though somewhat unlikely given observations at the mid-slope. 

3.4.3 Major Cation Dynamics 

In general, the timing of soil water Ca2+ and Mg2+ concentration maximums (Figure 3-13) 

mirror the occurrence of soil water Na+ concentration maximums (Figure 3-9). This relationship 

is unsurprising, as increased Na loadings are known to mobilize soil Ca and Mg via cation  



 68 

 

Figure 3-16. Soil water calcium (a), magnesium (b), and potassium (c) concentrations compared to soil water 

molar Na/Cl ratios. In all panels top slope nest samples are represented by boxes, mid slope nest samples are 

represented by triangles, and bottom slope nest are represented by circles. In panel c only soil water samples 

collected from > 20 cm depth at the top and bottom slope stations, and > 30 cm depth at the mid slope station 

are considered. The exponential relationship suggests that increased soil water calcium, magnesium, and 

potassium concentrations result from exchange reactions with sodium. 
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exchange reactions (Davidson, 1971; Shanley, 1994; Mason et al., 1999; Norrström and 

Bergstedt, 2001). This mobilization via exchange reactions is further suggested by comparing 

soil water Ca2+ and Mg2+ molar concentrations to soil water Na/Cl molar ratios. As soil water 

Na/Cl molar ratios decrease towards a value of 1, the ratio of Na+ to Cl- in halite, soil water Ca2+ 

and Mg2+ concentrations rise exponentially (Figure 3-16a & b), further suggesting that soil Ca 

and Mg pools are mobilized via interactions with Na-rich waters. 

The higher Ca2+ and Mg2+ concentrations observed in the deeper (i.e., 53 and 74 cm 

depth) top slope (Figure 3-13a & b) and mid-slope (Figure 3-13d & e) soil waters suggests that 

both Ca2+ and Mg2+ are mobilized to depth. However, top and mid-slope soils appear to be 

relatively enriched with Ca, but not Mg (Figure 3-10a & b). Thus it is likely that Ca2+ inputs via 

weathering of concrete road materials (Bain et al., 2012; Rossi et al., 2015) offset Ca2+  

 

Figure 3-17. Soil calcium (a) and magnesium (b) concentrations normalized with soil strontium concentrations. In 

both panels top slope nest samples are represented by boxes, mid slope nest samples are represented by 

triangles, and bottom slope nest samples are represented by circles. The square represents values typical of 

cement (Idriss et al., 2009), and the diamonds represent average values of collected leaves and leaf litter. The 

color of each symbol represents sampling depth. Circled samples are influenced by an unknown endmember, 

possibly local ground water. 
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mobilization via high TDS waters. 

Elemental mixing models demonstrate that concrete is a significant source endmember 

of shallow soil Ca (Figure 3-17a), but not a dominant source of soil Mg (Figure 3-17b), 

confirming the influence of concrete weathering inputs on soil Ca pools. Furthermore, mixing 

analysis suggests that deeper (> 44 cm) bottom slope soils are influenced by an additional 

source, possibly local groundwater (Figure 3-17, circled). As this study did not collect 

groundwater samples from the small perched aquifers characteristic of the area (Kozar et al., 

2012), this influence cannot currently be confirmed. 

Unlike top and mid-slope soil waters, Ca2+ and Mg2+ do not have a clear relationship 

with sampling depth in bottom slope soil solutions (Figure 3-13g & h). The wetting profile of 

these soils (i.e., top down) is expected to transport Ca2+ and Mg2+ to depth. The absence of 

increasing concentrations with depth may reflect the influence of other flowpaths interacting  

 

Figure 3-18. Soil water potassium concentrations normalized with soil water lithium concentrations for shallow 

soil waters. The color of the shape distinguishes the sampling depth. The grey diamond represents the average 

value measured in PennDOT road salt samples, the brown diamond represents the average value of collected 

leaf litter samples, and the arrow designates the average value of collected precipitation samples. 
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with bottom slope soils. As deeper (>19 cm depth) bottom slope soil waters appear to interact 

with ground waters (Figure 3-15f, i, & l), it is possible localized ground water discharges 

transport Ca2+ and Mg2+ upwards, obscuring concentration patterns with depth. Likewise, 19 cm 

deep bottom slope soil waters appear to be more affected by precipitation inputs (Figure 3-15c, 

Table 3-2). 

The decomposition of vegetation appears to influence patterns in soil water K+ 

concentrations. Specifically, mixing model analysis suggests shallow soil water K+ 

concentrations are primarily influenced by vegetative litter and precipitation (Figure 3-18). 

Additionally, shallow bottom slope soil water K+ concentrations begin to increase approximately 

60 days after the end of the growing season (Figure 3-13i), which coincides with when other 

studies have observed major K losses from leaf litter (Blair, 1988). Moreover, the seasonal trend 

observed in shallow mid-slope soil water K+ concentrations possibly results from K release from 

litter decomposition (Blair, 1988), or K leaching via the forest canopy (Swank, 1986). While K 

inputs via vegetation appear to affect shallow soil water K+ dynamics, interactions with high 

TDS waters seem to drive K+ dynamics in deeper waters. In particular, as soil water Na/Cl molar 

ratios approach a value of 1:1, soil water K+ concentrations rise exponentially (Figure 3-16c), 

suggesting that deeper soil K+ pools are mobilized via cation exchange reactions. 

3.5 CONCLUSIONS 

In our study, we observe multiple peaks in soil water sodium (Na) and chloride (Cl-) 

concentrations. The timing of these concentration maximums appears to be a function of 1) 
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distance from the nearby interstate and 2) sampling depth. Additionally, while deeper (i.e., > 30 

cm depth) mid-slope soils and all bottom slope soils are affected by road salt application, 

shallow (i.e., < 30 cm depth) mid-slope soils show no influence from road dicer inputs. These 

Na+ and Cl- concentration maximums in deeper mid-slope soil waters do not occur until early 

May (Figure 3-9c & d). Similarly, deeper bottom slope soil water Na+ and Cl- concentration 

maximums also occur in early May, but Na+ and Cl- concentration maximums in shallow bottom 

slope soil waters do not occur until early August (Figure 3-9e & f). These relationships suggest 

that multiple soil water flowpaths (e.g., highway runoff, lateral flow at the soil-bedrock 

interface), interact with soils, governing Na transport along our study transect. 

This study is consistent with previous work that observed persistence of Na loadings to 

soils beyond the period of road salt application. In general, relatively elevated soil water Na+ 

and Cl- concentrations appear to persist throughout the year. For example, relatively elevated 

soil water Na and Cl- concentrations at the top slope nest continue until early fall (Figure 3-9a & 

b), and demonstrate that excess Na+ and Cl- content persists in soils waters long after road 

deicing ends in late March. Retained Na in soils is known to continue to export Na+ to nearby 

areas after road salting season (Kelly et al., 2008). Thus, Na+ and Cl- appears to move as a slow 

wave and the distance from the roadside affects the timing of peak soil water Na+ and Cl- 

concentrations (Figure 3-9), suggesting that sodium is released from roadside soils throughout 

the spring and summer. 

Sodium inputs appear to drive seasonal patterns in major soil water cation 

concentrations along our study transect. Specifically, we observe the mobilization of soil Ca, 

Mg, and K via interactions with road salt-rich waters (Figure 3-16). This mobilization depends 
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upon soil water sampling depth, distance from the roadway, and the element. In particular, the 

relative slow release of Na throughout the year affects the timing in soil water Ca2+, Mg2+, and 

K+ concentration maximums (Figure 3-13). Additionally, although roadside soil Ca and Mg pools 

appear to be mobilized, Ca inputs attributed to concrete road materials offset potential Ca 

depletion in near-road soils (Figure 3-10, Figure 3-17). While soil Ca and Mg are mobilized in all 

soils that are in communication with high TDS solutions, shallow soil water K+ dynamics seem to 

be affected by inputs of K from vegetative material (e.g., leaf litter). Therefore soil cation 

dynamics in urban areas receiving road deicer inputs depend on the variation in sodium 

delivery influenced by both topographically and infrascturally driven hydrological flowpaths. 

Most of the road salt literature focuses nearly exclusively on in-stream and groundwater 

chemistry as an indicator of road salt impacts. This work demonstrates that at least for roadside 

soil environments, the timing and magnitude of salt pulses is not that simple. Moreover, the 

potential role of leaking drainage infrastructure can further complicate this transport. Previous 

literature characterizes acute high TDS pulses, however this work suggests that chronic high 

TDS impairments will grow increasingly common due to storage and release from near-road 

soils. Chronic elevated Na concentrations can impair aquatic ecosystems (Isabelle et al., 1987; 

Bridgeman et al., 2000; Blasius and Merritt, 2002; Karraker et al., 2008). Furthermore, these Na 

dynamics likely will mobilize trace metals (e.g., Pb, Cd, Zn) bound to soil exchange sites 

(Amrhein et al., 1992; Bäckström et al., 2004a). Thus, a further clarification of processes 

occurring during exchange of roadside soils with high TDS solutions is necessary to effectively 

restore and manage hydrologic systems affected by transportation networks. 



 74 

4.0  RECONSTRUCTING EARLY INDUSTRIAL CONTRIBUTIONS TO LEGACY TRACE METAL 

CONTAMINATION IN SOUTHWESTERN PENNSYLVANIA 

4.1 INTRODUCTION 

Human activities have increased trace metal inputs to the environment, primarily via 

modern vehicular and industrial emissions (Nriagu and Pacyna, 1988; Pacyna and Pacyna, 

2001). In particular, trace metal loadings from metallurgical facilities (Van Alphen, 1999; 

Vermillion et al., 2005; Mattielli et al., 2009) are relatively well characterized. However, trace 

metal loadings from early and pre-industrial activities, though also potential sources of trace 

metal inputs, are poorly characterized. Specifically, while the use of trace metals in early human 

activities is noted (e.g., As use in historical leather tanning) (Nriagu, 2001), the magnitude and 

distribution of contamination associated with these activities is often unknown. Furthermore, 

the sequential input of trace metal contamination from multiple industries (e.g., leather 

tanneries, metallurgical facilities) accumulates. Consequently, elevated trace metal loadings 

often stretch beyond the lifespan of a single pollution source and can result in a significant 

amount of trace metal contamination that is challenging to detect. 

Alluvial and lacustrine sediments can accumulate trace metals (Mielke et al., 2000; Bain 

and Brush, 2005; Rhoades et al., 2009), and by extension, record periods of significant trace 
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metal contamination (Graney et al., 1995; Spliethoff and Hemond, 1996; Mahler et al., 2006; 

Hillman et al., 2015). However, the accumulation of trace metals in alluvial systems results in a 

reservoir of contamination with a strong potential to remobilize (Axtmann and Luoma, 1991; 

Spliethoff and Hemond, 1996; Steding et al., 2000; Tao et al., 2005; Pizzuto, 2014). Moreover, 

as potential changes in global precipitation patterns will increase the probability of extreme 

precipitation events (Palmer and Räisänen, 2002) and flooding is likely to also increase 

(Jongman et al., 2012). Thus, changing climate can increase mobilization of contaminated 

alluvial sediments and effective risk assessment requires characterization of legacy trace metal 

contamination. 

This study reconstructs substantial trace metal contamination from early industrial 

activities using a lake sediment record from an oxbow lake in Southwestern Pennsylvania, USA. 

Specifically, we characterize trace metal loadings from changes in land use and industry in the 

19th and 20th centuries by examining major and trace metal chemistry, bulk density, and 

magnetic susceptibility in an approximately 210 year lake sediment record (169 cm). 

Additionally, we combine historical documentation and elemental molar ratios to identify 

principal sources of trace metal loadings. This reconstruction documents modern trace metal 

contamination from the Donora Zinc Works, a notorious environmental polluter (Snyder, 1994). 

More importantly, this study highlights the potential for accumulation of complicated mixes of 

trace metal contaminants in alluvial sediments. As industry and industrial hygiene have evolved, 

waste materials have also evolved. While the examination of single contaminants are common 

(Van Alphen, 1999; Vermillion et al., 2005; Mattielli et al., 2009; Romero et al., 2010), the 

relative impacts of these mixtures is less clear. 
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Figure 4-1. Location of the Markle Lake (circle), local coal mines (Marchand and Hutchinson), coal-fired power 

station (triangle), and the nearby town of Donora, PA (a). Panel b details the Markle Lake watershed (2.48 km2), 

nearby state roads (Pennsylvania Department of Transportation, Bureau of Planning and Research, 2015) and 

streams, hillshaded LiDAR terrain (1 m resolution) (PAMAP Program PA Department of Conservation and Natural 

Resources Bureau of Topographic and Geologic Survey, 2006), the nearby Hutchinson coal mine (United States 

Geologic Survey, 1954), and the sediment core collection location (40°12′48″ N, 79°43'47" W, circle). Markle Lake 

has a surface area of 0.04 km2 and drains a 2.48 km2 watershed (PAMAP Program PA Department of Conservation 

and Natural Resources Bureau of Topographic and Geologic Survey, 2006). 
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4.2 STUDY LOCATION AND METHODS 

In September 2014, three sediment cores (C14, D14, E14) were collected from an 

unnamed oxbow lake hereafter referred to as Markle Lake (Figure 4-1). Water depth at the 

coring site was 1.06 m (Figure 4-1b, circle), and the composite record totals 169 cm. At C14,an 

80 cm long core (C14 surf) with an intact sediment−water interface was collected using a 

lightweight percussion coring system. The upper 50 cm of core C14 was extruded in the field at 

1 cm intervals and used for geochemical analysis and 210Pb dating. Deeper sediments (D14 D1 & 

D2, E14 D1) were collected with a steel barrel Livingston corer. Sediment cores were wrapped, 

transported to the University of Pittsburgh, split lengthwise, and immediately described. 

Sedimentary structures, grain size, and Munsell color were characterized for each core. 

Overlapping sections at D14 and E14 were identified via field measurements and confirmed 

with stratigraphic correlation of visible sedimentology, magnetic susceptibility, and 

geochemical data. Because sites C14, D14, and E14 are separated by <1 m and have a similar 

water depth, the sediment cores from these three sites were combined into one composite 

record using field notes and stratigraphic correlation of geochemical data. 

The prevailing direction of winds in the region is from the southwest (The Office of the 

Pennsylvania State Climatologist, 2007). In the late 19th century and until the mid-20th century 

widespread coal mining occurred nearby (Wilson, 1962), however no substantial strip mining or 

acid mine drainage treatment is recorded within the Markle Lake catchment (Pennsylvania 

Department of Environmental Protection, 2016). The upper Markle Lake catchment is underlain 

by the Permian and Pennsylvanian age Waynesburg Formation, whereas the lower catchment 
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and Markle Lake are underlain by the Pennsylvanian age Monongahela Group (Berg et al., 

1980). Both the Waynesburg Formation and the Monongahela Group consist of cyclic 

sequences of sandstone, shale, limestone, and contain commercial coals (Waynesburg and 

Pittsburgh coals, respectively) (Berg et al., 1980). 

4.2.1 Bulk Density, and Loss-On-Ignition Analysis 

Bulk density, and loss on ignition (LOI) were measured at 1 cm intervals using 1 cm3 

samples. Bulk density was inferred by mass difference after oven drying samples at 60 °C for 48 

h. Likewise, percent organic matter was inferred by mass difference after combusting oven-

dried samples in a muffle furnace at 550 °C for 4 h. Magnetic susceptibility was measured on all 

sediment cores at 2 mm intervals with a Magnetic Susceptibility Meter (Bartington MS2) at the  

University of Pittsburgh. Magnetic susceptibility values were not measured on samples from 

the upper 50 cm of the core that was extruded in the field. Select 1 cm samples spanning the 

composite sediment core were analyzed and described via smear-slide mineralogy 

(Schnurrenberger et al., 2003). 

4.2.2 Geochronology 

Sediment samples were collected from the upper 40 cm of C14, lyophilized, 

homogenized, sealed, allowed to reach secular equilibrium, and analyzed for radioisotope 

(210Pb, 137Cs, and 214Pb) activities by direct γ counting on a high-purity, broad-energy 

germanium detector (Canberra BE-3825) at the University of Pittsburgh. Sediment ages were 
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subsequently determined using a constant rate of supply (CRS) 210Pb age model (Appleby and 

Oldfield, 1983). To date the deeper sediments, two radiocarbon ages of terrestrial macrofossils 

(e.g., wood) were measured on the D14 sediment core (137.5 and 151.5 cm composite depth). 

Samples were pretreated using the standard acid, alkali, acid procedure (Abbott and Stafford Jr, 

1996), measured at the Keck Center for Accelerator Mass Spectrometry at the University of 

California Irvine, and calibrated using Calib 7.0 (Reimer et al., 2013).  

4.2.3 Chemical Analysis 

Sediment samples, taken at 1 cm increments from both extruded and non-extruded 

cores, were lyophilized and homogenized in a mortar and pestle (agate). Sorbed and 

exchangeable metal concentrations in sediment samples were measured using a weak acid 

extraction (10% nitric acid) (Graney et al., 1995). Sediment extracts were diluted with 2% nitric 

acid (vol/vol, sub boil distilled), spiked with an internal standard of Be, Ge, and Tl, and analyzed 

for trace metal concentrations on an inductively coupled plasma mass spectrometer (Perkin-

Elmer Nexion ICP-MS) at the University of Pittsburgh. Sample As concentrations were measured 

using the kinetic energy discrimination (KED) method. Duplicates were run every seven samples 

and were generally within 10% of each other. Blanks were run every ten samples to check for 

memory effects and were below the calibration blank intensities. Instrument drift was assessed 

by running a drift check after every ten samples, which were generally within 10% of previous 

sample measurements. 
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4.3 RESULTS 

4.3.1 Sediment Properties 

The earliest portion of the Markle Lake sediment record (169 - 166 cm) consists of 

relatively dense sand/silt sized grey (10 YR 6/2) sediment (Figure 4-2b). At 166 cm depth, bulk 

density (BD) abruptly drops across a sharp, uneven contact, transitioning to brown (10 YR 3/2) 

silt (Figure 4-2b). Another sharp, uneven contact occurs at 159 cm depth (Figure 4-2), where 

sediments sharply transition to black (10 YR 2/1) organic rich material, containing several small 

(<1 cm) pieces of brick. The final sharp, uneven contact marked by an increase in BD and an 

increase in organic matter occurs at 131 cm depth (Figure 4-2, red dashed line), visibly 

transitioning to grey fine-grained clay (10 YR 5/1). A gradual transition from fine-grained clay to 

silt with no pronounced color change takes place at 79 cm. This unit continues up core until 34 

cm when sediments gradually transition into fine-grained light grey (10 YR 5/1) clay. 

The several sharp changes in sedimentology, BD and organic matter content in the 

sediment record coincide with erosional, uneven stratigraphic contacts (Figure 4-2, red dashed 

lines). While radiometric dating could confirm the discontinuous nature of these transitions, 

given the weight of sedimentological evidence and the uncertainties in radio dating materials 

from the 1800’s, we interpret these contacts to be unconformities. After the last abrupt and  
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Figure 4-2. Polynomial Markle Lake age-depth model (a), with 210Pb dates (black) and 2-sigma error bars (red). 

The color ramp provides a simplified core stratigraphy. Sediment core bulk density, loss on ignition, and 

magnetic susceptibility are displayed in panels b – d, respectively. The red dashed lines indicate the three 

inferred unconformities observed in the Markle Lake sediment record, which correspond to sharp changes in 

sediment bulk density and organic matter content. Sediment ages generated by the 210Pb age model (< 40 cm) 

are provided on the secondary y-axis. 

uneven sedimentological transition (131 cm) the sediment record appears uninterrupted until 

present day, as we observe no sedimentological features through these intervals to suggest an 

erosional surface nor sharp changes in sediment BD or LOI (Figure 4-2b & c). Although sediment 

BD or LOI do not sharply change during this period, sediment magnetic susceptibility (MS) 

sharply increases at 68.5 cm depth (Figure 4-2d). 
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4.3.2 Sediment Smear Slide Analysis 

The earliest portion of the Markle Lake sediments between 169 and 166 cm depth 

consist of sand/silt sized sediment characterized by angular, poorly sorted clasts. Smear-slide 

analysis shows a large proportion (nearly 100%) of silicate minerals and the absence of diatoms. 

Smear-slides show that sediments across this uneven contact at 166 cm depth are 

characterized by ~80-90% angular, poorly sorted silicate minerals with ~10-20% amorphous 

organic material and the absence of diatoms. 

Smear slides taken above the next uneven contact at 159 cm depth show ~80% 

amorphous organic material with occasional discrete aquatic macrofossils, ~20% sub-angular 

silicate minerals, and the absence of diatoms. Smear slides collected from 131 cm depth show 

~30-40% centric and pennate diatoms of relatively uniform size and ~60-70% very fine-grained 

rounded silicate minerals. This unit continues up-core with an increasing proportion of diatoms, 

reaching as high as 50% around 90 cm. After the gradual transition from fine-grained clay to silt 

at 79 cm, smear slides show a higher proportion (70%) of rounded and sub-angular silicate 

minerals and a decreased proportion (30%) of diatoms. 

Above 34 cm depth smear slide analysis shows a similar sediment character to the 

below unit with 30-40% centric and pennate diatoms of varying sizes, 10% sub-angular silicate 

minerals, and 50-60% amorphous organic material. The uppermost 10 cm of the sediment core 

have an increased proportion (60-70%) of organic material with several discrete aquatic plants 

identified as Myriophyllum. 
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Table 4-1. Radionuclide data and age model for Markle Lake core. 

Depth 
Interval 

(cm) 

Dry 
sample 
mass 

(g) 

137Cs 
Activity 
(Bq g-1) 

±1σ 

210Pb 
Activity 
(Bq g-1) 

±1σ 

Support
ed 210Pb 
or 214Pb 
Activity 
(Bq g-1) 

±1σ 

Excess 2
10Pb 

Activity 
(Bq g-1) 

±1σ Date 
AD 

Sed 
Rate 
(cm 
yr-1) 

0          2014  
1-2 0.62 0.000 0.000 0.39 0.08 0.00 0.00 0.39 0.08 2012 0.79 
5-6 0.30 0.000 0.000 0.54 0.11 0.00 0.00 0.54 0.11 2010 2.07 

10-11 0.89 0.000 0.000 0.36 0.05 0.04 0.01 0.32 0.04 2007 1.53 
15-16 1.11 0.000 0.000 0.39 0.05 0.11 0.01 0.28 0.04 2003 1.29 
20-21 1.36 0.000 0.000 0.19 0.03 0.03 0.01 0.15 0.02 2000 1.56 
25-26 1.72 0.015 0.004 0.19 0.03 0.05 0.01 0.15 0.02 1992 0.60 
30-31 2.72 0.023 0.003 0.16 0.02 0.06 0.01 0.10 0.02 1985 0.78 
35-36 4.25 0.030 0.003 0.11 0.02 0.04 0.00 0.06 0.01 1963 0.23 
40-41 6.56 0.040 0.003 0.08 0.01 0.05 0.00 0.03 0.01 1938 0.20 
44-46 6.13 0.027 0.002 0.07 0.01 0.04 0.00 0.03 0.01   
48-50 1.22 0.000 0.000 0.00 0.00 0.08 0.01 0.00 0.00   
50-52 1.16 0.000 0.000 0.00 0.00 0.10 0.01 0.00 0.00     

4.3.3 Geochronology 

We attempted to establish a geochronology for the sediment core using a combination 

of a 210Pb radioactive decay series (Table 4-1) and AMS radiocarbon dates (Table 4-2) on 

presumably discrete terrestrial macrofossils. However, the radiocarbon ages of these materials 

were far older than expected (~8500 yr BP) (Table 4-2). In particular, several pieces of brick 

were found at a depth (154 cm) below both radiocarbon samples (151.5 and 137.5 cm), 

suggesting these radiocarbon ages do not accurately reflect the timing of sediment deposition. 

The exact cause for this inaccuracy is not immediately apparent, though multiple possibilities 

exist. For example, macrofossils derived from aquatic vegetation could have been misidentified 

as terrestrial material. Given that Pennsylvanian age carbonates directly underlie Markle Lake  
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Table 4-2. AMS radiocarbon dates for samples collected from Markle Lake core D14 D2. 

UCI Number Composite Core 
Depth Interval (cm) Material 

14C age 
(BP) Error ± Median 

age (BP) 
2-σ range 
(year BP) 

151981 137-138 Wood 7790 30 8571 8479-8633 
151982 151-152 Wood 7915 25 8716 8609-8972 

 

(Berg et al., 1980), ages of aquatic vegetation would likely be influenced by a hard water effect 

due to the dissolution of carbonate (Deevey et al., 1954; Macdonald et al., 1987; Törnqvist et 

al., 1992), and thus return older radiocarbon ages. Alternatively, it is possible that that 

terrestrial macrofossils were reworked from catchment soils or previously deposited lacustrine 

sediments and re-deposited into younger sediments, thus obscuring the radiocarbon ages 

(Törnqvist et al., 1992). Given the presence of reworked anthropogenic building materials 

(brick) and sedimentological evidence of erosional hiatuses in the section (irregular contacts, 

abrupt changes in sediment composition and grain size), we exclude the radiocarbon ages from 

the development of our age model, and instead use a combination of the 210Pb age model 

(Figure 4-2a)and historical documentation matched with chemo stratigraphy to create the age 

model for the composited sediment core. Uncertainty within the 210Pb chronology, which spans 

the upper 40.5 cm, is generally ±4 years. 

4.3.4 Patterns in Early Sediment Metal Concentrations 

Spikes in sediment As, Cd, and Zn, concentrations occur during the early portion (~163 - 

127 cm) of the Markle Lake sediment record (Figure 4-3a, e, & f). However, the most 

remarkable feature of this period is the extended period of elevated As concentrations  
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Figure 4-3. Sediment core arsenic (a), calcium (b), barium (c), lead (d), zinc (e), and cadmium (f) concentrations. 

The red dashed lines indicate the three unconformities observed in the Markle Lake sediment record. Sediment 

ages determined by the 210Pb age model (black) and by historical documents (red) are provided on the secondary 

y-axis. 
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(Figure 4-3a). Specifically, sediment As concentrations are elevated for approximately 30 cm of 

the Markle Lake sediment record (Figure 4-3a), in contrast to sediment Cd and Zn 

concentrations, whose peaks are relatively shortly lived (137 – 143 and 135 – 149 cm, 

respectively). Additionally during this period (1812 – 1879), there is a relative increase in 

sediment Ca concentrations (Figure 4-3b). Lastly, unlike the patterns in other sediment trace 

metal concentrations during this period, sediment Pb concentrations are relatively constant (x ̅ 

= 8.46 mg kg-1) and generally close to average crustal abundance (11.1 mg kg-1) (Figure 4-3d) 

(Turekian and Wedepohl, 1961). 

Shortly after (~120 cm) the final observed erosional contact (131 cm), there are 

additional peaks in As, Cd, and Zn concentrations (Figure 4-3a, e, & f), which coincide with a rise 

in sediment Ba and Pb concentrations (Figure 4-3d & c). However, while the elevated sediment 

Ba and Pb concentrations appear relatively persistent during this period of the sediment record 

(131 – 68.5 cm), sediment Zn and Cd concentrations return to lower concentrations above ~120 

cm. Additionally, sediment As concentrations also decrease after 113 cm, however the decrease 

is short-lived, as sediment As concentrations begin to increase, albeit slowly, near the end of 

this period (~80 cm). 

4.3.5 Patterns in 20th Century Sediment Metal Concentrations 

Sediment As, Cd, Pb, and Zn concentrations all increase at 68.5 cm depth (Figure 4-3a, d 

– f). Specifically, this increase is more pronounced in sediment Cd, Pb, and Zn concentrations 

(Figure 4-3d – f), and occurs in conjunction with the sharp increase in sediment MS (Figure 
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4-2d). Furthermore, during this period (68.5 – 40.5 cm), which corresponds to 1915 – 1938, the 

highest observed sediment Cd, Pb, and Zn concentrations occur (Figure 4-3d – f). These 

increased trace metal loadings persist until the mid-20th century (40.5 cm), when sediment As, 

Cd, Pb, and Zn concentrations decrease (Figure 4-3a, d – f). However, this decrease is short 

lived, as sediment As, Cd, Pb, and Zn concentrations once again increase until the late-20th 

century (Figure 4-3a, d – f). At this point (i.e., the late 20th century), sediment As, Cd, Pb, and 

Zn concentrations all begin to decrease until present day (Figure 4-3a, d – f), however sediment 

Cd, Pb, and Zn concentrations decrease faster than sediment As concentrations. 

4.4 DISCUSSION 

4.4.1 Abrupt Changes in Sedimentology Provide Age Control for Pre and Early-20th Century 

Sediments 

Given the inaccuracies in radiocarbon dating, we instead rely on the observed abrupt 

changes in sedimentology within the Markle Lake sediment record to provide age control for 

sediments deeper than 40 cm. Specifically, given the uneven and abrupt nature of the sediment 

contacts observed at 166, 159, and 131 cm depth, we interpret these transitions as 

unconformities wherein changes in catchment land use or flood events caused erosion of 

previously deposited sediments. For example, we interpret the lowermost unit as an alluvial 

stream deposit, likely representing a high-energy environment, or the abandoned meander of 

Big Sewickley Creek. The abrupt change in BD and uneven contact at 166 cm depth suggests a 
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change in the depositional environment, but the sedimentology still suggests a relatively high-

energy environment given the large, poorly sorted clasts. This transition likely represents the 

construction of a nearby grist mill in 1806, when a mill race and tunnel extending to the nearby 

Big Sewickley Creek were constructed at this time to power the mill (Figure 4-4) (Albert, 1882). 

Water was likely routed from Big Sewickley Creek to augment Markle Lake’s level during dry 

periods so the lake could serve as a constant head reservoir to power the mill (Reynolds, 2002). 

Lake levels likely fluctuated during this period, as water also appears to have been diverted 

from the unnamed tributary of Big Sewickley Creek, creating the inflow of Markle Lake (Figure 

4-1b). Periods of low lake levels would allow lakebed sediments to be eroded, and produce the 

observed uneven contact. Thus we infer an unconformity at 166 cm in the sediment record that 

we assign an age of ~1806. 

We interpret the two other observed erosional surfaces at 159 and 131 cm as 

unconformities resulting from significant 19th century floods. In particular, in 1812 a flood 

destroyed the mill dam servicing the grist mill (Albert, 1882), providing a high enough energy 

environment to disturb lakebed sediments and produce an erosional unconformity. The 

sedimentological unit following this event suggests a great deal of organic matter deposition 

occurred during this period, which would be consistent with discharges of organic-rich tannery 

waste into Markle Lake (Clark, 1897). 

Likewise, the sharp, uneven contact at 131 cm depth likely reflects an 1879 flood 

(Albert, 1882), again, an event that would have disturbed lake sediments to cause an erosional 

unconformity (Figure 4-2, color ramp). Because there are no extended changes in BD in the 

time following both of these unconformities, it is likely that both of these were relatively short  
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Figure 4-4. Digitized locations of historical structures (black squares), paper mill (green triangle), grist mill (red 

circle), and the tannery (brick red square) (Lake and Ames, 1857; Beers and Beers, 1867, 1876).The location of the 

historical mill dam (pink) was determined via 0.5 meter aerial imagery (PAMAP Program PA Department of 

Conservation and Natural Resources Bureau of Topographic and Geologic Survey, 2006), and the mill race (orange) 

was digitized from historical county atlases (Lake and Ames, 1857; Beers and Beers, 1867, 1876) and the 1954 

United States Geologic Survey topographic map (United States Geologic Survey, 1954). The orange dashed line 

designates the general location of tunnel which connected Big Sewickley Creek and the mill race. 
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lived flood events, and thus do not reflect an extended period of altered of catchment 

hydrologic regimes. 

Between 131 cm and the start of our 210Pb chronology (40.5 cm) we observe no changes 

in BD or organic matter that suggest an abrupt change in depositional environment. This is 

supported by the sedimentology, which suggests a relatively lower energy lacustrine 

environment with moderately high and stable lake levels, conducive to the growth of diatoms. 

The uninterrupted deposition of similar sediment characterized by gradual transitions and the 

lack of abrupt, uneven contacts leads us to conclude that sediment deposition has been 

continuous from 131 cm to the top of the core. 

Since we infer no erosional events and by extension, no possible sediment age controls, 

instead, we use the sharp increase in sediment MS (Figure 4-2d), and sediment Cd, Pb, and Zn 

concentrations (Figure 4-3d – f) at 68.5 cm as the final inferred sediment age in the Markle Lake 

record. Specifically, the increased MS values observed in this portion (<68.5 cm) of the 

sediment record suggests that these sediments are relatively enriched with ferromagnetic 

materials (Hatfield and Stoner, 2013). As ferromagnetic materials are contained within dust and 

fly ash emitted from metallurgical facilities (Strzyszcz et al., 1996), this rise in magnetic 

susceptibility could indicate the opening of the nearby Union Steel Company rod mill, the 

American Steel and Wire Works, and/or the Donora Zinc Works. 

These facilities opened in 1901, 1908, and 1915 respectively (Schrenk et al., 1949), and 

utilized coal as a fuel (Schrenk et al., 1949). When combusted, coal emits dust with relatively 

high magnetic susceptibility (Strzyszcz et al., 1996; Kapička et al., 1999). In particular, the 

Donora Zinc Works is probably the dominant source of coal fly ash, as in 1916 it was the largest 
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coal-fired smelter in the United States (Ingalls, 1916), and furthermore, the largest zinc smelter 

in the world (Bleiwas and DiFrancesco, 2010). As only sediment Cd, Pb, and Zn concentrations 

sharply increase at 68.5 cm, the rise in sediment MS most likely represents the opening of the 

Donora Zinc Works, and thus 1915. 

4.4.2 Sediment Arsenic Contamination Results from Historical Leather Tanning 

Arsenic, Cd, and Zn, concentrations all spike during the early portion (~163 - 127 cm) of 

the Markle Lake sediment record (Figure 4-3a, e, & f). However, the duration of elevated Cd 

and Zn concentrations are much shorter (~14 cm) than the duration of elevated As 

concentrations (36 cm), suggesting the variability in concentrations result from distinct 

processes. In particular, pieces of coal and brick were found within these sediments, though not 

widespread, suggesting that refuse was sometimes dumped directly into the lake and could 

provide relatively short, but intense loadings of Cd and Zn-rich materials (e.g., coal). This 

pattern is consistent with observed brief spikes in sediment Cd and Zn concentrations (137 – 

143 and 135 – 149 cm, respectively). However, refuse dumping in the lake is not consistent with 

extended periods of elevated As concentrations. In particular, these As concentrations, exceed 

average crustal abundance of As (2.85 mg kg-1) (Turekian and Wedepohl, 1961) by a factor of 

ten for several core increments. 

The high As concentrations are the most notable feature of the 19th century portion 

(~163 - 127 cm) of the Markle Lake sediment record (Figure 4-3a). Specifically, these historical 

As loadings are nearly five times the As loadings during the portion of the sediment record 
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when the Donora metallurgical facilities, namely the Donora Zinc Works, were online (~68.5 – 

37.5 cm). It is possible that the increases in As result from a natural source of As, such as the 

weathering of As-rich parent materials (e.g., coal) (Kabata-Pendias, 2011). However, if 

weathering of coal was the source of the increased As loadings, this signal should be present 

through the entire sediment record, as changes in catchment hydrology are minor during this 

period compared to more recent activities (e.g., underground mining, etc.). Therefore this As 

contamination likely occurs due to human activity, especially given the historical 

documentation of a leather tannery on the shore of Markle Lake (Figure 4-4). 

 Humans have used As pesticides since antiquity (Nriagu, 2001), and subsequently As has 

been employed as a pesticide during leather tanning (Davis et al., 1994; Sadler et al., 1994; 

Nriagu, 2001). For example, effluents from 19th century leather tanneries in Massachusetts, 

USA were noted to contain relatively elevated As concentrations (Clark, 1897). The exact date 

of the tannery opening at Markle Lake cannot be established with absolute certainty. However, 

the tannery, and other buildings constructed in the early 19th century are all portrayed on the 

1857 county atlas (Figure 4-4) (Lake and Ames, 1857). Other buildings in the immediate vicinity 

of Markle lake were constructed between 1806 and 1811, therefore the tannery was likely 

constructed in a similar timeframe (Albert, 1882). The tannery operated until at least 1876 

(Beers and Beers, 1876), and appears to have released As-rich effluent to the lake, resulting in 

the increased sediment As concentrations during this period. The elevated Ca concentrations in 

core sediments during the same period (Figure 4-3b), further suggest the influence of the 

nearby tannery, as lime was used to dehair hides during the leather tanning process (Clark, 

1897). 
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4.4.3 Markle Lake Sediments Record Legacy Contamination Remobilization 

The additional peak in sediment As, Cd, and Zn concentrations that occurs shortly after 

(~120 cm) the final unconformity (131 cm) suggests prior trace metal contamination was 

remobilized (Figure 4-3a, e & f). While the exact mechanism of this remobilization is likely 

impossible to identify, this spike does occur immediately following the unconformity generated 

by the 1879 flood. During this flood, it is possible catchment sediments, and by extension, 

legacy As contamination were physically remobilized. Mobilization via this mechanism would be 

consistent with Spliethoff and Hemond’s observations of remobilized legacy As contamination 

in Mystic Lake sediments, which they attribute to the disturbance of catchment sediments 

(Spliethoff and Hemond, 1996). Remobilization from fluvial sediments is consistent with the 

relatively slow decline of sediment As concentrations after ~120 cm depth. A flood event could 

also physically transport Cd and Zn-rich materials (e.g., coal) to lake waters, resulting in the 

relatively brief period (127 – 107 cm) of elevated sediment Cd and Zn concentrations, after 

which sediment Cd concentrations return to values near average crustal abundance (0.16 mg 

kg-1) and sediment Zn concentrations return to values measured in carbonates (which directly 

underlie Markle Lake) (20.0 mg kg-1) (Turekian and Wedepohl, 1961). 

4.4.4 Coal Extraction Alters Sediment Trace Metal Loadings 

The rise in sediment Ba concentrations (~120 cm) following the final observed erosional 

contact (Figure 4-3c), appears to signify the onset of the consequences of acidic mine drainage 

from coal extraction in the region. Specifically, coal mining alters local water quality regimes, 
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and ultimately results in increased sulfate loadings to stream waters (Johnson and Hallberg, 

2005). Dissolved Ba in turn, rapidly precipitates in the presence of sulfates, forming relatively 

insoluble barite (BaSO4) (Kabata-Pendias, 2011). In the Markle Lake record, sediment Ba 

concentrations are relatively elevated between 1879 and 1915 (121 – 68 cm depth), the 

beginning of which corresponds to the onset of nearby coal industries. In particular, the nearby 

Marchand coal mine first appears on the 1876 county atlas (Beers and Beers, 1876; Wilson, 

1962), along with numerous coke works (Beers and Beers, 1876; Wilson, 1962). Furthermore, 

an increase in sulfate loadings during the late 19th century is confirmed in the written record, 

which note an increase of stream water sulfate concentrations (Boucher, 1906). While studies 

have observed mine drainage waters relatively saturated in respect to barite (Banks et al., 

1997a, 1997b), or the formation of secondary barite via the dissociation of sulfide minerals 

(Romero et al., 2010), our study suggests downstream lake environments also seem to be 

relatively sensitive to acid mine drainage. 

Coal mining operations appear to have significantly altered regional surface water 

chemistry for an extended period of time. Much like the rise in sediment Ba concentrations 

reflects the onset of significant coal mining operations, and the resulting increase of sulfate 

loadings to surface waters, the decline in sediment Ba concentrations in 1915 (68.5 cm) (Figure 

4-3c), likely reflects a decrease of sulfate loadings to surface waters. Specifically, decreased 

sulfate loadings seem to result from a lowered groundwater table. In particular, the written 

record notes low groundwater levels in the nearby mining town of Hutchinson in 1927 (Wilson, 

1962), which presumably resulted from local coal mining operations. Thus, we attribute the rise 

and fall in sediment Ba concentrations to significant nearby coal mining operations, which 
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appear to have significantly altered regional surface water chemistry for approximately thirty-

six years. 

4.4.5 Increased Cd, Pb, and Zn Loadings via Donora Industry  

The onset of metallurgical facilities in Donora, namely the Donora Zinc Works 

(DZW), dramatically affected regional trace metal loadings. Specifically, sediment Cd, Pb, 

and Zn concentrations (Figure 4-6c – e), and sediment MS (Figure 4-2d), all sharply increase 

upon the opening of the DZW in 1915. This relationship is expected, as notable amounts of 

Cd, Pb, and Zn were measured by the United States Public Health Service (USPHS) in DZW 

 

Figure 4-5. Lead zinc molar ratios during the early to mid-20th century portion of the Markle Lake sediment 

record. The grey shaded area indicates the approximate lifespan of the Donora Zinc Works. The boxes 

designate yearly average values of lead zinc ratios in zinc ores produced from Joplin, Missouri, USA 

(American Bureau of Metal Statistics, 1928; Smith and Moyer, 1949). Sediment ages determined by 

the 210Pb age model (black), historical documents (red) and estimation via the extrapolation of calculated 

sedimentation rates (grey) are provided on the secondary x-axis. 
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emissions, with the USPHS concluding roughly 5% of the DZW Zn production capacity 

escaped into the atmosphere (Schrenk et al., 1949). In addition to historical 

documentation, the influence of the zinc works is also suggested by sediment molar Pb/Zn 

ratios.  

Patterns in sediment molar Pb/Zn ratios both confirm the influence of the DZW, and 

appear to respond to changes in feedstock materials processed at the DZW. Because Zn 

ores contain varying Pb and Cd contents (Kabata-Pendias, 2011), ratios of these elements 

can characterize the locality of different Zn ores (Siebenthal, 1915). Here we utilize 

sediment molar Pb/Zn ratios for source identification, due to the scarcity of assayed Cd 

content in Zn concentrates processed at the DZW. Specifically, sediment Pb/Zn ratios 

decrease in 1915 (68.5 cm), approaching a relatively consistent value typical of Joplin, 

Missouri Zn concentrates (Figure 4-5). This relationship is unsurprising, as during the 1920s 

the DZW processed Zn concentrates from the Joplin district of Missouri, USA (Bleiwas and 

DiFrancesco, 2010). The decrease in sediment Pb/Zn values from 68.5 to approximately 60 

cm depth likely reflects an increase in the purity of Joplin Zn concentrates processed at the 

DZW, as a similar decrease is observed in Pb/Zn values of Joplin Zn concentrates (Figure 

4-5, boxes) (American Bureau of Metal Statistics, 1928; Smith and Moyer, 1949). Likewise, 

the increased variability of sediment Pb/Zn values during the early 1930s likely reflects Zn 

concentrates processed from a wide variety of localities in the 1930’s including, among 

others, Ducktown, Tennessee and Blamat-Edwards, New York (Bleiwas and DiFrancesco, 

2010). Thus, the elevated sediment Cd, Pb, and Zn concentrations between ~67 and 41 cm 

depth reflect increased Cd, Pb, and Zn loadings via DZW emissions. 
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Figure 4-6. The navy, gold, and grey bars in panel (a) indicate the period when the Donora Zinc Works 

(Schrenk et al., 1949), Donora Steel Mills (Schrenk et al., 1949), and Elrama Power Plant (United States 

Energy Information Administration, 2014), respectively were online. Panels b –f provide sediment core 

arsenic, cadmium, lead, zinc, and calcium concentrations, respectively and the appropriate California soil 

screening levels (the most stringent levels in the United States) (OEHHA, 2010). Sediment ages 

determined by the 210Pb age model (black) and by historical documents (red) are provided on the 

secondary x-axis. 

While the opening of the DZW relatively rapidly resulted in a sustained period of 

increased sediment Cd, Pb, and Zn loadings, sediment As concentrations do not appear as 

sensitive to this event. For example, the opening of these facilities is only marked by a 

gradual increase in sediment As concentrations (Figure 4-6b). Instead, the most dramatic 

rise in sediment As concentrations during the lifespan of the DZW occurs during the late 
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1920s or early 1930s (54.5 cm). This timing appears to coincide with the addition of a 

Dwight Lloyd sintering plant at the DZW (1927) (Bleiwas and DiFrancesco, 2010), noted by 

the USPHS to emit both gaseous and particulate forms of As (Schrenk et al., 1949). After 

this period (46.5 cm) sediment As concentrations decrease, possibly reflecting an increased 

usage of natural gas in the Donora metallurgical facilities, or the installation of a 

precipitator to recover fugitive emissions from the sintering plant (Schrenk et al., 1949). 

However, without further documentation, the exact cause of the decrease in sediment As 

concentrations at this time cannot be confirmed. 

Beginning in the late-1940s sediment Cd, Pb, and Zn concentrations all decrease, though 

the decrease at this time is most pronounced in sediment Zn concentrations (Figure 4-6c – e). 

This decline could possibly relate to a decrease in production, or improved Zn recovery 

methods implemented at the DZW. However, due to the lack of documentation during this 

period (e.g., DZW production reports are only available for 1932 – 1938) (United States 

Steel Corporation, 1933, 1935, 1937, 1939), the exact cause of the decline during this 

period cannot be ascertained. This decrease continues into the mid-1950s presumably 

reflecting the closure of the DZW in 1957 (Bleiwas and DiFrancesco, 2010). However the 

trend of decreased trace metal loadings is short-lived, ending with the construction of a coal-

fired power plant nearby. 
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4.4.6 Coal-Fired Power Plant Emissions Sustain Elevated Trace Metal Loadings 

During the mid to late-20th century (~37 cm) sediment As, Zn, and Ca concentrations 

increase, apparently in response to the opening of the nearby Elrama coal-fired power station 

in 1952 (Figure 4-1a) (United States Energy Information Administration, 2014). The sharp 

increase in sediment As and Ca concentrations, in contrast to the relatively smaller increase in 

sediment Zn concentrations, suggests that the opening of the Elrama power station affected As 

and Ca loadings more strongly than Zn loadings (Figure 4-6b, e, & f). The increase in As loadings 

via coal combustion is expected, as coal combustion products in the Appalachian region, in 

particular fly ash, contain relatively high As concentrations (Swanson et al., 2013). Furthermore, 

the dramatic increase in sediment Ca concentrations at this time likely reflects the use of lime 

(CaO) during coal combustion, which increases the heat output of the coal during combustion 

(Dallas, 1903). The continual rise of sediment As concentrations during the 1950s to 80s likely 

reflects the extra generators, and thereby capacity, added until the Elrama power station 

reached its full capacity in 1960 (United States Energy Information Administration, 2014). 

Likewise, the installation of a high Ca lime flue gas scrubber at the Elrama power station likely is 

responsible for the continual rise of sediment Ca concentrations during this period (Biondo and 

Marten, 1977). Furthermore, emissions from this type of scrubber have been noted to contain 

relatively higher loadings of both Zn and As than electrostatic precipitators (Ondov et al., 1979).  

Although sediment As and Zn concentrations increase in response to the opening of the Elrama 

power station, sediment Cd and Pb concentrations appear largely unaffected by this event 

(Figure 4-6c & d). This discrepancy could result from these elements being associated with 
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relatively different particle sizes of coal combustion products. However, fly ash from a 

coal-fired power station burning Appalachian coals was noted to contain 48 and 54 percent 

by mass of As and Pb respectively (Swanson et al., 2013). Thus, an association of As and Zn 

with different particle sizes does not appear to drive the contrast between patterns in 

sediment As and Zn concentrations and patterns in sediment Cd and Pb concentrations. 

Instead, this discrepancy could result from Southwestern Pennsylvania coals containing 

relatively higher average concentrations of As and Zn than Cd and Pb (2.42x10-3, 1.46x10-3, 

8.17x10-6, and 6.50x10-4, percent by mass, respectively) (Palmer et al., 2015). 

Loadings of As, Cd, Pb, and Zn decrease beginning in the late 1980s, presumably in 

response to changes in electricity generation and environmental air quality legislation. While 

the decline in sediment Pb concentrations does appear to coincide with the 91% phase out of 

leaded gasoline mandated in 1986 (Schwartz et al., 1985), the relatively similar patterns of 

sediment As, Cd, Pb, and Zn concentrations suggests that leaded gasoline is not the source 

 

Figure 4-7. Electricity output of the Elrama coal-fired power station for the years 1970-1995 (United States 

Energy Information Administration). 
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of these loadings. Instead, this decline appears to be linked to decreases in coal 

combustion, and therefore particulate matter emissions from the nearby Elrama power 

station. For example, the decline in sediment As, Cd, Pb, and Zn concentrations after 1985 

coincides with a drop off in electricity output from the Elrama plant (Figure 4-7).(United States 

Energy Information Administration) Furthermore, this decline also coincides with enactment of 

the 1990 amendments to the United States Clean Air Act, which defined several trace metals, 

including As, Cd, and Pb, as a toxic air pollutants,(United States Environmental Protection 

Agency, 1990) and limited emissions of these trace metals by stationary sources (e.g., coal-fired 

power stations).  

The relatively slow decline of sediment As, Cd, Pb, and Zn concentrations is likely driven 

by continued particulate matter loadings via Elrama power station. For example, the Elrama 

station is listed as emitting 504 tonnes yr-1 of PM2.5 in the 2002 USEPA emission inventory 

(United States Environmental Protection Agency, 2002). Furthermore, the closure of the Elrama 

power station was determined to significantly decrease regional PM2.5 concentrations (Russell, 

2015). Thus, particulate emissions from Elrama likely continued to augment regional trace 

metal loadings, despite environmental legislation, until the closure of the Elrama plant in 2012. 

Although trace metal loadings have decreased during the late-20th century until present day, 

sediment As, Cd, Pb, and Zn concentrations are still elevated above background concentrations. 

In particular, sediment As concentrations exceed recommended screening levels established by 

the state of California (Figure 4-6b) (OEHHA, 2010).  
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4.5 IMPLICATIONS 

Reconstruction of the Markle Lake sediment record demonstrates that while modern 

trace metal (e.g., As, Cd, Pb, Zn) loadings are substantial, historical trace metal loadings can 

potentially be as large or larger. Specifically, legacy sediment As contamination exceeds ten 

times the average crustal abundance of As (Turekian and Wedepohl, 1961), and is nearly five 

times the amount of As contamination caused by the infamous Donora Zinc Works (Figure 4-3a) 

(Snyder, 1994). Furthermore, during this period, sediment As concentrations are at or exceed 

five hundred times soil screening levels established by the state of California (OEHHA, 2010). 

Subsequently, this significant As contamination has interacted with extreme hydrologic events 

(i.e., floods of 1812, 1879), confirming legacy contamination has the potential to impair 

ecosystems during modern periods. Four thousand four hundred and fifteen leather tanneries 

existed in the United States in 1810 (Coxe, 1814). If the legacy As contamination observed at 

Markle Lake occurs at even a fraction of these tanneries, this risk is distributed across the 

eastern United States. 

This study also demonstrates that progress in decreasing trace metal emissions from 

one industry can be quickly lost due to establishment of other industries. Together, this history 

sequence results in extended periods of trace metal contamination, despite apparent 

incremental improvements in industrial hygiene. For example, while sediment Cd and Pb 

concentrations relatively rapidly increase in response to the opening of the Donora Zinc 

Works, sediment Cd and Pb concentrations do not rapidly decline in response to the closing 

of this facility. Instead, sediment Cd and Pb concentrations remain elevated for nearly forty 
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years beyond the lifetime of the smelter (Figure 4-6c – d). Subsequently, sediment Cd 

concentrations exceed recommended screening levels for approximately eighty 

years (Figure 4-6c) (OEHHA, 2010). Moreover, although sediment As, Cd, Pb, and Zn 

concentrations decrease after the enactment of environmental legislation (e.g., Clean Air Act), 

the rate of this decrease appears to be retarded by particulate emissions from a coal-fired 

power station. As a consequence, present day sediment concentrations remain elevated above 

average crustal abundance (Turekian and Wedepohl, 1961), despite a relative lack of 

metallurgical activity for the past forty years. 

Characterizing legacy trace metal contamination is essential to effective ecosystem 

management, as the remobilization of legacy contamination poses a threat to both ecosystem 

and human health. Remobilization of legacy contamination can occur through anthropogenic or 

natural processes, including alterations to surface water geochemistry via the extraction of 

energy reserves. This is particularly important in regions like Southwestern Pennsylvania, where 

rapid increases in unconventional gas extraction have created substantial challenges in the 

disposal of flowback waters (Wilson and VanBriesen, 2012). Furthermore, changing global 

climate alters global hydrologic regimes, thereby increasing the probability of extreme 

precipitation events (Palmer and Räisänen, 2002) and flooding events (Jongman et al., 2012). 

Interactions between changing water chemistry and hydrologic regimes are even more of a 

challenge to predict. For example, flood events can remobilize alluvial sediments and during 

such a flood, increased salinity could promote partitioning to the dissolved phase in unexpected 

ways, creating potentially more dangerous conditions. Thus, documentation of significant 

legacy trace metal storage is essential for a realistic assessment of ecosystem impacts, 
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particularly in regions with multiple historical industrial impacts and ongoing, rapid changes in 

industrial activity. 
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5.0  PHOSPHORUS DEPOSITION AND ACCUMULATION IN ROADSIDE SOILS: THE ROLE OF 

VEHICULAR SOURCES IN PHOSPHORUS BUDGETS 

5.1 INTRODUCTION 

The role of Phosphorus (P) in global biogeochemical cycles is well established, however 

the variety of sources to global budgets have not been well characterized. Phosphorus is a 

major component of fertilizers (Jasinski, 2013), and with the beginning of industrial agricultural 

fertilization in the mid-20th century, application rates of P to agricultural soils have greatly 

increased (Crop Reporting Board, 1966). While the role of agricultural P sources in global 

budgets are relatively well characterized (e.g., Smil, 2000), the influence of atmospheric sources 

of P on global P budgets is generally less understood (Stoddard et al., 2016). Regardless, 

increases in P inputs have transformed the global P cycle (Filippelli, 2008). Phosphorus is 

frequently a limiting nutrient in aquatic ecosystems (Elser et al., 2007), and larger inputs of P 

increase the incidence of eutrophication events (Anderson et al., 2002). Eutrophication events 

can lead to undesirable consequences, including the production of toxins by photosynthetic 

algae (Anderson et al., 2002), depletion of dissolved oxygen in the water column, shifts in 

species composition, and fish kills (Smith, 1998). The role of P mobilization from agricultural 

soils in increasing P loadings to surface waters is well established (Wilcock, 1986; Vighi and 
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Chiaudani, 1987; Ward et al., 1990; Uunk, 1991). This chapter documents the currently under 

characterized loadings of P to near-road areas from vehicular exhaust, which appear to be a 

potentially substantial component of global P budgets. 

Diesel fuel (Pierson and Brachaczek, 1982; Spencer et al., 2006) and both leaded 

(Pierson and Brachaczek, 1982), and unleaded (Pierson and Brachaczek, 1982; Spencer et al., 

2006) gasolines contain varying P contents. Additionally, lubricating oils contain P-based 

additives (Pierson and Brachaczek, 1982; Nicholls et al., 2005; Spencer et al., 2006; McDonald, 

2009), namely Zinc dialkyl dithiophosphate (ZDDP) (McDonald, 2009), which was patented in 

1944 (Freuler, 1944). As a result, vehicle emissions contain particulate matter with P content 

ranging from 0.0006 – 0.48 % by mass (non-diesel: Pierson and Brachaczek, 1982; Hildemann, 

1991; Que Hee, 1994; Watson et al., 1994), and 0.006 – 0.15 % by mass (diesel: Pierson and 

Brachaczek, 1982; Hildemann, 1991; Lowenthal et al., 1994; Watson et al., 1994). Because P-

based additives have been used in lubricating oils for over 70 years (Freuler, 1944), and the P 

content of additives was unregulated for 45 years (Spikes, 2004), it is likely roadside soils have 

received substantial P inputs due to the deposition of vehicular exhaust. 

This study synthesizes P and arsenic (As) concentration data in roadside soils across 

multiple cities, including a metropolitan-scale analysis of Southern California, USA and a 

roadside transect scale study of Pittsburgh, Pennsylvania, USA. At both scales and locations, 

total soil P increases closer to the roadside. Furthermore, in Southern California, soil molar P/As 

ratios become increasingly similar to literature P/As values for vehicular exhaust near the road 

edge. These patterns in soil chemistry suggest that roadside soils receive substantial loadings of 

P from the roadway. Specifically, soils less than 40 m from the road edge in the Los Angeles 
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Metropolitan Area have accumulated hundreds of kilograms of P per hectare, a substantial 

mass comparable to estimated accumulations of P in global agricultural soils. These results, 

coupled with the expansion of global road networks, necessitates managers to account for this 

legacy P pool in global P budgets. 

5.2 METHODS 

5.2.1 Site Descriptions 

The soil samples analyzed in this study are archived samples collected from roadside 

areas in Southern California, USA and Pittsburgh, Pennsylvania, USA. Twenty-one samples were 

collected from surficial (< 5 cm sampling depth) park (i.e., city, state, or wildland reserves) soils 

in regions of Los Angeles and Riverside County Figure 5-1a). Mean annual temperature ranges 

from 9.5 to 19 °C and mean annual precipitation ranges from 223 to 706 mm (PRISM Climate 

Group Oregon State University, 2004) (Table 5-1). Parent material of southern California sample 

localities varies greatly, but primarily consists of Quaternary alluvial deposits and Mesozoic 

granitic intrusives (California Geological Survey, 2012). Likewise, a wide variety of soil types 

were sampled. Detailed descriptions of the soil types and bedrock geology of sampled areas are 

provided in Rossi et al. (2015). 

In Pittsburgh, Pennsylvania, USA twenty-four soil samples were collected from a 

transect located perpendicular to a sixty-three year old (Pennsylvania. Dept. of Highways 

United States. Bureau of Public Roads, 1953) portion of I-376 (Figure 5-1b). The mean annual
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Figure 5-1. Map of sampling locations in Southern California, USA (a) and Pittsburgh, Pennsylvania, USA (b). 

Figures adapted from Rossi et al., (2015b, 2016). 

temperature and precipitation of the sampling transect are 11 °C (Arguez et al., 2010) and 959 

mm (PRISM Climate Group Oregon State University, 2004), respectively (Table 5-1). Geology 

underlying the sampling transect comprises cyclic sequences of Pennsylvanian age limestone, 

siltstone, shale, and sandstone (Leighton, 1927). Soils of the transect are Ultic Hapludalfs 

(Urban land-Culleoka complex), consisting of silt loams, channery silt loams, and flaggy clay 

loams (Newbury et al., 1981; Soil Survey Staff et al., 2013). 

5.2.2 Sample Collection 

Southern California soil samples were collected in July 2008, originally to examine soil 

respiration, and later, to examine soil acidification processes in roadside soils (Rossi et al., 

2015). Likewise, roadside soil samples were collected from Pittsburgh, Pennsylvania in July and 

August 2013 for a previous study examining major cation mobilization in roadside soils via 
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Table 5-1. Sampling distance from the roadside (Allegheny County Division of Computer Services Geographic 

Information Systems Group, 2006; Los Angeles County GIS Data Portal, 2012; Riverside County Transportation & 

Land Management Agency, 2012), average annual daily traffic (AADT), average annual daily truck traffic (ADTT) 

counts (California Department of Transportation, 2009; Pennsylvania Department of Transportation Bureau of 

Planning and Research Geographic Information Division, 2016), mean annual temperature (MAT) (PRISM Climate 

Group Oregon State University, 2004b; Arguez et al., 2010), and mean annual precipitation (PRISM Climate Group 

Oregon State University, 2004b) for the Southern California sampling stations and the Pittsburgh, Pennsylvania 

roadside transect. 

Station Distance from Road (m) AADT ADTT MAT (°C) MAP (mm) 

Southern California 
AGH 301 6,100 427 18.7 235 
BDC 5031 NA NA 13.6 379 
JR 543 5,900 236 11.8 676 
PF 957 NA NA 13.9 420 
FG1 63.9 329,000 22,579 18.4 464 
FG2 17.6 329,000 22,579 18.4 464 
FP1* 27.1 252,000 27,720 18.5 283 
FP2* 8.34 252,000 27,720 18.5 283 
PP1* 3.50 102,000 3,122 16.7 351 
PP2* 32.3 102,000 3,122 16.9 355 
PRP1ⱡ 18.7 514,500 16,378 17.5 380 
PRP2ⱡ 2.08 514,500 16,378 17.5 380 
SR5 2295 NA NA 12.8 482 
SR6 2921 NA NA 11.1 582 
SR7 4482 NA NA 10.6 612 
SR8 6975 NA NA 9.47 666 
WN1 29.1 460,000 36,291 19.2 394 
WN2 24.7 460,000 36,291 19.2 394 

Pittsburgh, Pennsylvania 
Top-Slope 8.24 40,187 3,283 11.0 959 
Mid-Slope 15.3 40,187 3,283 11.0 959 
Bottom-Slope 24.4 40,187 3,283 11.0 959 

*Traffic counts for only one lane were available. 
ⱡTraffic counts reflect the average between traffic counts collected at two post miles. 
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inputs of high total dissolved solid solutions (Rossi et al., 2016). Detailed information pertaining 

to sample collection in Southern California, and Pittsburgh, Pennsylvania, are provided in 

chapter 2 (Rossi et al., 2015) and chapter 3 (Rossi et al., 2016), respectively. 

5.2.3 Chemical and Laboratory Analysis 

Samples collected from Pittsburgh, Pennsylvania were dried at 50 °C for 48 h and a 

portion powdered in a ball mill (tungsten carbide bomb). Powdered soil samples were nearly 

totally digested (i.e., magnetites and silicates were likely not dissolved) in aqua regia (3:1, 

vol/vol, concentrated, sub-boil distilled hydrochloric and nitric acid) with a dropwise addition of 

30% hydrogen peroxide (vol/vol). Sediment extracts were diluted with 2% nitric acid (vol/vol, 

sub boil distilled), spiked with an internal standard of Be, Ge, and Tl, and analyzed for near-total 

As and P concentrations on an inductively coupled mass spectrometer (Perkin-Elmer Nexion 

300x ICP-MS) at the University of Pittsburgh. Sample As concentrations were measured using 

the kinetic energy discrimination (KED) method. Duplicates were run every seven samples and 

were generally within 10% of each other. Blanks were run every ten samples to check for 

memory effects and were below the calibration blank intensities. Instrument drift was assessed 

by running a drift check after every ten samples, which were generally within 10% of previous 

sample measurements. Soil organic matter was measured via LOI, determined by combusting 

the dried sample in a muffle furnace at 550 °C for 4 h at the University of Pittsburgh. 

Phosphorus source provenance was determined via mixing model analysis (Faure and 

Mensing, 2005). In mixing model analysis, elemental ratios are compared amongst collected 
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samples and endmembers to evaluate the influence of endmembers on observed soil 

chemistry. For our analysis, we normalize soil P concentrations with soil As concentrations. 

Arsenic was selected because it exhibits similar chemical behavior as P (Wenzel, 2013), and is 

found in vehicular components (e.g., brakes and tires) (McKenzie et al., 2009). 

5.2.4 Spatial and Statistical Analysis  

Spatial analysis was conducted in ArcGIS 10.2. Road coverage data for Allegheny 

(Allegheny County Division of Computer Services Geographic Information Systems Group, 

2006), Los Angeles (Los Angeles County GIS Data Portal, 2012), and Riverside (Riverside County 

Transportation & Land Management Agency, 2012) counties were obtained from county 

governments, and used to determine the distance of the sampling site from the roadway. 

Traffic volumes for Southern California and Pittsburgh, Pennsylvania were collected from state 

agencies (California Department of Transportation, 2009; Pennsylvania Department of 

Transportation Bureau of Planning and Research Geographic Information Division, 2016). For 

two sampling areas in Southern California (FP and PP), traffic counts were only available for one 

side of the roadway. Consequently these counts were doubled to consider traffic volumes in 

both directions (i.e., east and west bound). Similarly, because traffic volumes were not counted 

at the post mile near one sampling area (PRP), the average of traffic counts collected at the two 

nearest post miles was taken to represent the traffic volume near the sample collection area. 

To account for site variability within each sampling area, the average soil As and P 

concentrations for each area (e.g., concentrations for FP1 and FP2 were averaged to comprise 
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FP) were compared to traffic volumes. Data and statistical analysis were performed in Tibco 

Spotfire S+ 8.2.0. and the R software (R Core Team, 2016). 

5.2.5 Phosphorous Accumulation Calculations 

Phosphorus accumulation in Southern California roadside soils was determined first by 

selecting a breakpoint in soil P concentrations versus distance from the roadside. Specifically, 

40 m was chosen as previous studies (e.g., Daines et al., 1970; Wylie and Bell, 1973; Clift et al., 

1983; Kingston et al., 1988) have determined that majority of gasoline associated lead is 

deposited between 30 and 50 m from the roadside. Next, soil P concentrations were averaged 

for each group (i.e., samples less than 40 m from the roadside, and samples greater than 40 m 

from the roadside). We assume the distant group to be representative of background soil P 

concentrations, and therefore the difference between the two averages represents the amount 

of P (in mg kg-1) that has accumulated in near-road soils. Subsequently we determine the 

amount of P accumulated (Paccum, in kg ha-1): 

Paccum = {[P�] x (Vsoil x ρsed x (1 − φsoil))} x (1 x 102)     (1) 

where, [P�] is the amount of P (in mg kg-1) that has accumulated in near-road soils, Vsoil is the 

volume of soil sampled (5 cm3), ρsed is the density of sediments (2.65 × 10-3, kg cm-3), and φsoil is 

the porosity of soil (assumed to be 0.40). Finally, we assume a sample surface area of 1 cm2 and 

multiply by 1 x 102, to determine the amount of P accumulated in kg ha-1. 

Because soil depth profiles were sampled along the Pittsburgh roadside transect we 

instead assess the degree of P accumulation by considering thickness weighted averages (Pavg, 
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in mg kg-1): 

Pavg = 1/H x ∑(h i x [P])         (2) 

where hi is the thickness (i.e., depth range) of each sampled soil horizon (in cm), [P] is the P 

concentration (in mg kg-1) of the sampled depth range, and H is the total thickness of the soil 

column (in cm). 

To quantify P loadings from the weathering of asphalt paving materials, first the mass of 

P present in a 1 meter unit length of asphalt roadway at a sampling area was determined 

(PAsphalt, in kg): 

PAsphalt = [%B x (wroad x hAsphalt x ρAsphalt)] x % PAsphalt     (3) 

where %B is the percent of asphalt binder (11.7 % by mass) (California Department of 

Transportation, 2012a), wroad is the width of the roadway near the sampling area (in m), hAsphalt 

is the thickness of the asphalt base course (assumed to be 0.15 m for the sampled regions) 

(California Department of Transportation, 2005, 2012b), ρAsphalt is the density of asphalt 

(assumed to be 2390 kg m-3) (California Department of Transportation, 2012a), and %PAsphalt is 

the P content in asphalt (assumed to be 1.2 % by mass) (Reinke and Glidden, 2010).  

Next, P loadings (P�Asphalt, in kg ha-1 yr-1) to near-road areas (i.e., within 40 meters from 

the roadside) via the weathering of asphalt were estimated:  

P�Asphalt = [PAsphalt x τ) ÷ A] ÷ tPPA        (4) 

where PAsphalt is mass of P in a 1 meter length of roadway as determined by (3), τ is the assumed 

yearly road surface attrition rate (0.05 % by mass), A is the near-road area (80 m2 or 0.008 ha),  
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Figure 5-2. Southern California soil phosphorus (a), arsenic (b), and molar phosphorus arsenic ratios (c) versus 

the log transformed distance from roadside. The dashed line in panel c indicates the average of values (39.0) 

measured in vehicle exhaust (Hildemann, 1991; Lowenthal et al., 1994; Gillies et al., 2001). The circles represent 

samples collected within 40 m from the roadside, whereas the triangles indicate samples collected greater than 

40 meters from the roadside. One outlying phosphorus and arsenic concentration (2480 mg kg-1, not shown, 24.7 

m from the road) likely reflects fertilizer inputs. 

and tPPA is the accumulation period (i.e., that P based asphalt additives have been used, or 35 

yr) (Cao et al., 2011).  

Similarly, P loadings from vehicular exhaust (P�Exhaust, in kg ha-1 yr-1) were calculated:  

P�Exhaust = {[(PExhaust x mPM) x T] ÷ A} x tZDDP      (5) 

where PExhaust is the average mass of P in vehicular emissions (assumed to be 0.21 % by mass) 

(Pierson and Brachaczek, 1982; Hildemann, 1991; Lowenthal et al., 1994; Watson et al., 1994; 
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Cadle et al., 1999, 2001; Gillies et al., 2001), mPM is the vehicular emission factor of particulate 

matter (3.3E-7 kg PM m-1) (United States Environmental Protection Agency Office of 

Transportation and Air Quality, 2008a, 2008b), T is the sum of AADT and ADTT, A is the near- 

road area (80 m2 or 0.008 ha), and t is the accumulation period (i.e., the length of time ZDDP 

has been used, or 64 yr) (Freuler, 1944). 

5.3 RESULTS 

5.3.1 Trends in Southern California Roadside Soil As and P Concentrations 

In surficial southern California soil samples, P and As concentrations are related to the 

log transformed sampling distance from the roadway (r2= 0.45 and 0.47, respectively). 

Specifically, near-road soils contain relatively higher soil P and As concentrations (Figure 5-2a & 

b). Furthermore, soil P concentrations are also related to average annual daily traffic (r2 = 0.33), 

and soil As concentrations are also related to average annual daily traffic (r2 = 0.50) (Table 5-2). 

Table 5-2. R2 and p values for linear regression analysis of Southern California samples. 

  P     As   

 
r2 p value 

 
r2 p value 

Average annual daily traffic (AADT) 0.31 0.20 
 

0.50 0.08 
Annual average daily truck traffic 
(ADTT) 0.33 0.17 

 
0.42 0.12 

Total Traffic (AADT + ADTT) 0.31 0.19   0.49 0.08 
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Figure 5-3. Depth profiles of phosphorus (a), arsenic (b), and iron (c) concentrations, and organic matter content 

(d) in soils sampled from a roadside transect in Pittsburgh, Pennsylvania, USA. The color and shape of the 

symbols indicate the position of the sample along the hillslope. The box plots in the dashed box in panels a & b 

display phosphorus and arsenic concentrations in sampled parent material. The outlying parent material arsenic 

concentration occurs in a shale sample with observable iron nodules, suggesting arsenic was concentrated 

during sediment deposition. 

Soil P/As molar ratios also appear to be influenced by road proximity, decreasing towards 

values (39.0 ± 23.9) typical of vehicular exhaust (Figure 5-2c, dashed line) (Hildemann, 1991; 

Lowenthal et al., 1994; Gillies et al., 2001). Additionally, there is a break in soil P/As ratios that 

appears to occur at approximately 100 meters from the roadway (Figure 5-2c). 

5.3.2 Patterns in Roadside Soil P and As Concentrations in Pittsburgh, Pennsylvania 

In the soils collected from the roadside transect in Pittsburgh, Pennsylvania, P and As 

concentrations are also related to distance from the roadway. Specifically, soil P and As 
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concentrations are generally higher in near road soils (Figure 5-3a & b), with the highest 

concentrations occurring at 32 and 53 cm depth. Furthermore, intermediate depth (~43 & 53 

cm depth) top slope soil P concentrations are relatively enriched in comparison to local bedrock 

(Figure 5-3a, box plot). At all depths, mid-slope soil P concentrations are relatively depleted in 

comparison to local parent material (Figure 5-3a, box plot). Additionally, bottom slope soils 

deeper than approximately 40 cm are relatively depleted in comparison to local bedrock (Figure 

5-3a, box plot). In general, soil As concentrations are within the range of As concentrations 

measured in sampled bedrock (Figure 5-3b). However As concentrations in mid-slope and 

bottom slope soils deeper than approximately 40 cm are relatively depleted in comparison to  

 

Figure 5-4. Pittsburgh soil phosphorus concentrations normalized with soil arsenic concentrations. Top slope 

nest samples are represented by boxes, mid slope nest samples are represented by triangles, and bottom slope 

nest samples are represented by circles. The star represents values measured in sampled bedrock. The arrows 

designate values of sampled leaves and leaf litter, average values of exhaust (Hildemann, 1991; Lowenthal et al., 

1994; Gillies et al., 2001), and coal (Palmer et al., 2015). 
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local bedrock (Figure 5-3b). Lastly, in general, soil organic matter content is highest in the mid-

slope soils, and lowest in the bottom slope soils (Figure 5-3d). 

Unlike Southern California, Pittsburgh transect soil P/As molar ratios do not display a 

clear influence from the roadway. However, soil P/As molar ratios do appear to be influenced 

by two source end members (Figure 5-4). Furthermore, at all sampling stations, soil P/As molar 

ratios are weakly related (r2 = 0.25) to sampling depth. In particular, soil P/As values generally 

increase in shallow portions of the soil. In particular, top-slope soils appear to be influenced by 

an end member with relatively higher P/As values, and mid-slope soils appear to be influenced 

by an end member with relatively lower P/As values. However, bottom slope soils appear to be 

influenced by both of these end members. 

5.3.3 Phosphorus Accumulation Calculations 

In general, soils within 40 meters of the roadside in Southern Californian contain more P 

than soils greater than 40 meters from the roadway. Specifically, soils sampled within 40 

meters from the roadside have an average P concentration of 1276 mg kg-1, whereas soils 

sampled greater than 40 meters from have an average P concentration of 672 mg kg-1  (t test p< 

0.001) (Table 5-3). Thus, it appears that 604 mg kg-1 of P has accumulated in roadside soils. 

Using this value (604 mg kg-1) as the [P�] term in (1) suggests roadside soils in Southern California 

receive P loadings of 480 kg P ha-1 over roughly the last 64 years. 

Similarly, the results of solving (2) for each soil profile sampled along the roadside 

transect in Pittsburgh, Pennsylvania also suggests that near-road soils have accumulated P. 
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Specifically, top slope (8.24 meters from roadside) soils have the highest (362 mg kg-1) thickness 

weighted average soil P concentrations (Pavg) (Table 5-4). The second highest Pavg (147 mg kg-1), 

which is less than half of the Pavg of the top slope soils, occurs at the bottom slope station (24.4 

meters from roadside) (Table 5-4). Finally, mid-slope soils (15.3 meters from roadside) have the 

lowest Pavg (100 mg kg-1) (Table 5-4). 

5.3.4 Loadings of Phosphorus from Asphalt and Exhaust Deposition 

Solving (3) with average California highway design characteristics suggests that, in 

general, a 1 meter length of roadway (i.e., road width) could contain between ~ 17 – 21 kg of P 

(Table 5-5). While these results suggest asphalt pavement is a possible source of P, solving (4) 

suggests that P�Asphalt ranges from approximately 0.03 – 0.05 kg ha-1 yr-1 (Table 5-5). Conversely,  

Table 5-3. Average phosphorus concentrations in sampled Southern California soils separated into soils collected 

from within 40 meters from the roadside, and soils collected from greater than 40 meters from the roadside. 

The high phosphorus concentrations observed in sample WN2 with was deemed to result from fertilizer 

application. Consequently this sample was not considered during analysis. 

Station Distance from Road (m) P (mg kg-1) Station Distance from Road (m) P (mg kg-1) 

PRP2 2.08 1230 FG1 63.9 550 
PP1 3.50 1510 AGH 301 1040 
FP2 8.34 1230 JR 543 450 
FG2 17.6 900 PF 957 670 
PRP1 18.7 1030 SR5 2295 650 
WN2* 24.7 2840 SR6 2921 440 
FP1 27.1 1400 SR7 4482 340 
WN1 29.1 1670 BDC 5031 1120 
PP2 32.3 1240 SR8 6975 790 

< 40 meters average 1276 > 40 meters average 672 
*Fertilizer influence 
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Table 5-4. Phosphorus thickness weighted averages for soils sampled from a roadside transect in Pittsburgh, 

Pennsylvania, USA. 

Depth Range h (cm) [P] (mg kg-1) h* [P] Σ h* [P] Pavg (mg kg-1) 

Top Slope (8.24 meters from roadside) 
0-16 16 360 5760 

28,629 362 

16-28 12 170 2040 
28-36 8 1200 9600 
36-50 14 280 3920 
50-55 5 670 3350 
55-67 12 140 1679 
67-70 3 160 480 
70-79 9 200 1800 

Mid-Slope (15.3 meters from roadside) 
0-28 28 190 5320 

8,003 100 

28-36 8 100 800 
36-43 7 60.1 421 
43-52 9 42.6 383 
52-62 10 65.7 657 
62-69 7 18.9 132 
69-80 11 26.3 289 

Bottom Slope (24.4 meters from roadside) 
0-14 14 240 3360 

10,865 147 

14-21 7 280 1933 

21-33 12 290 3430 

33-44 11 110 1181 

44-52 8 20 147 

52-59 7 8.49 59.4 

59-63.5 4.5 6.85 30.8 

63.5-68 4.5 39.5 178 

68-74 6 90 545 
 

loadings of P loadings from the weathering of asphalt (P�Asphalt) are relatively minimal. 

Specifically from vehicular emissions (P�Exhaust) appear to be much larger, ranging from 0.28 – 

1.39 kg ha-1 yr-1 (Table 5-5). 
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Table 5-5. Calculated phosphorus content of asphalt (PAsphalt), phosphorus loadings from asphalt weathering 

(P� Asphalt), and phosphorus loadings from exhaust deposition (P� Exhaust) for five sampled near-road areas in 

Southern California, and the entire Pittsburgh transect.  

Station AADT ADTT Traffic Road Width (m) PAsphalt (kg)  
(kg ha-1 yr-1) 

 
(kg ha-1 yr-1) 

Southern California 
PRP 514,500 16,378 530,878 42.0 21.1 0.04 2.98 
FP 252,000 27,720 279,720 34.0 17.1 0.03 1.57 
PP 102,000 3,122 105,122 40.0 20.1 0.04 0.59 
WN 460,000 36,291 496,291 52.0 26 0.05 2.78 
FG 329,000 22,579 351,579 34.0 17.1 0.03 1.97 

Pittsburgh 
Transect 40,187 3,283 43,470 30 15.1 0.03 0.23 

 

5.4 DISCUSSION 

5.4.1 Vehicular Emissions Input P and As to Los Angeles Roadside Soils 

In Southern California, surficial soils within 40 meters from the roadway are relatively 

enriched with P and As (Figure 5-2a & b). The relatively higher soil As concentrations in these 

roadside soils is hardly surprising, as the enrichment of As, and other trace metals in roadside 

environments is widely reported (Lagerwerff and Specht, 1970; Page and Ganje, 1970; Jaradat 

and Momani, 1999; Al-Chalabi and Hawker, 2000; Yun et al., 2000; Pagotto et al., 2001; 

Fakayode and Olu-Owolabi, 2003; Akbar et al., 2006; Christoforidis and Stamatis, 2009; Ezer, 

2009) However, fewer studies have reported noticeably higher P concentrations in near-road 

soils (Lagerwerff and Specht, 1970). While the relatively higher P concentrations in roadside 
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soils could possibly result from other human activities (e.g., fertilizer application), this is 

unlikely, as the same soils are relatively depleted in K (Rossi et al., 2015), a common component 

of commercial fertilizers (Jasinski, 2013). Similarly, the relatively elevated soil P concentrations 

in near-road (i.e., within 40 meters of the road edge) soils likely do arise from P accumulation 

during cycles of vegetative uptake and decomposition. For example, P concentrations are not 

related (r2 < 0.01) to soil organic matter. Instead, because the relatively higher concentrations 

within 40 meters from the roadway (Figure 5-2a & b, circles), are consistent with the 

depositional patterns of vehicular emissions reported in previous studies (Lagerwerff and 

Specht, 1970; Jaradat and Momani, 1999; Fakayode and Olu-Owolabi, 2003; Cape et al., 2004), 

P and As appear to be sourced from the roadway. 

Soil molar ratios also suggest that vehicular emissions are the source of the relatively 

elevated soil P concentrations in near-road soils. Specifically, as they approach the roadway, 

soil P/As molar ratios decrease towards values typical of vehicular exhaust (Figure 5-2d, dashed 

line). T The exact cause of the break in soil P/As molar ratios at 100 m from the roadside is not 

entirely clear, but may indicate mixing of multiple source end members. Soils distant from the 

roadway appear influenced by a source end member with low P/As values, possibly local 

granitic parent material (California Geological Survey, 2012). Likewise, samples at 

approximately 100 meters from the roadway could be influenced by a source end member with 

relatively high P/As ratios. However, soil molar P/As ratios could also possibly reflect a 

difference in the biogeochemical cycling of P and As. Specifically, P is a relatively tightly cycled 

nutrient (Ryan, 2014), thus soil P is likely tightly cycled by the vegetation. Conversely, As is 

generally toxic to vegetation (Kabata-Pendias, 2011), and therefore uptake by vegetation 
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should be minimal. These differences would allow soil P pools to remain relatively constant, 

whereas soil As pools would eventually be depleted over time by leaching, thus resulting in 

higher soil P/As ratios. As trace element chemistry, namely As, of local parent materials and 

local vegetation is not available in the literature, these end members cannot be confirmed at 

the present time. 

5.4.2 Vehicular Emissions Also Input P and As to Pittsburgh Roadside Soils 

Phosphorus concentrations in the Pittsburgh roadside transect soils also appear to be 

influenced by exhaust deposition, though not as strongly as in Southern California soils. In 

particular, the relatively elevated P concentrations in the top slope (i.e., near-road) soils (Figure 

5-3a), suggest a roadway influence. However, unlike Southern California, P concentrations do 

not vary strongly with distance from the roadway, but instead depend on sampling depth 

(Figure 5-3a). For example, soil P concentrations peak in top slope soils at approximately 32 cm 

below the land surface, and again at 53 cm depth (Figure 5-3a). Additionally, top slope soil Fe 

concentrations also peak at these same depths (Figure 5-3c). 

This relationship could reflect P leaching to depth (Miller et al., 2001) and sorbing to Fe 

oxyhydroxides (Parfitt, 1989; Miller et al., 2001). Soil P also appears to be leached in mid and 

bottom slope soils, as in general, P concentrations decrease with increasing depth in these soils 

(Figure 5-3a). The rise in soil P concentrations in deeper bottom slope soils (> 60 cm depth) 

could result from leached P accumulating at depth, or P being transported upward by 

fluctuations of the local groundwater. While the exact cause for this rise in P concentrations is 
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not clear from the current data, the upwards transport of P would be in line with previously 

theorized Ca and Mg transport patterns in these same soils (Rossi et al., 2016). 

5.4.3 Implications for Roadside Geochemistry 

The combination of the Southern California and Pittsburgh studies suggests that, 

nationally, if not globally, roadside soils are a potentially significant pool of P. Specifically, when 

considering the data from either study alone, one could argue that the observed influence of 

vehicular emissions on near-road soil P concentrations represents a localized phenomenon. 

However, the presence of this relationship across a regional gradient (i.e., Southern California) 

and at multiple locations seems to indicate our observations do not reflect small scale patterns. 

Additionally, our findings appear to be relatively independent of local geology and soil type, 

suggesting that our observations are minimally influenced by the local geochemical setting. 

Thus, it appears that in general, vehicular emissions are a significant source of near-road P. 

5.4.4 Loadings of P via Asphalt Weathering are Minimal 

While previous studies have suggested the possibility of P enrichment via exhaust 

deposition (Lagerwerff and Specht, 1970), this work appears to be the first clear documentation 

of P accumulation in roadside areas. Previous work examining P in urban environments have 

claimed the importance of roadways as a source of P loadings (Bannerman et al., 1993; Gilbert 

and Clausen, 2006; Metson et al., 2012), albeit through a less probable mechanism. In 

particular, these studies have attributed asphalt pavement as the source of the relatively higher 
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P concentrations observed in stormwater runoff. Moreover, P additives have been used in 

asphalt in in various amounts since 1973 (Cao et al., 2011), although not widespread until the 

1990’s (Reinke and Glidden, 2010). While construction materials do influence urban soil 

chemistry (e.g., Bain et al., 2012; Rossi et al., 2015, 2016), loadings of P from asphalt 

weathering are too minimal to drive the observations reported here (Table 5-5). Thus, it 

appears that previous studies (e.g., Gilbert and Clausen, 2006; Metson et al., 2012) have 

incorrectly identified asphalt as the source of the relatively higher P concentrations in 

stormwater runoff. 

In particular, asphalt pavement likely does not contain a large enough P content to 

significantly influence near-road geochemistry. Specifically, asphalt binders contain relatively 

minimal amounts of P, typically < 1.2% by mass (Reinke and Glidden, 2010). Additionally, 

asphalt binders comprise a minimal amount of roadways. For example, the California 

Department of Transportation highway design manual specifies that asphalt pavement should 

contain ~ 12% by mass of asphalt binder (California Department of Transportation, 2012a). This 

specification is not unique to our study region, as European asphalts also contain similar 

amounts (5 – 10 %) of binder (Ntziachristos and Boulter, 2003). Taking these percentages into 

account, the P content of asphalt is more on the order of 0.001 % by mass. 

Similarly our calculations are relatively conservative and likely grossly overestimate the 

wear of asphalt surfaces, and by extension, P loadings via asphalt weathering. Specifically, we 

assume a yearly road surface attrition rate of 0.05 %. Other studies have determined yearly 

rates of road surface wear anywhere between 0.0001 – 0.01 % (Muschack, 1990; Kennedy et 

al., 2002; Klimont et al., 2002), thus this assumed rate reflects a very high weathering rate and 
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is suitably conservative. While it is possible that we under estimate rates of road wear in areas 

where studded tires are used, studded tire use is minimal in the Los Angeles Metropolitan area. 

Moreover, the depositional patterns we observe would necessitate a relatively small particle 

size of road surface wear particles. While fine particles could conceivably be generated via 

interactions of vehicle tires and the road surface, roadway surfaces of Southern Californian 

state highways are generally Portland Cement Concrete, and “very erosion resistant” hot mix 

asphalt is used as the roadway base course (California Department of Transportation, 2012a). 

Thus, leaching would be the primary mechanism which would input P to near-road soils. 

However the arid Southern California climate, likely minimizes leaching rates, making this an 

unlikely P delivery mechanism. Therefore, it is unsurprising that our calculated P loadings via 

exhaust deposition dwarf P loadings via asphalt inputs (Table 5-5). 

5.4.5 Implications for Global Phosphorus Budgets  

The accumulation of P in roadside soils has important implications for surrounding 

natural systems, and by extension, global P budgets. In particular, loadings of P from vehicular 

emissions appear to have resulted in the accumulation of 480 kg P ha-1 in Southern California 

roadside areas, which when divided by the lifespan of ZDDP equates to 7.50 kg P ha-1 yr-1, a 

value slightly less than measured annual accumulations (12.8 kg P ha-1yr-1) of P in European 

agricultural soils (Runge-Metzger, 1995), and larger than global estimates of annual (5.57 kg P 

ha-1yr-1) P accumulation in agricultural soils (Bennett et al., 2001). 
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Currently, in global P budgets, agricultural activities (e.g., fertilizer and manure 

application) are generally considered to be the dominant anthropogenic source of P loadings to 

soils, and ultimately surface waters, via erosional losses (e.g., Smil, 2000; Peñuelas et al., 2013). 

However, our results suggest that atmospheric deposition can be a significant contributor of P 

to terrestrial environments. This conclusion has also been reached in the current literature, as 

other studies have suggested the growing importance of the atmospheric deposition of P 

(Mahowald et al., 2008; Brahney et al., 2015; Wang et al., 2015; Stoddard et al., 2016). 

However, our study demonstrates the potential significance of vehicular emissions to the 

atmospheric P budget, whereas previous attempts to close the atmospheric P budget (e.g., 

Wang et al., 2015) have ignored this seemingly significant source of atmospheric P. 

Our findings suggest that vehicular sourced P must be incorporated into global P 

budgets, especially in the context of the global expansion of road networks. In particular, in 

2014 there were 35.8 million km of roadways on the planet (United States Central Intellegence 

Agency, 2014). Assuming a depositional area of 80 m per one meter length of roadway, this 

constitutes an affected area of roughly 286 million ha, or 2.2 percent of the terrestrial surface 

of Earth, excluding Antarctica. Forecasts by the International Energy Agency predict that by 

2050 the total length of roadways will expand by 25.3 million km (Dulac, 2013), thereby 

expanding the amount of land that receiving loadings of vehicular sourced P to roughly 489 

million ha or 3.8 percent of the terrestrial surface of Earth. 

In contrast, the amount of arable land is predicted to expand at much slower rates than 

the expansion of global road networks. Specifically, in 2013 there were 1,408 million ha of 

arable land on the planet (Food and Agriculture Organization, 2015), or approximately 11 
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percent of the terrestrial surface of Earth. Forecasts by the United Nations Food and Agriculture 

Organization predict that by 2050 this amount will increase to 1,661 million ha (Alexandratos 

and Bruinsma, 2012), or roughly 13 percent of the terrestrial surface of Earth. This expansion 

only represents an 18 percent increase, a value much smaller than the expansion of global 

roadways, which are projected to increase by 71 percent. 

Ultimately, the relatively rapid expansion of global road networks poses a significant 

concern for managers seeking to minimize P inputs. Specifically, recent literature has 

recognized the need to consider the role of legacy P pools in modern P cycles (e.g., Sharpley et 

al., 2014; Powers et al., 2016). Because road networks are known to increase both rates of soil 

erosion (Forman and Alexander, 1998; Jones et al., 2000), and runoff (Dunne and Leopold, 

1978), and soil P losses occur primarily during erosional and runoff events (Sharpley et al., 

1992), the accumulation of P in roadside soils creates a P pool with a high propensity to be 

mobilized, and therefore should be carefully accounted for in future P budgets. 

5.5 CONCLUSIONS 

The increased soil P and As concentrations observed in Southern California roadside 

soils appear to result from the deposition of vehicular exhaust (Figure 5-2a & b). Specifically, 

the use of P-based additives in fuels and lubricating oils (Pierson and Brachaczek, 1982; Nicholls 

et al., 2005; Spencer et al., 2006; McDonald, 2009) appears to contribute significant amounts of 

P to near-road soils, as the relationships of soil P concentrations match previously reported 

depositional patterns of other roadway sourced contaminants (Lagerwerff and Specht, 1970; 
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Jaradat and Momani, 1999; Fakayode and Olu-Owolabi, 2003). Because these patterns persist 

across a regional gradients of bedrock lithologies, climate, and vegetation composition, it is 

unlikely the observed relationships result from a natural source of P. Moreover, soil molar P/As 

ratios highlight the influence vehicle emissions on roadside soil P and As concentrations (Figure 

5-2c).  

Likewise, soils along a roadside transect in Pittsburgh, Pennsylvania also appear to have 

accumulated P from the deposition of vehicular exhaust (Figure 5-3a). Specifically, thickness 

weighted averages of three sampled soil profiles located 8, 15, and 24 meters from a major 

interstate demonstrate that near-road soils contain, on average, more than twice as much P as 

other soils (Table 5-4). However, the accumulation of P in Pittsburgh soils is not as striking as 

the P accumulation in Southern California roadside areas. This discrepancy likely results from 

the relatively smaller traffic volumes in Pittsburgh (Table 5-5). Furthermore, the relatively 

humid climate promotes the leaching of roadway P and As, thereby obscuring a clear vehicle 

exhaust source signature. 

This work clearly documents the accumulation of P in roadside areas, building on 

previous literature suggesting the possibility of P enrichment via exhaust deposition (e.g., 

Lagerwerff and Specht, 1970). Additionally, although previous studies have identified roadways, 

specifically asphalt, as a source of P loadings (Bannerman et al., 1993; Gilbert and Clausen, 

2006; Metson et al., 2012). It is doubtful that the weathering of asphalt would provide enough 

P to drive our observations, as the average calculated P loading from asphalt weathering (0.04 

kg ha-1 yr-1) are over ten times smaller than the average calculated P loading via vehicular 

exhaust (0.92 kg ha-1 yr-1) (Table 5-5). Consequently, these traffic borne P loadings appear to 
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have resulted in annual accumulation of 7.50 kg P ha-1 yr-1 in Southern California roadside 

areas, which is larger than previously estimated rates (5.57 kg P ha-1yr-1) of P accumulation in 

global agricultural soils (Bennett et al., 2001). Thus, inputs of P due to the deposition of 

vehicular exhaust appear to represent a relatively significant flux of the terrestrial P cycle, and 

therefore should be considered in future nutrient abatement efforts. 
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6.0  CLOSING REMARKS 

This dissertation, like previous literature, has demonstrated that human activities have 

had a substantial impact on both loadings and dynamics of metals. However, while existing 

literature generally documents effects of isolated processes (e.g., considering only the impacts 

of soil acidification), fewer studies have examined urban soil metal dynamics that result from 

the interaction of multiple processes. This research documents some of these interactions, 

including the interactions between the weathering of road construction materials and soil 

acidification processes. This research also characterizes relatively poorly understood and 

undercharacterized sources of notorious environmental contaminants (e.g., the accumulation 

of phosphorus in near-road soils), that have resulted in significant legacy contamination. 

Furthermore, this dissertation demonstrates that while periods of metal contamination are 

commonly thought to reflect the lifespan of the polluter, the historical sequence of multiple 

industries likely results in extended periods of trace metal contamination. Moreover, rapid 

shifts in industry (e.g., unconventional gas extraction), or extreme hydrologic events can 

mobilize this legacy contamination, and pose a substantial risk to ecosystem and human health. 

Thus consideration of these interactions is essential for effective landscape management, 

particularly in areas where legacy contamination is poorly characterized. 
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Chapter 2 demonstrated that soil acidification processes observed in forested soils also 

occur in the roadside environment. However, these processes are relatively nuanced, as they 

are heavily influenced by local lithology and human activities. In particular, while multiple 

elements were depleted in roadside soils, calcium pools were largely unaffected, due to calcium 

inputs from the weathering of concrete road materials. The insensitivity of soil calcium pools to 

soil acidification is contrary to observations made in forested ecosystems, as calcium depletion 

is a well reported repercussion of soil acidification. Thus, building materials appear to exert 

strong control on urban soil chemistry. 

Chapter 3 emphasized the importance of the local hydrologic setting on seasonal cation 

dynamics in urban ecosystems. Specifically, the influence of both topographically and 

infrastructurally driven hydrological flowpaths on sodium transport was documented. These 

multiple flowpaths resulted in an extended period of elevated soil water sodium and chloride 

concentrations, and subsequently chronic sodium loadings to coupled systems. However, once 

again, the built environment heavily influenced the observed soil metal dynamics, as the 

transport of sodium appeared to be driven by aging highway drainage infrastructure. 

Additionally, roadside soils were enriched with calcium via the weathering of concrete road 

materials.  

Chapter 4 underlined the lasting influence of legacy industries on regional metal 

chemistry. In the approximately 210 year sediment record, trace metal loadings via multiple 

industries (e.g., leather tanning, coal extraction, metallurgy) were reconstructed. Notably, 

modern arsenic loadings were overshadowed by historic trace metal loadings. Furthermore, 

Chapter 4 also demonstrated that progress in decreasing trace metal emissions from one 
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industry can be quickly lost due to establishment of other industries. Together, this history 

sequence can result in extended periods of trace metal contamination, that can be remobilized 

through anthropogenic or natural (e.g., extreme hydrologic events) processes. This is especially 

relevant to areas experiencing rapid changes in industrial activity (e.g., Southwestern 

Pennsylvania), that can alter surface water chemistry via the extraction of energy reserves and 

perturb the local geochemical setting. 

Chapter 5 illustrated the significant accumulation of phosphorus in Southern California 

roadside soils. While other studies have identified roadways, specifically asphalt, as a source of 

P loadings, calculated P loadings via asphalt weathering (0.04 kg ha-1 yr-1) are over ten times 

smaller than calculated P loadings via vehicular exhaust (0.92 kg ha-1 yr-1). We estimate the 

accumulation of 800 kg P ha-1 in Southern California roadside areas, which when divided by the 

lifespan of ZDDP equates to 12.5 kg P ha-1 yr-1, a value comparable to measured annual 

accumulations (12.8 kg P ha-1yr-1) of P in European agricultural soils (Runge-Metzger, 1995), and 

larger than global estimates of annual (4.85 kg P ha-1yr-1) P accumulation in agricultural soils 

(Bennett et al., 2001). 
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