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Abstract 

Characterizing Sources and Identifying Pathways of Urban Metal Contamination at the 

Groundwater-Soil Interface 

 

Angela Rena Mullins, PhD 

 

University of Pittsburgh, 2020 

 

 

 

 

Urban processes modify the landscape, disturbing natural groundwater flow and 

introducing chemical contaminants to the soil and groundwater. Therefore, urban groundwater can 

reroute contaminants, transporting metals and nutrients from surface runoff through the subsurface 

environment and reintroducing them to soils and rivers. Although groundwater connects surface 

runoff to receiving rivers and streams, few studies have documented the long-term impacts of 

urbanization on groundwater chemistry or the effects of contaminated groundwater on soil 

contamination patterns. 

This dissertation examines metal contamination in both surface soils and near surface 

groundwater. The observed interaction between urban hydrology and legacy contamination reveals 

critical zone chemical dynamics with important implications for urban environments. In particular, 

the fate of urban metal contamination through the groundwater-soil interface in Pittsburgh, PA is 

examined by 1) exploring geochemical consequences of human interventions to reduce rapid 

runoff and associated hydrogeochemical impacts from green infrastructure installation, 2) 

analyzing transport of contaminants through urban groundwater systems using an elevational 

transect of discharging springs, and 3) examining the potential for soil metal accumulation at points 

of  interaction between contaminated groundwater and soils. 

This research revealed fundamental interactions between urban soils and groundwater: 1) 

Stormwater captured and introduced to shallow groundwater through road-side infiltration-based 
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green infrastructure changed water chemistry.  The primary drivers were winter loadings of road 

de-icer and the formation of a reducing environment in the summer. 2) Groundwater spring 

chemistry is remarkably consistent across a series of strata aquifers despite substantial differences 

in distance from recharge zones. Further, this consistency in chemistry occurred even as silicon 

concentrations indicated the waters are a mix of short and long residence time waters. 3) Spring 

water discharge enriched with transition metals increases soil metal concentrations downslope of 

the springs. Using total, exchangeable, and pore water metal chemistries, records of legacy metal 

enrichment were found in soils receiving spring water over multiple time scales from months to 

decades. This pattern has the potential to create hot spots of soil metal contamination in urban 

landscapes.  

This dissertation characterizes the fate of urban contaminants through the groundwater-soil 

interface, improving our ability to predict spatial patterns of urban soil contamination.  
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1.0 Introduction 

Between 1950 and 2000, urban land cover in the United States has increased 500% and by 

2030, global urban area is projected to increase another 180% (Seto and Kaufmann 2003). This 

rapid urbanization changes hydrology in unpredictable ways, making it challenging to counteract 

or prevent its effects. Urban hydrology is heavily influenced by the replacement of natural land 

surfaces with impervious cover. Increased impervious cover lowers infiltration of precipitation, 

causing flashier storm responses, increased stormwater runoff volumes, and slope instability from 

channel incision (Harbor 1994; Walsh et al. 2005; Bhaskar et al. 2015). Decreased infiltration also 

has the potential to reduce groundwater recharge or change points of recharge and discharge (Paul 

and Meyer 2001). Groundwater recharge and base flow are lower in some regions of urban 

development while groundwater elevation and base flow can also increase in urban areas due to 

water supply pipe leakage, reduced evapotranspiration, or discharge of wastewater from imported 

or confined water (Walsh et al. 2005; Bhaskar et al. 2015).  

Urban stormwater is rich in contaminants such as nutrients, suspended sediments, and 

heavy metals and these pollutants often accumulate in roadside environments (Hogan and 

Walbridge 2007). Metal contamination sources for urban runoff include the abrasion of car breaks 

and tires and weathering of paints and metals from buildings (Ni, Cr, Pb, Cu, and Zn). Cities with 

histories of intense industrial activity, like Pittsburgh, also have abundant legacy metal 

contamination from atmospheric deposition of industrial emissions (Davis et al. 2009). Further, 

widespread use of leaded gasolines prior to 1986 led to substantial legacy heavy metal 

contamination in roadside soils (Mielke and Reagan 1998). Trace metals found in urban soils can 

be toxic when biota including vegetation, animals, and humans are exposed at high enough 
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concentrations (Hammond and Aronson 1964; Foy et al. 1978; Alexander and Delves 1981; 

Mielke et al. 1999). Therefore, ecosystem health is likely negatively impacted by the concentration 

or mobilization of trace metal contamination in urban environments. 

While many studies focus on soil contamination or surface water hydrologic change, few 

have connected soil contamination and groundwater contamination to subsurface transport (e.g. 

Foos 2003; Bardsley et al. 2015; Gabor et al. 2017). There is a critical need to understand how 

urban groundwater transports metal contamination, especially from roadside environments, 

through subsurface groundwater flow. It is also important to characterize the metal contaminant 

chemistry at the interface between groundwater and soil and points of surface discharge like 

springs and seeps. This dissertation clarifies subsurface contamination transport, identifies 

potential locations of novel exposure to humans and ecosystems, and improves our ability to 

manage these exposures. In particular, this dissertation characterizes urban trace metal 

contamination with a focus on interactions between infiltration-based green infrastructure, 

groundwater, springs, and the soils surrounding spring discharge points. This research addresses 

1) biogeochemical regimes in infiltration-based green infrastructure installed in a roadside 

environment, 2) urban spring water chemistry in the context of complicated urban subsurface flow, 

and 3) the interaction between soil and contaminated groundwater at springs and seeps. 

Chapter 2 explores the geochemical consequences of human interventions to reduce rapid 

runoff and associated impacts to the hydrologic cycle, namely green infrastructure. Low impact 

development (LID) and green infrastructure (GI) have become popular means of mitigating the 

negative impacts of urbanization and restoring natural hydrological function (Dietz 2007; 

Ahiablame et al. 2012). LID is a set of practices that manage runoff as close to the source as 

possible and green infrastructure, a subset of LID, consists of engineered systems that rely on using 
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soil and vegetation to capture runoff and reduce flows to drainage collection systems (USEPA). 

Specifically, infiltration-based GI designs are intended to store stormwater runoff and reroute it to 

slower soil and ground water flowpaths (Campisano et al. 2011). 

GI and LID can reduce surface runoff (Selbig and Bannerman 2007; Davis 2008), however, 

these structures may also negatively affect the chemical regimes of near road subsurface 

environments. As previously noted, urban stormwater runoff contains contaminants from a variety 

of sources (Davis et al. 2009) and roadside soils also contain elevated concentrations of legacy 

metals (Mielke and Reagan 1998). Road salts increase the mobility of trace metals in soils through 

cation exchange and chloride complexation (Amrhein et al. 1992; Norrström and Bergstedt 2001; 

Bäckström et al. 2004). Further, additional saturation of roadside soils resulting from the 

concentration and introduction of high volumes of road runoff may create  anaerobic conditions 

(Machusick et al. 2011). Therefore, efforts to reduce negative hydrological impacts of urbanization 

through GI use may create negative impacts in roadside chemical environments. That is, GI may 

increase subsurface contamination both through the introduction of runoff contamination and the 

remobilization of legacy contamination.   

Although extensive research focuses on road runoff chemistry and hydrological effects of 

recent GI installation in the United States, the long-term effects of such projects on roadside heavy 

metal chemistry are not well characterized (Hunt et al. 2006; Hogan and Walbridge 2007; Emerson 

and Traver 2008). Therefore, the direct consequences of infiltration-based GI on the chemistry of 

roadside shallow groundwater chemistry remains unclear. The multi-year study on geochemical 

regimes of infiltration-based GI described in Chapter 2 documents chemical variability arising 

from seasonal changes in road salt and redox conditions and clarifies how GI systems evolve over 

time. 
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Chapter 3 examines transport of contaminants through urban groundwater using 

discharging springs, an underutilized access point to groundwater in areas where access is difficult. 

Current characterization of contaminant transport in urban groundwater is limited because 

groundwater wells are rare in urban areas (Manga 2001). Groundwater springs can be used as an 

alternative for the characterization of groundwater chemistry as the discharging water reflects the 

materials through which it moved (Garrels and Mackenzie 1967). Further, multiple measurements 

taken from groundwater springs over time can clarify sources of water to the spring (Mazor et al. 

1985). Therefore, the use of multiple groundwater springs in an urban area can offer insight into 

the origin of groundwater contamination. 

Despite the valuable insight into groundwater processes offered by springs, particularly in 

regions altered by urbanization, most current groundwater spring studies have focused on regions 

of karst geology (Vesper 2001; Vesper and White 2003; Heinz et al. 2009). While limited, studies 

on urban groundwater springs have shown a connection between urbanization and groundwater 

chemistry. A study measuring road salt contamination found that the volume of surface application 

and distance from the contaminant source (e.g. roads) controlled concentrations of dissolved Na 

and Cl in discharging groundwater springs (Foos 2003). Similarly, Gabor et al. (2017) observed 

that groundwater springs sourced by aquifers recharged in urban areas had higher concentrations 

of contamination. Therefore, surface contamination created by urbanization can negatively impact 

groundwater chemistry. Cities located in the Appalachian Plateau are built on a distinct bedrock 

geology of horizontal, redundant shale or siltstone beds that control flow of groundwater and 

results in a shallow regional water table and numerous groundwater springs (Sheets and Kozar 

2000). This abundance of springs in Pittsburgh makes it an ideal location to study multiple springs 

as a comparative set across multiple aquifers. 
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Previous work has identified a connection between surface contamination and groundwater 

spring chemistry (Foos 2003; Bardsley et al. 2015; Gabor et al. 2017).  However, the exact sources 

of contamination to urban springs remains ambiguous given the complex nature of urban 

groundwater flow. Chapter 3 characterizes changes in groundwater chemistry in discharging 

springs, identifying two sources contributing to spring discharge. Separating the precipitation-like, 

short residence time water source from the groundwater-like, long residence time water source 

demonstrates a complicated mix of sources  contributing contamination to spring discharge. 

Finally, the interaction between contaminated groundwater and soils at point of discharge 

was examined in Chapter 4. Urbanization creates complex patterns of soil contamination through 

the displacement of native soils and introduction of non-native soils in construction and excavation 

activities (Ajmone-Marsan and Biasioli 2010). Although soil metal contamination has been 

mapped in a number of urban settings, the specific mechanisms driving contamination patterns 

have not been thoroughly examined (e.g. Madrid et al. 2006; Pouyat et al. 2007; Cannon and 

Horton 2009; Luo et al. 2012; da Silva et al. 2020). Urban aquifers may gather legacy contaminants 

over their broad recharge zones as water infiltrates through contaminated soils.  If this groundwater 

discharges at distinct points (e.g., springs) then these metals may concentrate at points of discharge 

Thus, the subsurface movement of urban contaminants through ground and soil water flow paths 

and subsequent chemical discharge at springs and seeps can result in points of elevated soil 

contamination.  

Due to the interconnected nature of groundwater and surface water, the impacts of 

contaminated groundwater discharge on surface water quality have been extensively researched 

(e.g. Reay et al. 1992; Gallagher et al. 1996; Rivett et al. 2011). This research has found a clear 

connection between contaminated groundwater springs and reaches with elevated contaminant 
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loads in streams. In particular, shallow aquifers tend to introduce greater loads of contaminants to 

surface waters (Kornelsen and Coulibaly 2014). Therefore, urban groundwater has the potential to 

introduce contamination where it discharges into soils rather than into a body of water. This may 

result in greater contaminant heterogeneity or elevated concentrations of metal contamination that 

may pose an environmental risk in surface soils at points of groundwater discharge. Pittsburgh’s 

intense industrial history has resulted in elevated concentrations of heavy metal contamination 

from atmospheric deposition of industrial emissions (Tarr 2004; Maxim 2019). This makes the 

city a good location to study the effects of contaminated groundwater discharge on the 

redistribution of legacy contamination. 

Despite extensive research on the contribution of contaminated groundwater to receiving 

surface waters, the effects of contaminated groundwater on  soil receptors have not been well 

characterized, particularly in urban environments. The comparison of metal concentrations in soils 

upslope and downslope of groundwater springs described in Chapter 4 evaluates the role of 

contaminated groundwater discharge on urban soil metal dynamics  and demonstrates the potential 

generation of hot-spots of hazardous soil contamination.  

Although it is a vital part of the urban hydrologic cycle, groundwater remains an 

understudied aspect of urban environments. Knowledge gaps remain in how surface contamination 

interacts with groundwater and how contaminated groundwater affects soil chemistry. Further, the 

potential of concentration and transport of these contaminants through the groundwater needs to 

be clarified. Subsurface transportation of urban contamination may lead to hazardous levels of 

heavy metals in urban soils in areas where groundwater discharges to the surface. This dissertation 

characterizes the fate of urban contaminants through the groundwater-soil interface, following 
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contaminants from stormwater runoff infiltration, through subsurface groundwater conveyance, 

and finally to contaminated groundwater discharge into surface soils. 
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2.0 Seasonal Drivers of Chemical Flux from Roadside Infiltration-Based Green 

Infrastructure 

2.1 Introduction 

 

Urbanization affects hydrology, causing flashier storm responses, increased stormwater 

runoff volumes, and slope instability from channel incision (Harbor 1994; Walsh et al. 2005; 

Bhaskar et al. 2015). Low impact development (LID) and green infrastructure (GI) have become 

popular means of mitigating urbanization impacts and restoring hydrologic function (Dietz 2007; 

Ahiablame et al. 2012). Previous studies demonstrate that LID reduces surface runoff and 

diminishes storm response (Selbig and Bannerman 2007; Davis 2008). Infiltration-based GI 

designs are intended to store stormwater runoff and slowly release it to surrounding roadside soil 

(Campisano et al. 2011). Although infiltration-based GI (e.g., infiltration trenches) capture and 

reduce stormwater runoff, they may also introduce contaminated road runoff directly into 

surrounding hydrologic systems, bypassing the organic-rich top layer of soil that frequently 

stabilizes mobile metal contaminants (Couture et al. 2015; Khan et al. 2017). 

Urbanization introduces soil water contamination through increased road runoff which then 

accumulates in soils in environments close to roads (Medley et al. 1995; Hatt et al. 2004). Urban 

stormwater runoff carries contaminants such as nutrients, suspended sediments, and heavy metals 

(Hogan and Walbridge 2007). Contamination sources in urban runoff include the abrasion of car 

breaks and tires, paints and metals from buildings, and atmospheric deposition of industrial 

emissions, and road salt application in cities that receive snowfall (Davis et al. 2009). Further, 
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widespread use of leaded gasolines prior to 1986 and heavy industrial activity have led to 

substantial amounts of legacy heavy metal contamination in roadside soils (Mielke and Reagan 

1998).  

Efforts to minimize urban hydrologic impacts with roadside GI systems, like infiltration 

trenches, that directly receive road runoff, can transport street generated pollution to subsurface 

roadside environments. Several factors can change established roadside chemistry, in particular 

the application of road salt in cold environments. Amrhein et al. (1992), Bäckström et al. (2004), 

and Norrström & Bergstedt (2001)  all documented chemical changes in roadside environments 

resulting from cation exchange and chloride complexation, and found that dissolved heavy metal 

concentrations (cadmium [Cd], copper [Cu], lead [Pb], and zinc [Zn]) increase in response to road 

salt application. However, much of the road salt literature focuses on the salt pulse and does not 

necessarily consider other potential mobilization processes, particularly chemical reduction 

(Lagerwerff and Specht 1970; Li et al. 2001; Snodgrass et al. 2017). 

The addition of road runoff to roadside subsurface point sources such as infiltration 

trenches can raise the water table leading to increased soil saturation (Machusick et al. 2011). 

Anaerobic zones in roadside soils can form as soils become saturated and heterotrophic bacteria 

quickly consume the restricted amounts of oxygen available. The formation of these anaerobic 

zones in roadside soils leads to the mobilization of metals and metalloids such as iron [Fe], 

manganese [Mn], and arsenic [As] through reduction of metal oxides. For reduction to occur in 

roadside environments, three conditions must be met. First, dissolved oxygen concentrations must 

become depleted, second there must be a microbial population capable of reduction processes such 

as denitrification, and finally there must be a source of carbon to serve as an electron donor for the 

reduction reactions. Reduction is more likely to occur during the summer when biological activity 
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is at its peak (Couture et al. 2015). Reducing processes can be observed in changes in water 

chemistry in a predictable pattern that follows the order of redox succession (Puckett et al. 2002). 

The long-term interactions between GI function and geochemistry have yet to be 

characterized, despite extensive research on road runoff chemistry and recent implementation of 

GI in the United States (Brown and Peake 2006; Mell 2017). Thus, accurate prediction of 

contaminant transport from roads into surrounding soils through infiltration-based GI is currently 

not possible. This paper clarifies the connection between infiltration trench function (i.e., 

infiltration rate) and transport of dissolved heavy metals to urban soils and groundwater based on 

observations of two infiltration trenches during 2016 and 2017. Changes in dissolved metal 

concentrations in the trench water, combined with stormwater infiltration rates from the trenches, 

are used to evaluate trench function and measure dissolved metal transport from the trench 

systems. 

2.2 Materials and Methods 

2.2.1 Study Site 

Two infiltration trenches were installed in Schenley Park (Pittsburgh, PA) the summer of 

2014 (Figure 2-1). Water was collected in roadside catch basins then transported directly to an 

inline drain that brings water to the infiltration trench through a distribution pipe located at least 

sixty cm below the ground surface. A perforated pipe surrounded by at least 44 cm of geotextile 

contained limestone gravel fill then distributes the water horizontally throughout the trench and a 

solid distribution pipe at a higher elevation moves water to a level spreader to release excess water 
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as overland flow. Water at elevations below the perforated distribution pipe remain in the  

infiltration trench, resulting in constant standing water (Figure 2-2). 

 

Figure 2-1. Location of infiltration trenches and groundwater spring in Schenley Park, Pittsburgh (Allegheny 

County Imagery 2017). The blue circle indicates the location of a groundwater spring and the gray boxes 

outline the infiltration trenches. 

The trenches are located on a grassy hillside within a moderately urbanized residential 

neighborhood (population density: 2100 people/km2) (Census 2010) and forested parkland.  The 

“upper trench” was installed higher on the slope and closer to the road and is approximately 55 m 

long, 1 m wide, and has a level spreader at 0.6 m depth. The “lower trench” is shorter than the 

upper trench and is not as deep (18 m x 1 m x 0.45 m). While the upper trench is located at a higher 

elevation than the lower trench, it is not directly upslope. Therefore, interactions between trench 

waters are unlikely. The vegetation on the hillside was converted from turf grass to a “meadow” 

cover as part of the infiltration trench project to increase surface infiltration and evapotranspiration 
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(ET) rates. A groundwater spring that pools water on the soil surface is located at the bottom of 

the hillslope, though not directly downslope of either infiltration trench. 

 

Figure 2-2. Stormwater capture and diversion to infiltration trench conceptual design. Gray dotted line 

indicates design flaw where pipe to sewer is a lower elevation that pipe to level spreader. 

In summer 2016, it was determined that the upper trench was not installed properly and 

was diverting less water than the lower trench.  This observation resulted in a reassessment of the 

installation that revealed the upper trench overflow back to the combined sewer system was 

erroneously installed lower than the overflow to the level spreader (Figure 2-2).  Therefore, 

stormwater was diverted back into the combined sewer before the trench was filled to design 

capacity for much of the record discussed here. A fix was applied in July 2017, raising the level at 

which water begins to flow back to the sewer to a higher level than necessary to flow to the level 

spreader (Figure A-1). This error affected both infiltration rates measured from the trench as water 

levels were consistently lower and dissolved chemical concentrations as less stormwater was 

introduced to the system, resulting in less dilution and higher concentrations. 
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2.2.2 Sample Collection and Analysis 

Water samples were collected from the trench sumps in both infiltration trenches 

approximately bi-weekly from January 2016 to January 2018. Water discharged from the spring 

was also sampled bi-weekly, from May 2016 to January 2018. From July to October 2016 and 

from September to December 2017, there was no surface water discharging from the spring during 

sampling events, therefore no samples were collected. Unfiltered water samples were collected in 

high-density polyethylene (HDPE) containers triple rinsed with sampled water and refrigerated at 

4°C for no more than 24 hours before they were filtered (0.2-micron polyethersulfone) in the 

laboratory and split for metal and nutrient analysis. Water samples used for dissolved metal 

measurement were acidified using sub-boil distilled, concentrated nitric acid and stored at -20°C. 

Subsamples were then diluted with 2% nitric acid and spiked with an internal standard containing 

beryllium [Be], germanium [Ge], and titanium [Ti].  Diluted and spiked samples were analyzed on 

a PerkinElmerNexion 300x inductively coupled plasma-mass spectrometer (ICP-MS) for the 

following metals: sodium [Na], Mn, Fe, Cu, Zn, Cd, chromium [Cr], and Pb. Unacidified samples 

were measured for anions (sulfate [SO4
2-], and nitrate [NO3

-]) on a Dionex ICS2000 Ion 

Chromatograph. Standards and blanks were included regularly throughout sample batches. 

Regular duplicates showed a precision of within 10% of the measured values. Iron concentrations 

were measured using the kinetic energy discrimination (KED) method on the ICP-MS to reduce 

polyatomic interferences. 

Soil samples were collected in June 2018 from 10 locations surrounding the infiltration 

trenches (Figure A-2). The samples were collected to a depth of approximately 10 cm. The soil 

materials were then dried and metal analysis subsamples were powdered in a ball mill (tungsten 
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carbide bomb). Total metal concentrations in powdered samples were measured by ALS Chemex 

(ME-MS61). 

2.2.3 Infiltration Rate Calculation and Chemical Flux Estimation 

Trench water elevations and temperature were measured in 5-minute intervals using 

pressure transducers (Onset U20) deployed in the trench inline drains and corrected for 

atmospheric pressure with a nearby logger deployed at the ground surface. Trench water elevation 

was plotted alongside precipitation to identify infiltration events (Figure 2-3). Water infiltration 

rates from the trenches were calculated by dividing the change in water elevation by the time 

between the start of a storm response and the return of the water level to a baseline (i.e., when 

elevation no longer continued to  decrease or when  the next storm response began) (Figure A-3). 

To account for overflow from the trenches, the rate was not calculated until water elevations within 

the trench were decreasing at a steady rate (spikes at the beginning of a storm that reached 

elevations above the level spreader were disregarded).  Precipitation intensity data (15-minute 

intervals) were based on the University of Pittsburgh gauge (Station 9) in the Three Rivers Wet 

Weather Calibrated Radar Rainfall Network located roughly 1 km from the study area  

(3riverswetweather). Groundwater table fluctations were monitored in a well located 

roughly 300 m from the study area. The well was approximately three meters deep and downslope 

of the trenches, though too far from the trenches to observe any influence. Diurnal groundwater 

fluctuations were used to identify periods of ET (Figure A-4). 
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Figure 2-3. Continuous record of A) precipitation and water elevation in the B) Lower Trench and C) Upper 

Trench from January 2016 to December 2017. 0 indicates the bottom of each trench. 

Predicted infiltration rates based on changes in water viscosity were calculated using water 

viscosity and density values calculated with the temperature data collected by the pressure 

transducers. The ratio of density divided by viscosity during each infiltration event was used to 

estimate infitlration rate (Emerson and Traver 2008). This estimated rate was then normalized to 

what the rate would be at 0°C to evaluate percentage change over time. The changes in infiltration 

rate using this method were then compared to actual measured infitlration rates in Figure 2-4. 



21 

Figure 2-4.  Observed infiltration rates (red triangles & blue circles) compares with proportional predicted 

changes in water infiltration (black boxes) using the water temperature at the beginning of the storm event. 

Gray areas indicate periods of low evapotranspiration activity determined by observed patterns in the local 

water table. 

2.3 Results and Discussion 

2.3.1 Water Infiltration from Trenches 

Over the course of the study, 126 separate infiltration events were recorded in the lower 

trench and 133 in the upper trench. The median infiltration rate measured in the lower trench was 
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0.26 cm/hr (range 0.07- 0.66 cm/hr). The upper trench had a median infiltration rate of 0.13 cm/hr 

(range 0.04 - 0.40 cm/hr) (Figure 2-4). Over the course of the study period, the site received 218 

cm of precipitation – 104 cm in 2016 and 114 cm in 2017. The median infiltration rate from the 

lower trench was 0.18 cm/hr in the spring and summer and 0.32 cm/hr in the fall and winter. The 

upper trench had a spring/summer median infiltration rate of 0.13 cm/hr and a fall/winter 

infiltration rate of 0.10 cm/hr. Following the fix in July of 2017, higher infiltration rates from the 

upper trench were more common with a marginally higher average infiltration rate of 0.16 cm/hr. 

However, there is not enough data to draw any conclusions about the efficacy of the fix (Figure 2-

4). 

Periods of high evapotranspiration (ET) were inferred from the occurrence of diurnal water 

table patterns (i.e., ET drawdown) in a nearby observation well (Figure A-4) (White 1932).  

Detectable ET (evidenced by the diurnal water table pattern) began approximately on April 14 in 

2016 and April 12 in 2017 and ended on October 6 in 2016 and October 2 in 2017. Periods where 

ET was not the primary driver of groundwater elevation changes are depicted with gray boxes in 

Figure 2-4.  

2.3.2 Seasonal Patterns in Infiltration Rate 

Annual infiltration rate patterns were similar in the trenches:  higher infiltration rates 

occured in the spring and summer (March 20-September 22) and decreased in the fall and winter 

(September 23-March 21) (Figure 2-4). The mean infiltration rate was significantly higher during 

the spring and summer than the mean infiltration rate during the fall and winter (Student’s T-test, 

p<0.005 [lower trench], p< 0.01 [upper trench]) (Figure A-5). The seasonal change in infiltration 

observed in the upper trench was less  variable  due to the installation error shown in Figure 2-2. 
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This seasonal pattern in infiltration rates has been observed in other infiltration-based green 

infrastructure (Hunt et al. 2006).  Emerson & Traver (2008) attribute seasonal infiltration rate 

patterns in Philadelphia, PA, to temperature-driven changes in water viscosity. We evaluated the 

temperature influence on the infiltration rates by comparing the observed infiltration rates and 

temperatures with relative changes in water infiltration rates estimated from the average water 

temperature during infiltration (Figure A-6). Based on the observed temperature range, the 

infiltration rate should increase during the summer roughly by a factor of two. However, observed 

infiltration rates increased by roughly an order of magnitude (0.7 mm/hr to 6.6 mm/hr) over this 

same range of temperatures.  Temperature influence on viscosity cannot explain the observed 

range of infiltration rates. (Figure A-6). In addition, the upper trench infiltration rate varied 

minimally with season (Figure A-6); however, this behavior was a result of the design flaw and 

the shallower water depths in the upper trench. 

In addition to the temperature estimate evidence of flow, the temporal patterns in measured 

infiltration rate were distinct from seasonal patterns. In particular, the predicted infiltration rates 

were essentially sinusoidal, matching seasonal variation in temperature (Figure 2-4). A strong 

temperature control on infiltration should create a sinusoidal variation in infiltration rates. 

However, the measured infiltration rates dropped abruptly in October, decreasing about 0.20 cm/hr 

(Figure 2-4). The gradual increase begins with the increase of ET activity and the abrupt decline 

with the decrease of ET intensity. Therefore, the observed changes in infiltration rate appear to be 

more sensitive to changes in ET than temperature. The increase of ET lowers the local water table, 

increasing the hydraulic gradient surrounding the trenches and leading to greater infiltration rates. 

Groundwater affects this moisture content of the soil above the water table as well, lowering the 
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capillary force of the soil surrounding the infiltration trenches and reducing infiltration rates 

(Mangangka 2008). 

Finally, observations of an ephemeral groundwater spring at the bottom of the study 

hillslope (Figure 2-1) also indicate decreases in the local water table during increased 

evapotranspiration. From the July 14, 2016 sampling date to the October 28, 2016 sampling date, 

the spring was not observed discharging, indicating decreases in the local water table during the 

growing season (Figure 2-8). In 2017, a relatively wetter year, the spring was not observed to be 

dry until the September 15 sampling date. Most importantly, the spring flow ceased over a time 

period similar to when infiltration rates increased, supporting the hypothesis that infiltration rate 

is driven by the lowering of the water table. 

2.3.3 Dissolved Metal and Nutrient Concentration Patterns in Infiltration Trenches 
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Figure 2-5. Dissolved concentrations of chemicals influenced by road de-icer application in the upper trench 

(red triangles) and lower trench (blue circles) between January 2016 and December 2017. Blue boxes indicate 

approximate times during the year in which road de-icers were applied. 
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Between January 22, 2016 and January 11, 2018, 78 water samples were collected from 

the infiltration trenches (Table A-1) and analyzed for seasonal patterns in dissolved chemical 

concentrations. Na concentrations in both trenches were highest in the winter due to the application 

of road de-icers (Figure 2-5). Concentrations of dissolved metal contamination increased in the 

trench water during the spring and summer months, particularly Mn and Fe, with the highest Mn 

concentrations observed on May 9, 2016 (1.04 mg/L) and the highest Fe concentrations on July 

14, 2016 (0.76 mg/L) (Figure 2-6). Dissolved Pb concentrations increased during the winter 

months and during July and August (Figure 2-5). The increase in Pb concentrations coincided with 

increased iron concentrations during the summer, e.g., 0.49 μg/L on July 14, 2016. However, the 

highest Pb concentration measured was on February 22, 2016 (1.6 μg/L), in a sample with a high 

Na concentration (Figure 2-5). Conversely, nutrient concentrations decreased in the spring and 

summer. NO3
- concentrations decreased in the spring from over 10 mg/L in February to less than 

0.1 mg/L in April of 2016. Likewise, SO4
2- concentrations decreased from 7.6 mg/L on March 25, 

2016 to 2.8 on April 11, 2016 (Figure 2-6).  

Samples were collected from the trenches daily the week of June 22, 2018 to characterize 

variation in trench chemistry and support the validity of bi-weekly sampling. A storm event 

occurred during that week on June 24, 2018. The difference between the highest and lowest metals 

and nutrient concentrations collected over a week were an order of magnitude lower than the 

difference between the highest and lowest concentrations measured over the course of a year in all 

studied metals except for Pb concentrations in the lower trench. Therefore, bi-weekly sampling 

appears to be an acceptable approximation of variation in the infiltration trenches (Table A-2). 
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Figure 2-6. Dissolved concentrations of chemicals influenced by inferred reduced conditions in the upper 

trench (red triangles) and lower trench (blue circles) between January 2016 and December 2017. Black 

arrows indicate timing of chemical responses to the formation of a reducing environment. 
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2.3.4 Sodium Pulse and Sodium Driven Patterns in Dissolved Metal Concentration 

Road deicer application dramatically increased concentrations of dissolved Na in the 

trenches during the winter (Figure 2-5; Figure 2-8). The City of Pittsburgh almost exclusively uses 

NaCl rock salt for de-icing public roads (Rossi et al. 2017). Therefore, changes in Na 

concentrations in the infiltration trenches are directly correlated to the amount of road salt 

introduced to the system. Dissolved Na in the trenches reached concentrations of over 1000 mg/L 

in January and dropped below 100 mg/L in May (Figure 2-5). The cessation of road salt application 

coincided with decreasing Na concentrations, as road runoff from subsequent storms flushed the 

excess Na from the trenches. In contrast, observations in groundwater chemistry from the spring 

indicated Na input from the soil remained constant throughout the year (Figure A-7). Therefore, 

groundwater concentrations were lower than measured trench concentrations in the winter and 

higher in the summer (Figure A-7). The persistence of Na loading from soil and groundwater 

following the cessation of road deicer application was congruous with the accumulation of Na in 

roadside soils (Cunningham et al. 2008; Cooper et al. 2014; Ledford et al. 2016; Rossi et al. 2017). 

Although there was little Na output from the trenches in the summer, Na introduced from the 

trenches in the winter will likely accumulate in the surrounding soil and affect soil water year-

round (Robinson et al. 2017). 

The application of NaCl to roads can mobilize soil-bound metals from roadside soils 

through cation exchange (Amrhein et al. 1992; Bäckström et al. 2004). Observed patterns of 

dissolved Pb concentrations in the trenches measured in the winter were accordant with road salt 

mobilization of legacy heavy metals in roadside soils. Increased concentrations were observed 

during the winter with increased Na concentrations (Figure 2-5). Amrhein et al. (1992) and 

Norrström, (2005) found evidence of cation exchange in response to road salt application. These 
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studies observed the release of Pb ions in column experiments where soils were exposed to de-

ionized water following Na leaching.  

The soils surrounding the infiltration trenches are rich in clays; especially in the B horizon 

(27-40%), indicating ample exchange sites to bind Pb (USDA, 1981). While the trenches are filled 

with gravel, there is ample opportunity for interactions with contaminated soils at the edges, but 

more important is the potential for the trenches to capture local groundwater, a flowpath that passes 

through soil. Soil samples collected from the site showed elevated concentrations of Pb compared 

to other urban soils (an average of 195 ppm, Table A-3), likely from the use of leaded gasolines 

from the 1960s to 1995 throughout North America (Datko-Williams et al. 2014; Rossi et al. 2017). 

Thus, the elevated Pb concentrations observed in the trenches could result from mobilized legacy 

contamination from surrounding soils (Harrison et al. 1981; Calvillo et al. 2015).  

Other heavy metal contaminants were also sensitive to road deicer application. Dissolved 

Cu concentrations increased in the trenches during the salting season (Figure 2-5). Legacy Pb, Cu, 

Cr, and Zn are all associated with vehicle-derived wastes, such as gasoline exhaust, lubricant leaks, 

or wear of car components (Li et al. 2001).  Increases in dissolved Cu and Zn have been observed 

in urban stream water and roadside soil water in response to road salt application (Löfgren; Warren 

and Zimmerman 1994; Bäckström et al. 2004; Merrikhpour and Jalali 2013). Therefore, dissolved 

chemical patterns of infiltration trench water in winter were likely driven by the interaction of 

road-salt with both road runoff and legacy metal contamination in soils. Any such mobilization of 

legacy metal contamination increases downslope transport and mobilizes contamination to soils 

further from the source of contamination. 

Dissolved Cd has been observed following NaCl application due to cation exchange and 

the formation of Cl complexes (Nelson et al. 2009). However, in this study, increased Cd 
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concentrations were observed outside the salting season.  Local soil Cd concentrations were similar 

to other urban soil Cd measurements (Table A-3), so if road cation exchange or chloride 

complexation are the primary control on Cd, it should be mobilized from these soils. Many studies 

that identify Cd as an element that is particularly sensitive to chloride complexation rely on 

equilibrium models or laboratory systems (Amrhein et al. 1992; Bauske and Goetz 1993; 

Bäckström et al. 2004). Observations suggest biogeochemical controls in these trenches that 

interfere with expected Cd/NaCl interactions.  

2.3.5 Oxidation/Reduction Dynamics Observed in Metal and Nutrient Concentrations 

Observed dissolved nutrient and metal concentrations throughout the late spring and early 

summer suggest the trenches become reducing environments. Dissolved Mn and Fe concentrations 

in the infiltration trenches spiked in May and June respectively, as expected with the dissolution 

of their respective oxyhydroxides through reduction (Alloway 2013). Conversely, NO3
-  almost 

completely disappeared, likely due to microbial assimilation and denitrification (Korom 1992) 

(Figure 2-6). Although the decrease in NO3
- concentrations coincided with the onset of the growing 

season and may result in part from assimilation, denitrification through reduction is likely a 

contributing factor as NO3
- concentrations decrease immediately before increases in dissolved Mn 

and Fe. 

  The unexpected reduction of SO4
2- before Fe in May and June of 2017 highlights the 

complex and unpredictable nature of trench water chemistry. One explanation for the unexpected 

timing of Fe and SO4
2- reduction is that a groundwater source may be contributing SO4

2- to the 

system. SO4
2- concentrations in the nearby groundwater spring were elevated relative to the 

trenches (average 1.4 mg/L in lower trench, 9.4 in groundwater) (Figure A-8). Therefore, the 
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elevated SO4
2- concentrations in the trenches in August 2016 could be from a groundwater pulse 

(Figure 2-6). During storm events, the high SO4
2- concentrations driven by groundwater are flushed 

from the system. Dissolved Pb and Cu concentrations increased in July, correlating with elevated 

dissolved Fe (Figure 2-6). Fe oxide dissolution would mobilize legacy metals bound to hydroxides 

in the surrounding soil and trench sediments (Figure 2-7). Thus, the establishment of reducing 

conditions in the summer and spring leads to increased dissolved metal concentrations.  

 

Figure 2-7. Conceptual model showing seasonal changes in water table and contaminants introduced to 

roadside infiltration trenches. 

Stormwater runoff likely oxidizes trench waters throughout the summer as large storm 

events are more frequent (Figure 2-3). The resulting reactions, including precipitation of Fe oxides, 

occur before reducing conditions begin to re-establish. Danfoura and Gurdak (2016) noted that the 

regular inflow of oxic runoff will lower reduction rates temporarily following large storm events. 
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The runoff in the two trenches also likely contains higher levels of organic matter and nutrients 

that may accelerate oxygen depletion, resulting in short time periods (2-3 days) between storm 

events and a return to NO3
- reduction. Frequent summer re-oxygenation of trench waters followed 

by re-establishment of reducing conditions is further supported by the SO4
2- patterns measured in 

the trenches in 2017. The decrease in SO4
2- concentrations in 2016 was much faster than that 

measured in 2017. The spring and summer seasons of 2017 were wetter than 2016 (70 cm 

precipitation in 2017, compared to 59 cm in 2016), thus, storm flow to the trenches occurred more 

frequently, flushing and re-oxygenating the trenches (64 infiltration events in 2017, 55 events in 

2016). Sustained SO4
2- reduction was observed only in the upper trench as concentrations of SO4

2- 

remain low throughout the entire summer while lower trench concentrations increase in May 

(Figure 6). This trend may be the result of more stagnant conditions in the upper trench caused by 

the design flaw. Higher water throughput in the lower trench likely flushed and re-oxygenated the 

trench waters, resulting in a relatively less reducing environment.  

Finally, field observations of Mn deposits and sulfurous odors inside the trenches in the 

spring and summer suggest that reducing conditions exist in the trenches. Examination of metal 

and nutrient dynamics in reduction-sensitive species suggest the importance of reduction/oxidation 

dynamics in trench water chemistry. The timing of NO3
-, Fe, Mn, and SO4

2- dynamics reveal 

temporal trends consistent with the expected biological succession of terminal electron accepting 

processes (NO3
- > Mn(IV) > Fe(III) > SO4

2- ) as NO3
- concentrations began decreasing on April 

11, followed by a spike in Mn on May 9, then Fe on June 22, and finally SO4
2- become depleted 

on July 14 in 2016 (as indicated by the black arrows on Figure 2-6). (Drever 1988; McMahon and 

Chapelle 2008).  
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While the GI benefits of nutrient mitigation are often cited (Bettez and Groffman 2012; 

Pennino et al. 2016), these benefits have to be weighed against increased metal mobility. The 

heavy metal concentrations observed in these trenches never exceeded USEPA safe drinking water 

standards (USEPA 2001). Regardless, roadside system’s potential for metal mobilization should 

be evaluated before stormwater management practices are installed (Kondo et al. 2016). 

2.3.6 Unexplained Patterns Observed in Zinc and Chromium 

 

Figure 2-8. Dissolved concentrations of A) Cr and B) Zn measured in the upper trench (red triangles) and 

lower trench (blue circles) between January 2016 and December 2017 

Previous studies show that Zn and Cr can be susceptible to either cation exchange or 

reduction of metal oxides (Figure 2-8) (Harrison et al. 1981; Warren and Zimmerman 1994; 

Norrström and Jacks 1998; Bäckström et al. 2004). However, Zn and Cr concentrations in the 
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trenches had no discernable trend due to unexpected patterns in concentration observed during the 

study period.  These patterns may be caused by an unknown source of contamination.  Between 

January 22, 2016 and April 21, 2016, the dissolved Zn and Cr concentrations remained relatively 

and consistently high (0.77-0.94 mg/L for Zn, 0.022-0.030 mg/L for Cr). Beginning in May, the 

concentrations in both trenches dropped by at least an order of magnitude and remained low for 

the rest of the year (Figure 2-7). Cr and Zn concentrations did not repeat these elevated and 

sustained concentrations throughout the duration of the study. 

This observation was carefully evaluated for laboratory contamination, particularly given 

the use of Zn as a common plasticizer. Samples collected before and after the dramatic shift were 

remeasured in the initial dilution and in subsequent dilutions of archived samples and 

contamination issues were ruled out. In addition, the blanks that were run as part of normal quality 

assurance did not indicate Zn or Cr contamination. The source of these metals was probably 

temporary, as these sustained and elevated concentrations only occurred during this short time 

period. This contamination may result from construction activity and a mix of galvanized Fe 

materials coated in Zn and dust from stainless steel hardened with Cr. The abrupt drop in April 

2016 is coincident with the onset of street sweeping in the area, which does not occur between 

November and April, and this activity may have removed the source (Fergusson et al. 1986). This 

source appears temporary, as these sustained, elevated concentrations of Zn and Cr were not 

observed after April 2016.  
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2.4 Conclusions 

Both infiltration trench function and geochemical variability show distinct seasonal 

patterns. First, the function of infiltration trenches is highly dependent on the local water table, 

which fluctuated with the onset of the growing season and transpiration. Trench infiltration rates 

are significantly lower during the winter when local water tables are elevated. Local groundwater 

activity dramatically changes the efficacy of infiltration-based green infrastructure and likely 

needs to be more carefully addressed during design of GI. Therefore, local hydrology should be 

taken into account before widespread implementation of infiltration based green infrastructure. 

In addition, seasonal variability in trench water chemistry can mobilize legacy 

contamination in both winter and summer. Pb and other legacy metal concentrations in the trenches 

are elevated in the winter during periods of elevated Na concentrations that result from road salt 

application. The formation of biologically driven reducing conditions in the summer elevates 

legacy heavy metals concentrations in July. Although this study does not have sufficient data to 

demonstrate detailed metal transport patterns, the increased dissolved concentrations of metals in 

infiltration infrastructure is assumed to transport contamination downgradient. The remobilization 

of previously soil-bound legacy contaminants and transport could lead to unexpected exposure 

downslope from infiltration-based green infrastructure. 
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3.0 Groundwater Flow and Geochemistry in Urban Aquifers of the Appalachian Plateau 

3.1 Introduction 

Urbanization disrupts natural groundwater flowpaths and contaminates groundwater, yet 

groundwater remains an under studied component of the urban hydrologic cycle. Characterization 

of contamination patterns in urban groundwater and clarification of subsurface flowpaths can 

clarify contaminant transport  through urban hydrologic systems. However, urban groundwater is 

challenging to study due to limited access in urban areas (there are relatively fewer wells relative 

to more rural areas) (Manga 2001). To gain access, groundwater discharge points (including 

springs) offer opportunities in areas where wells are scarce. 

Groundwater springs provide relatively cheap access for characterization of groundwater 

chemistry where wells are limited. For example, montane systems where aquifers can be thin and 

population is sparse, springs are commonly used to probe groundwater chemistry. Spring water 

chemistry provides a window into water-rock interactions. Garrels and Mackenzie (1967) 

demonstrated that groundwater spring chemistry reflects the weathering of aquifer materials as the 

water moves through. Similarly, Mazor et al. (1985) found that repeated measurements of 

groundwater springs in a spa in Schinaznach, Switzerland could clarify groundwater sources. 

Therefore, characterizing springwater discharge chemistry is a useful tool in clarifying sources and 

flowpaths. Mountain studies commonly use springs to identify and characterize the influence of 

groundwater on the hydrologic system (Clow et al. 2003; Roy and Hayashi 2009). This study aims 

to adopt a similar strategy in another access limited area and use urban groundwater springs to 

clarify complex urban groundwater systems.  
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Research on urban groundwater springs, while limited, reveals the impact of urbanization 

on groundwater chemistry. Foos (2003) used springs to analyze road salt application impacts on 

groundwater quality, identifying a direct relationship between the amount of road salt applied and 

the magnitude of road salt contamination in the groundwater in Cuyahoga Falls (OH, USA). 

Bardsley et al. (2015) documented a mixture between local meteoric sources and imported 

municipal water in spring discharge. These springs discharged high loads of sulfate and trace metal 

contamination to urban creeks, often exceeding regulatory standards. Similarly Gabor et al. (2017) 

found increased contaminant loads to a Salt Lake City (UT) stream in the lower reaches of the 

stream. The increase in stream contamination resulted from the increased relative contribution of 

urban impacted spring waters to these reaches as upstream water was diverted for irrigation. 

Therefore, urbanization can negatively impact groundwater chemistry which can then be observed 

in discharging urban springs and seeps. 

Urbanization introduces new contaminants to hydrologic systems. Urban contaminant 

sources include car emissions and abrasion, industrial emissions, and leaking sewer pipes. Trace 

metal contamination, including that in car exhaust and road dust can be transported through urban 

runoff and then transported to shallow groundwater systems (Turer et al. 2001; Davis et al. 2009; 

Mullins et al. 2020). The widespread use of leaded gasolines prior to 1986 and heavy industrial 

activity have imparted substantial legacy metal contamination to urban soils and this 

contamination can be remobilized by ground and surface water (Mielke and Reagan 1998; Datko-

Williams et al. 2014). In addition, leakage from sewer pipes introduces nutrient contaminants like 

nitrate to urban groundwater systems (Lerner 2002; Divers et al. 2014).  

To characterize the impact of urbanization on groundwater systems, the unique geology of 

the Appalachian Plateau offers an opportunity to study multiple springs across an urban landscape. 
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Bedrock geology in the Appalachian Plateau controls groundwater flow in specific ways, resulting 

in multiple perched aquifers that crop out as numerous groundwater springs along valley hillslopes. 

While groundwater flow in the Appalachian Plateau is not fully understood, two conceptual 

models are used to clarify the movement and age of regional groundwater. Sheets and Kozar (2000) 

focus on the redundant, horizontal layers of sandstone, siltstone, shale, and coal characteristic of 

the Appalachian Plateau and suggest groundwater flows horizontally over low conductivity strata, 

resulting in numerous springs and seeps in hillsides and valleys where these layers intersect the 

valley wall. This conceptualization builds on the Wyrick and Borchers (1981) model that proposed 

connectivity among these strata aquifers occurs through vertical fracture networks forming as 

overburden stresses are released during landscape denudation. 

Dissolved Si concentrations can provide relative estimates of residence times and clarify 

hydrologic pathways in these complicated systems (Rodgers et al. 2005). Dissolved Si 

concentrations increase with increased water-rock interactions (Asano et al. 2002; Marçais et al. 

2018). Therefore, Si can serve as a proxy for groundwater residence time. This leads to a contrast 

in dissolved Si concentrations between precipitation and groundwater sources. Precipitation has 

much lower concentrations of dissolved Si relative to groundwater. The contrast between these 

two endmembers can be used to clarify contributions to spring discharge and potentially 

contaminant sources to the springs. 

Based on the conceptual models, spring discharges at lower elevations was expected to 

have longer residence times. They are expected to be recharged through increasingly thicker 

bedrock layers and therefore take longer to travel from the point of recharge (elevation highs) than 

relatively higher strata aquifers (Figure 3-1). However, infiltration along the hillslope also has the 

potential to influence spring water chemistry. Ultimately, spring discharge chemistry reflects a 
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dynamic a mixture of short-residence time waters from hillslope infiltration and longer-residence 

time waters sourced from the strata aquifers. Using a transect of groundwater springs along an 

elevation gradient, this study seeks to elucidate the influence that hillslope recharge has on the 

hydrologic system and identify potential  mixing patterns between the two groundwater sources. 

This study measured water chemistry in four groundwater springs along an elevation 

transect in Pittsburgh, PA to clarify subsurface chemical transport and characterize sources of 

contamination influencing these waters. Dissolved metal and nutrient concentrations were 

measured bi-weekly between August 2017 and March 2019. This study documents the chemistry 

of spring water in the context of complicated urban subsurface flow, emphasizing the influence of 

multiple source mixing on contaminant discharge from the springs. 

 

Figure 3-1. Conceptual model demonstrating multiple possible recharge sources to perched water tables in 

study area. 
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3.2 Materials and Methods 

3.2.1 Study Site 

 

Figure 3-2. A) Aerial imagery of the study area in Schenley Park (Pittsburgh, PA) (Allegheny County 

Imagery 2017) B) elevation transect extracted from LiDAR DEMs (PA Map Program 2008) showing the 

relative elevations of groundwater spring collection sites. And C) aerial imagery of the study area with 

groundwater well and precipitation gauge. Confining layers are hypothetical and connectivity between 

springs may be greater than illustrated 

Four ephemeral groundwater springs were identified in Schenley Park (Pittsburgh, PA) 

along an elevation transect (Figure 3-2B). The two springs at higher elevation (Top and Middle) 

discharge on grassy hillsides upslope of moderately trafficked roads (>5000 annual average daily 
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vehicle traffic) (PennDOT, 2020). Bottom South and Bottom North springs are in the base of a 

valley and discharge near Panther Hollow Run (a small stream where upstream reaches have been 

buried and piped (Hopkins, Bain & Copeland 2014)) (Figure 3-2A). 

3.2.2 Sample Collection and Analysis 

Water samples were collected bi-weekly from each spring between August 2017 and 

March 2019. On some sampling dates, samples were not collected due to iced conditions in the 

winter or lack of discharge in the summer. Groundwater samples were also collected monthly from 

a groundwater well approximately 350 m down valley from Top spring. Precipitation samples were 

collected at a rain gauge ~700 m from the furthest groundwater spring (Figure 3-2C). The well 

water samples were screened in the riparian aquifer rather than the strata aquifers supplying spring 

discharge. However, the well samples are the only available reference for comparison of local 

groundwater chemistry that we know of. 

During sample collection at the springs, a hole was dug near the point of discharge and 

allowed to fill, then samples were collected from the hole. Dissolved metal samples were collected 

in HDPE containers triple rinsed with spring water. The water samples for metal analysis were 

refrigerated at 4°C within 30 minutes of collection and for no more than 24 hours before they were 

filtered in the lab (0.2 micron PES filters). The lab-filtered samples used for metal analysis were 

then acidified using sub-boil distilled concentrated nitric acid and stored at -20°C. Sub samples of 

these acidified samples were diluted with 2% nitric acid and spiked with an internal standard 

containing Be, Ge, and Ti and concentrations of Ca, Sr, P, Pb, Cr, Cd, Fe, and Si measured on a 

Perkin/Elmer Nexion 300x inductively coupled plasma-mass spectrometer (ICP-MS) . Standards 

and blanks were included regularly throughout sample batches. Regular duplicates showed a 
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precision of within 10% of the measured values. Iron concentrations were measured using the 

kinetic energy discrimination (KED) method on the ICP-MS to reduce polyatomic interferences. 

Finally, nitrate isotope samples were filtered in the field (0.2 micron, PES), collected in 

HDPE containers triple rinsed with filtered spring water, and stored at -20°C within 30 minutes of 

collection. Nitrate concentrations were measured using the Lachat Quickchem 8500 Flow Injection 

Analyzer. These concentrations were then used to determine nitrate isotope compositions on an 

Isoprime Continuous Flow Mass Spectrometer using the denitrifier method (Sigman et al. 2001). 

3.2.3 Antecedent Precipitation 

The most recent storm preceding each collection time was identified using precipitation 

intensity data in 15-minute intervals from the University of Pittsburgh gauge in the Three Rivers 

Wet Weather Calibrated Radar Rainfall network (3riversewtweather.org). Here storm events were 

defined as precipitation lasting for at least 30 minutes or accumulating greater than 0.5 mm in a 

15-minute interval. Time since precipitation was compared with spring discharge chemistry. 

3.3 Results 

3.3.1 Ca/Sr Ratios in Discharging Spring Water and Aquifer Source 

Seventy-five samples were collected from the springs between August 30, 2017 and March 

10, 2019, fifteen samples were collected from a groundwater well between February 8, 2016 and 

November 30, 2018, and one precipitation sample collected on June 10, 2019. Ca/Sr ratios (molar) 
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were examined to evaluate water sources to the discharging springs. Ca/Sr ratios in spring 

discharges from  higher elevations (Top and Middle) and lower elevations (Bottom North and 

Bottom South) are relatively distinct, suggesting separate sources of water or variation in the 

mixture of water fed each spring (Figure 3-3). While the conceptual model (Figure 3-1) assumes 

that all four springs are distinct systems, the Ca/Sr ratios suggest the Top and Middle springs are 

similar or connected. 

 

Figure 3-3. Molar ratio of dissolved Ca and Sr measured in four groundwater springs between August 30, 

2017 and April 10, 2019. Dotted lines indicate periods where samples were not collected due to frozen or dry 

conditions. 

Cr, Pb, and P concentrations are remarkably similar on individual sampling dates across 

the springs (Figures 3-4A-C). To quantify this similarity, the coefficient of variation (CV) was 

measured for every sampling date where more than two samples were collected. The average daily 

coefficient of variations was compared to the total coefficient of variation across all samples. This 

comparison was used as an estimate of how variable discharge chemistry was among springs. For 

Cr, Pb, and P the daily variations were 14%, 32%, and 25% respectively compared to total CVs of 

67%, 95%, and 79% . When the Pb excursions measured on September 19 and October 12, 2018 

were excluded (Figure 3-4B) , the daily variation was only 23% with a total CV of 83%. 

Seawater Avg. = 112 

Cement Avg. = 1740 
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Not all dissolved metals were as consistent across aquifer sources. While iron 

concentrations from all four springs increase and decrease on the same sampling dates, the 

individual concentrations are not similar among aquifer sources. Other metals, like cadmium, are 

not similar among springs (Figure 3-4D). There is no consistency in Cd contamination across 

separate spring sources as individual springs increase and decrease independently of the behavior 

of other spring chemistries. While Cr, Pb, and P have relatively tight daily variation, Cd 

cancentrations are more variable with an average daily CV of 53% with a total CV of 79%. 
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Figure 3-4. Concentrations of dissolved A) P, B) Pb, C) Cr, D) Cd, and E) Fe measured in four groundwater 

springs between August 30, 2017 and April 10, 2019. Dotted lines indicate times during which sampling were 

not collected due to frozen or dry conditions. 
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3.3.2 Silicon Concentrations and Water Residence Time 

There is no obvious relationship between spring elevation and observed silicon 

concentration patterns. Lower elevation springs were expected to have longer flow paths, and 

therefore relatively longer residence times and higher Si concentrations. However, the Top Spring 

(highest in elevation/closest to recharge) has the highest Si concentration on more sampling dates 

than either Bottom North or Bottom South (i.e., the lowest springs (Figure 3-5). 

 

Figure 3-5. Concentrations of dissolved Si measured in four groundwater springs between August 30, 2017 

and April 10, 2019. Dotted lines indicate times during which sampling were not collected due to frozen or dry 

conditions. 

Dissolved silicon concentrations in the spring water were highest when they were collected 

within ~ 2 days (50 hours) of a storm event (Figure 3-6). However, as the time between collection 

and the most recent storm event grew longer than 50 hours, dissolved Si in spring water dropped 

rapidly, suggesting increased contributions from more precipitation influenced waters (i.e., shorter 

residence time waters). As the hours since a storm continue to increase past this 50-hour point, Si 

concentrations increased steadily over hundreds of hours to concentrations more consistent with 

those measured in the groundwater. This suggests longer residence time water is discharged from 
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these springs during periods following precipitation. Water samples collected from groundwater 

well within the watershed had an average dissolved Si concentration of 6.3 mg/L and a range of 

2.3 to 11.5 mg/L. This wide range of concentrations were the result of seasonal variations in 

evapotranspiration activity within the watershed, in contrast to patterns observed in the springs 

which showed no seasonal variation. This concentration is similar to spring discharge collected 

within 50 hours of precipitation (average 7.1 mg/L). Precipitation (the shortest residence time 

water) had dissolved Si concentrations of 0.35 mg/L, much lower than groundwater (Figure 3-6).  

 

Figure 3-6. Concentrations of dissolved Si measured in four groundwater springs between August 30, 2017 

and April 10, 2019 plotted against the time between the most recent storm and sample collection. Orange 

dotted line indicates average groundwater Si concentration (based on 15 samples) measured in local 

groundwater wells. Orange box indicates range of Si concentrations in these groundwater samples. Blue 

dotted line indicates average precipitation Si concentration measured in samples collected within the 

watershed (15sample) The solid black line is LOESS fit. 
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3.3.3 Nitrogen and Oxygen Isotopes of Nitrate 

 

Figure 3-7. A) Concentrations of NO3
- measured in four groundwater springs between August 30, 2017 and 

April 10, 2019. Dotted lines indicate times during which samples were not collected due to frozen or dry 

conditions. B) Results from dual isotope analysis of nitrate in groundwater spring samples. C) data cluster in 

“human-animal waste” section of plot. X indicates average isotope compositions measured in groundwater 

collected from local groundwater wells. (Figure modified from (Kendall et al. 2007) 

All nitrate isotope compositions measured suggest a minimal atmospheric deposition 

source to spring water nitrate (Figure 3-7B). The low end of measured isotope ratios fall within 

the ranges typical of 1) human and animal waste and 2) nitrate derived from soil NH4+ while the 

majority of  samples fall solely in the human and animal waste range (Figure 3-8B). When all 
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samples are plotted on the Kendall plot, the isotope compositions fall along a line with a slope of 

0.62 (Figure 3-8C). Nitrate δ15NNO3- vs δ18ONO3- slopes vary for individual groundwater springs, 

but all four springs have slopes typically observed in samples influenced by denitrification (Table 

3-1). Bottom North spring has the strongest relationship between δ15NNO3- and δ18ONO3- and the 

lowest slope, likely a result of its smaller range compared to the other springs. 

Table 3-1. Average nitrate isotopic values, slope, and R2 from all samples collected divided by sampling location. 

 

3.4 Discussion 

3.4.1 Short-term Dynamics in Groundwater Spring Chemistry 

Antecedent moisture (inferred from time since precipitation) seems to influence patterns in 

dissolved Si concentrations in spring discharge. Dissolved Si was generally more concentrated, 

and both water isotopes had heavier values when samples were collected within 50 hours of the 

most recent precipitation event. This pattern suggests discharge has a larger proportion of long 

residence time water in the first 50 hours following a storm event (Figure 3-6).  When the time 

between a storm event and sample collection reaches 50 hours, the Si concentrations rapidly 

decrease. The low concentrations of Si suggest an increased contribution of shorter residence time 

Spring 

Name 

δ15NNO3-
 

Average 

δ18ONO3-
 

Average 

Slope R2 δ15NNO3- 

Range 

δ18ONO3- 

Range 

Top +10.16‰ +4.46‰ 0.73 0.56 7.05 4.87 

Middle +7.92‰ +2.20‰ 0.77 0.93 7.92 6.73 

Bottom 

North 

+12.27‰ +5.31‰ 0.56 0.98 8.75 4.95 

Bottom 

South 

+7.58‰ +2.84‰ 0.61 0.56 1.50 1.73 
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water to spring discharge. Following the drop at 50 hours, Si concentrations slowly increase and 

level off near the average concentration in the riparian aquifer.  

We expected lower elevation groundwater springs (Bottom North and Bottom South 

springs) would have longer residence times as recharge must travel through increasingly thicker 

bedrock layers (Figure 3-1B). However, there was no consistent increase in dissolved Si 

concentrations measured across springs (Figure 3-5) suggesting groundwater contributions to the 

springs are unexpectedly similar mixtures. As the local water table varies seasonally (evidenced 

by the drying of the springs in the summer), Si concentrations in spring discharge could potentially 

be driven by concentration and dilution effects rather than aquifer depth. However, no seasonally 

driven patterns were observed in the Si concentrations (Figure 3-5), despite annual changes in the 

local water table. 

The relationships among antecedent moisture, dissolved Si concentrations, suggests a two-

endmember mix of water sources to spring discharge. Spring discharge is dominated by a relatively 

longer residence time source (groundwater signal) within 50 hours of a precipitation event. These 

spring water chemistry patterns are consistent with precipitation driven pressure waves observed 

in runoff generation (Jung et al. 2004; Vidon 2012). As infiltrating precipitation dominated waters 

reach the spring through shallow flow paths, low Si concentrations cause spring water to reflect 

increased contributions from a precipitation-like source. As time between precipitation and 

collection grows following the dynamics in the first couple days (i.e, >100 h), the influence of 

short residence time waters (precipitation) on the chemistry of discharging water wanes and the 

influence of the groundwater-like source increases, resulting in Si concentrations that reflect the 

groundwater endmember (Figure 3-6). 
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3.4.2 Dissolved metal Concentrations in Spring Water Discharge 

Contrary to our conceptualization (Figure 3-1) there seems to be a limited influence of 

aquifer elevation on dissolved trace metal concentrations. Sheets and Kozar (2000) suggest 

aquifers in the Appalachian Plateau are recharged primarily at topographic highs, although they 

recognize some recharge likely occurs along hillsides. The recharge from topographic highs flows 

laterally across horizontal shale bedrock layers and downward through fractures to other aquifers 

(Sheets and Kozar 2000). As a result, the highest urban contamination concentration should 

seemingly be in the topographically highest aquifer (Top Spring). Lower aquifers should have 

relatively less contamination due to sorption of contaminants during flow through the aquifer and 

dilution in the larger (deeper) aquifers. Therefore, water collected from Bottom North and Bottom 

South were expected to have relatively less anthropogenic contamination. However, dissolved Cr, 

P, and Pb concentrations are remarkably similar across springs, suggesting that recharge from high 

elevations is not the mechanism driving contamination levels in spring water  discharge. Although 

greater historical contamination in deeper aquifers could offset any dilution effect, there is no 

evidence that legacy contamination increases with depth in the study area.  

While metal concentrations and aquifer elevation do not appear to be related, comparing 

dissolved metal concentrations to time since precipitation does reveal differences in patterns from 

those observed in [Si] and water isotopes. Silicon concentrations increase during the first 50 hours 

following a storm (i.e., long residence time groundwater) and then sharply change to 

concentrations reflecting short residence, precipitation-like water after 50 hours (Figure 3-6). P 

and Cr concentrations both have similar periods of elevated concentrations within 50 hours of a 

storm (Figure 3-8A). However, in both Cr and P there are later periods  (~140 hours) of increased 

[P] and [Cr].  These elevated concentrations occur during a period when [Si]  data  seem to indicate
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dominance of short-residence time water. This second increase may result from  mobilization of 

soil bound metals during  storm water infiltration and transport to  the springs as precipitation 

concentrations are low (unpublished data).  

 

Figure 3-8. A) Cr, B) P, and C) Pb concentrations measured in four groundwater springs between August 30, 

2017 and April 10, 2019 compared to hours between last storm event and time of sample collection. Orange 

dotted lines indicate average groundwater concentrations. Blue dotted lines indicate average precipitation 

concentrations. Orange box indicates range of concentrations measured in groundwater samples. 

As another example, Pb concentration dynamics seem to be strongly  influenced by short 

residence time sources. Within 50 hours of a storm, [Pb] remains low. In fact, the lowest detectable 

concentration of Pb (~0.00002) was measured in a sample collected only three hours after a storm 

(Figure 3-8C). After 50 hours, the period when Si concentrations are rapidly changing to more 

Precipitation 

Precipitation 
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precipitation-like concentrations, Pb concentrations grow. This suggests shorter residence time 

waters (i.e., precipitation moving through shallow flowpaths) dominate observed Pb dynamics. 

These waters may remobilize Pb from soils/shallow flow paths during movement and deliver it to 

spring discharge (Figure 3-2). The Pb patterns also suggest multiple  shallow flow paths as [Pb] 

also increases at around 230 hours since precipitation in all springs (Figure 9C). We do not have 

the data to delineate these flow paths, but the consistency among springs merits additional future 

scrutiny. The flip side of this observation is that groundwater (i.e., long-term residence time water) 

has relatively low [Pb]. 

While we do not have sufficient data to clarify flow path, urban soils are generally lead 

contaminated (Pouyat and McDonnell 1991). Urban soils can also be enriched in Cr through coal 

and oil combustion (Cheng et al. 2014) or the production of steel alloys (Testa et al 2004). The 

application of fertilizers and leaking sewer pipes can elevate P concentrations in urban soils 

(Carpenter et al. 1998). However, to get consistent metal concentrations,  soil contamination 

patterns in the study would have to be similar and travel through these shallow paths consistently 

from spring to spring. We know urban metal contamination is not homogenous (Pouyat and 

McDonnell 1991), making the consistency in water chemistry hard to explain solely from shallow 

interactions with contamination. Currently, we do not have sufficient data to clarify mechanisms 

driving consistent spring P, Cr, or Pb concentrations. 

There are antecedant moisture driven geochemical sinks on the hillsides that could explain 

some of the consistency. For example, the reduction of iron and manganese oxyhydroxides would 

mobilize any bound metals. However, spring water chemistry patterns do not appear to indicate  

consistent reduction processes. Between May 18, 2018 and October 12, 2018 Fe concentrations 

remain elevated relative to concentrations measured in the winter (Figure 3-4E) yet, during the 
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same period, P concentrations are much more variable (Figure 3-4C). If dissolved metals resulted 

from oxyhydroxide dissolution, P concentrations should be elevated during periods where Fe is 

reduced. The lack of correlation between Fe and P concentrations (R2 = 0.08) during periods when 

soils may be  reducing suggests a minimal role for reduction in the observed patterns. While the 

discrepancy between Fe and P may result from biological uptake of dissolved P, there is also no 

relationship (R2 = 0.04) between Fe and Pb or Cr concentrations during this time (R2 = 0.04 and 

0.13 respectively). If Pb and Cr concentrations were driven by the reduction of Fe complexes, the 

increase in Fe should be mirrored in Pb and Cr (Figure 3-4B). Therefore, the seasonal variations 

of soil metal mobility do not seem to control spring water chemistry. 

3.4.3 Nitrate in Urban Springwater 

Spring elevation was expected to influence nitrate concentration in discharge. Sewer pipes 

are laid near the surface, distant from the deeper aquifers . Therefore, the Bottom North and Bottom 

South springs were expected to have lower nitrate concentrations when compared to the Top and 

Middle springs. However, concentrations are not consistently higher in the Top and Middle springs 

(Figure 3-8A) 

To clarify nitrate sources, δ15NNO3-
 and δ18ONO3- were compared to each other. δ15NNO3-

 and 

δ18ONO3- are strongly related (R2 = 0.891, slope = 0.62) (Figure 3-8B). Most of the nitrate isotope 

values measured fall in the human and animal waste region of the Kendall plot, likely from leaking 

sewers and potentially soil NO3
- (Figure 3-8C). To evaluate the influence of source mixing and/or 

denitrification in each spring, δ15NNO3-
 values were compared to 1/ NO3

- and lnNO3
- for each 

individual spring respectively (Table 1) (Kendall et al. 2007). If mixing is the dominant process 

controlling nitrate concentrations in the system, plotting δ15NNO3- against 1/ NO3
- will yield a 
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straight line, while δ15NNO3- vs. lnNO3
- will be a straight line if denitrification dominates the 

system. As there are no strong linear relationships between δ15NNO3- and either 1/ NO3
- or lnNO3

-, 

a combination of both mixing and denitrification likely creates the observed relationships between 

δ15N NO3-
 and δ18ONO3- (Figure 3-8A). 

The influence of denitrification was further evaluated by comparing δ18ONO3- values to 

NO3
- concentrations. A strong inverse relationship between δ18ONO3-

 and NO3
- suggests that 

denitrification occurs in the spring water and results in heavier δ18ONO3- and δ15N NO3-
 values. The 

top, middle, and bottom north springs all have inverse linear relationships while the bottom south 

spring has no relationship between δ18ONO3- and NO3
-, indicating that denitrification is likely 

influencing the nitrate isotopic compositions in all but the Bottom South spring (Table 3-1). The 

range of isotopic compositions in the Bottom South Spring is very small (Table 3-1) compared to 

other springs. This consistency suggests a single source of nitrate to the Bottom South spring while 

the other springs that show evidence of mixing between at least two nitrate sources.  

When compared to antecedent moisture, NO3
- concentrations suggest that NO3

- chemistry 

is influenced by both short and long-term residence time sources. Within 50 hours of a storm, there 

are elevated NO3
-  concentrations, which originates from a longer residence time source given 

patterns in [Si]. As time between precipitation and collection increases past 50 hours NO3
- 

concentrations decrease. However, there is also a peak in concentration measured after 200 hours 

between precipitation and sampling (Figure 3-9). These elevated NO3
- concentrations coincide an 

increase in dissolved Pb discharging from the spring (Figure 3-8C). As historical Pb and ongoing 

NOx emissions from car exhaust create elevated concentrations of these contaminants in roadside 

soils (Al-Chalabi and Hawker 2000; Redling et al. 2013), this secondary spike may be the result 

of shallow flow paths that travel through roadside soils. 
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3.5 Conclusions 

 

Figure 3-9. NO3
- concentrations measured in four groundwater springs between August 30, 2017 and April 

10, 2019 compared to hours between last storm event and time of sample collection. 

The spatial variability in four urban groundwater springs along an elevation transect was 

assessed to evaluate the patterns of contamination in discharging spring water. We observed an 

unexpected consistency in water chemistry (P, Pb, Cr) across space and through time. It is a 

challenge to evaluate this similarity as there are few if any studies that have used elevation transects 

of groundwater springs. This consistency in water chemistry among spring chemistry suggests an 

unexpected homogeneity in urban groundwater chemistry. This work expands on previous studies 

of urban springs (Foos 2003; Bardlsey et al. 2015; Gabor et al. 2017), revealing unexpected 

patterns and raising fundamental questions about how multiple subsurface flowpaths influence 

spring water chemistry in cities overlying the Appalachian Plateau. 

The observed consistency of water chemistry is particularly interesting given the apparent 

mix of fast and slow flowpath waters  in spring water discharge. Dissolved [Si] suggests a 
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groundwater-like, longer residence time water dominates in the first 50 hours following a 

precipitation event. After 50 hours, spring discharge chemistry rapidly shifts to more precipitation 

like waters. As time between precipitation and sample collection continues to increase, Si 

concentrations settle into values that reflect the groundwater endmember. The metal 

concentrations, when examined in the fast-slow flow context, seem to indicate short term residence 

waters are a source of metal contamination to spring discharge. High concentrations of soil 

mobilized Pb, P, and Cr at different time scales suggest multiple shallow flowpaths contributing 

to spring discharge. Shorter residence time waters, an important source of metal content in these 

stream waters, seem to mobilize metals from near surface zones. However, this consistency in 

mobilization would require relatively uniform contamination across the urban landscape. We 

cannot evaluate the uniformity of contamination, but these interactions between shallow flowpaths 

and spring discharge warrant further examination. 

Nitrate chemistry in the spring water also seemed to be influenced by the dynamics of fast 

and slow waters. Observed NO3
- concentrations suggest a longer residence time, groundwater like 

source, potentially from leaking urban infrastructure.  A secondary source of NO3
- from short 

residence time water that travels through NOx contaminated soils also contributes to spring 

discharge. The source of NO3
- is therefore consistent with observations made in soil metal 

concentrations. 

Fundamentally, springs are important windows for characterization of urban groundwater, 

particularly in the Appalachian Plateau. Unexpected patterns in water chemistry suggest that 

mixing of distinct water sources drives spring discharge chemistry. Further, this mixing dictates 

the timing of high contaminant fluxes from discharging springs, complicating source 

identification. 
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4.0 Spring Water Discharge as a Mechanism for Legacy Metal Enrichment in Urban Soils 

4.1 Introduction 

Soil is vital to urban ecosystems, driving biogeochemical cycling, providing nutrients and 

substrate for plant growth, and filtering and storing water (Effland and Pouyat 1997; Luo et al. 

2012). The distribution of metals in soils in both urban and non-urban environments depends on a 

variety of interacting factors. In non-urban environments, natural soil heterogeneity is controlled 

by several factors: underlying bedrock, climate, vegetation, topography, and age of the soil 

(Essington 2015). Urbanization however, creates much more complex patterns of soil metals. 

Spatial heterogeneity of urban soils has increased due to construction and excavation which mix 

soils and import non-native soils (Ajmone-Marsan and Biasioli 2010). Further, urbanization 

concentrates point sources of contamination like sewage outflows and non-point sources like car 

or industrial exhaust (Cobelo-Garcı́a and Prego 2004). Few studies have focused on specific 

“natural” mechanisms driving distribution of metals in urban soils. In general, metals are 

associated with land use (i.e. roads, smokestacks, etc.) (Pouyat 2015). However, the transportation 

of metals through groundwater systems and subsequent discharge of contaminated groundwater at 

springs or seeps far from the source may redistribute metal contaminants in unexpected ways. 

Pittsburgh’s industrial history has degraded the city’s soil chemistry, particularly by adding 

metals throughout the city. Historically, industrial activities generated large quantities of metal 

contamination like Pb and Zn through atmospheric deposition that is still present in urban soils 

(Vermillion et al. 2005; Mattielli et al. 2009). Pittsburgh’s historical economic base provides the 

opportunity to study dynamics of metals associated with steel metallurgy. Between 1880 and 1920, 
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Pittsburgh was one of the pre-eminent industrial centers in America, earning the name “The Steel 

City” (Tarr 2004; Dieterich-Ward 2016). Due to Pittsburgh’s history of steel production, elevated 

levels of metals used as steel hardening agents (Co, Cr, Ni, and V) are likely found in shallow soil 

throughout the city.  

Groundwater chemistry has frequently been linked to surface water chemistry as most 

surface water flow arises from  groundwater sources (Reay et al. 1992; Rozemeijer and Broars 

2007; Brooks et al. 2015). Therefore, contaminated groundwater has been associated with 

degraded water quality in urban hydrologic systems. Rivett et al. (2011) found elevated 

concentrations of major and minor ions in waters deeper in the water column that occasionally 

exceeded surface concentrations in an urban river. These concentration increases resulted from 

groundwater contaminant plumes discharging to the river system below the water surface. Further, 

Gabor et al. (2017) attributed elevated Cl and NO3
- in an urban stream to contributions from 

groundwater springs impacted by urbanization. Chapter 3 documented the chemistry of 

discharging groundwater springs in Pittsburgh and revealed  contaminant transport through the 

groundwater system. Given that groundwater springs often discharge to relatively small spatial 

zones, urban contamination transported through the subsurface may be focused  at these springs 

and therefore disproportionately impact soils far from the original source .  

Groundwater flow can mobilize metals during recharge and transport these metals to soils 

downgradient of groundwater discharge points. These focused areas of contamination likely  

increase soil metal heterogeneity in shallow soils across urban landscapes and may result in hot 

spots of hazardous metal contamination. This contamination likely is greatest near the spring 

discharge source.  Further downgradient, contamination is expected to decrease as the 

contamination diffuses. This may create hot spots of soil metal contamination near and below 
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springs discharging contaminated groundwater (Figure 4-1).  This study evaluates the impact of 

contaminated groundwater discharge on urban soils by examining  multiple soil sampling transects 

stretching from upslope to downslope of groundwater springs. Contamination hotspots in urban 

soils can negatively impact ecological health, affecting plant communities and organisms feeding 

near these springs. For example, Ni uptake from contaminated soils interferes with uptake of other 

essential metals, reducing photosynthesis and  plant growth (Yusuf et al. 2011). Similarly, ingested 

heavy metal  contamination  can accumulate and degrade wildlife and human health (Wu et al. 

2018). Therefore, the identification of elevated soil metal concentrations across an urban landscape 

is vital for effective ecosystem management. 

 

Figure 4-1. Conceptual profiles of soil metal concentrations surrounding a groundwater spring discharge 

location. Soil metal concentrations are expected to spike at the point of discharge, then decrease as distance 

from the spring increases downslope. 

Cobalt, Cr, Ni and V concentrations were measured in soil cores collected along four 

transects to evaluate  the influence of groundwater contaminant transport on soil concentrations in 
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near spring areas. Soil metals were measured in three different phases, allowing inference of metal 

dynamics at multiple time scales: total metals, exchangeable metals, and pore water 

concentrations. This sampling identifies locations of high contamination potential at the interface 

between groundwater and soil and evaluates a poorly characterized mechanism of potential soil 

metal contamination. 

4.2 Methods 

4.2.1 Sample Collection and Analysis 

 

Figure 4-2. Study area in Schenley Park (Pittsburgh, PA) with transect locations (hillshade of LiDAR DEM 

(PAMAP Program, PA Deparment of Conservation and Natural Resources 2006-2008)) 

Soil-trace metal interactions are  examined at seeps and springs to evaluate groundwater 

contamination influences on urban soil contamination patterns. To characterize this interaction, 



72 

soil cores were collected along four transects centered on a groundwater spring or seep in 

Pittsburgh, PA (Figure 4-3). Soil cores were collected at three-meter intervals upslope and 

downslope of groundwater springs to characterize impacts of spring water discharge on soil trace 

metal concentrations. Soil metal concentrations  downslope of spring water discharges were 

directly compared to upslope concentrations to  evaluate soil metal enrichment. The transects were 

labeled Top, Middle, Bottom North, and Bottom South based on the elevation of the spring within 

the study area (Figure 4-2). Top and Middle springs discharge on grassy hillsides upslope of 

moderately trafficked roads. The other springs (Bottom South and Bottom North) are in the base 

of a valley and discharge upslope of Panther Hollow Run (Figure 4-3).  

Soil cores were collected in September of 2019 from twenty-six locations. A tape was laid 

across each spring, centered on the point of groundwater discharge. Soil cores were collected every 

three meters along these soil transects to a depth of fifteen cm or until refusal. The core transects 

started nine meters upslope from any saturated area at each spring and ended nine meters 

downslope of the spring. Cores were only collected to six meters below the spring in the Bottom 

North transect as the transect intersected Panther Hollow Run (Figure 4-3). 

Each soil core was separated into three depth intervals: 0-5 cm, 5-10 cm, and 10-15 cm and 

stored in 25 mL centrifugal 0.22 µm filters. Prior to field sampling the centrifugal filters and tubes 

were soaked in at 10% hydrochloric acid bath for 24 hours and rinsed three times with 18MΩ 

water before sample collection. Metal concentrations in core increments were measured in three 

different geochemical phases: total digestion of sediments, exchangeable metals, and dissolved 

(pore water) metals (methods detailed below). In addition, total concentrations were also 

normalized using the total iron concentration, (referred to as “Fe-normalized total 

concentrations”). 
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Figure 4-3. LiDAR extracted elevation transects of elevations at the four sampling locations. Blue circles 

indicate locations of soil cores. Yellow star indicates approximate location of groundwater springs within the 

transect. (PAMAP Program, PA Department of Conservation and Natural Resources 2006-2008). Y-axes are 

adjusted to all span 3.5 meters of elevation. 

4.2.2 Metal Concentration Measurements 

Pore Water Concentrations: Samples (collected in centrifuge filter tubes) were 

centrifuged at 4000 rpm for 1 hour forcing porewater through the acid washed 0.22 µm filters. 

Subsamples of the pore water were diluted with 2% nitric acid and spiked with an internal standard 

containing beryllium [Be], germanium [Ge], and tellurium [Tl]. Metal concentrations (Fe, Si, Li, 
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Co, Cr, Ni, V) were measured on a PerkinElmer Nexion 300x inductively coupled plasma-mass 

spectrometer (ICP-MS). Fe concentrations were measured using the kinetic energy discrimination 

(KED) method on the ICP-MS to reduce polyatomic interferences. Duplicates and blanks were 

included every ten samples throughout sample batches. Comparison of sample duplicates indicate 

measurements were generally within 5% of each other, with the exception of Cr, which were 

consistently within 10%. 

Exchangeable Metal Concentrations: After pore water was extracted, the solid soil 

samples were removed from the centrifuge tubes, dried for 48 hours at 50ºC , and powdered in a 

ball mill (tungsten carbide bomb). Exchangeable metals were extracted from the powdered soil 

(0.125g of soil was extracted with  5 mL of 0.11 M acetic acid,  shaken for 16 hours at room 

temperature) (Mossop and Davidson 2003).  Extractants were separated by centrifuging the extract 

solution for 20 minutes at 3000 rpm and decanted to a clean centrifuge tube. Subsamples of the 

exchangeable extract were diluted and measured using the same method as pore water samples. 

Total Metal Concentrations: Total metal concentrations in powdered soils were measured 

by ALS Chemex (ME-MS61).  

 

4.2.3 Metal Phase Concentration Interpretation 

Pore Water Concentrations: Dissolved metal concentrations in pore water collected from 

cores downslope are interpreted as recent contributions from springs that are equilibrating with the 

local soil environment while upslope pore water is interpreted as infiltrated precipitation and 

overland runoff. Metals introduced to the soil from discharging spring water are transported 
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through pore spaces on a scale of days to months. Therefore, pore water chemistry should  reflect 

relatively recent spring water chemistry.  

Exchangeable Metal Concentrations: Exchangeable metal concentrations are interpreted 

to reflect the contribution of metals from spring discharge over longer time periods than the pore 

water. Exchangeable metal concentrations reflect the dynamic equilibrium between dissolved 

metals and exchange sites. Exchangeable metals offer insight into transect chemistry on a time 

scale ranging from months to years. This allows for detection of occasional or seasonal  pulses of 

dissolved metals from the springs that would not be apparent in the pore water samples. However, 

due to the ambiguous equilibrium state of exchangeable and pore water metals, exchangeable 

metals may contribute to pore water concentrations when exchangeable metals remobilize. 

Therefore, it is possible that exchangeable metals enrich the pore water concentration. 

Total and Normalized Concentrations: Total concentrations are interpreted to reflect 

metal accumulation downslope of spring discharge over periods stretching from years to decades. 

That is, total metal concentrations downslope of springs should reflect the influence of consistent 

inputs of discharging groundwater on downslope soils as ambient metals are incorporated into 

longer-forming geochemical phases. To normalize the influence of variability in iron 

oxyhydroxides and the impact on sorbed metals, bulk concentrations were normalized by iron 

concentrations (iron concentration is treated as a proxy for oxyhydroxide content). The more iron 

oxyhydroxide binding sites there are in a soil, the more potential for trace metals to bind to these 

geochemically favorable sites. Therefore, an increase in Fe concentration downslope could result 

in higher concentrations of other metals disproportionate to the concentrations of the trace metals 

in the discharge. The normalization by Fe concentrations allows comparison of these long-term  

trace metal enrichment across samples where oxyhydroxide content can vary widely. 
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4.3 Results 

4.3.1 Upslope/Downslope Differences 

Student’s t-tests were run for each trace metal at each sampling location, comparing means 

of metal concentrations  collected upslope of spring discharge and those collected  at or downslope 

of spring discharge. This resulted in 60 total p-value results when evaluating whether the 

populations were statistically different (Table 4-1). Of the 60 p-values, 29 were significantly 

different (< 0.05). Due to the small sample size of each transect, p-values < 0.1 were considered 

to be “trending toward significance”. There were 11 more p-values trending toward significance, 

resulting in two-thirds of the t-tests significant or nearing significant differences between upslope 

and downslope metal contents. However, repeated tests are needed to conclusively determine the 

p-value for these transects. 

To evaluate the broader influence of springs on soil chemistry, all transect values of each 

metal species above/below the spring were combined into two sets and compared  (Table 4-2). 

When combined across transects, all of the pore water and Fe-normalized total concentrations were 

significantly higher in the downslope portion. Li concentrations were the only metal species to be 

significantly different in the exchangeable phase.  

 

Table 4-1. P-values resulting from student’s t-tests comparing concentrations of pore water, exchangeable, and 

Fe-normalized total Li, Co, Cr, Ni, and V collected upslope and downslope of spring discharge. Samples were 

divided by sampling location. The “*” indicates a statistically significant difference between populations. 

P-values for single 

transect analysis 

Top 

Transect 

Middle 

Transect 

Bottom North 

Transect 

Bottom South 

Transect 

Pore Water Li 0.01* 0.112 0.67 0.41 

Exchangeable Li 0.018* 0.004* 0.001* 0.002* 
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Fe-Normalized Li 0.07 0.01* 0.002* 0.243 

Pore Water Co 0.064 0.228 0.022* 0.326 

Exchangeable Co 0.22 0.836 0.007* 0.177 

Fe-Normalized Co 0.707 0.031* 0.024* 0.01* 

Pore Water Cr 0.17 0.004* 0.027* 0.028* 

Exchangeable Cr 0.113 0.471 0.043* 0.517 

Fe-Normalized Cr 0.023* 0.046* 0.081 0.893 

Pore Water Ni 0.009* 0.016* 0.104 0.774 

Exchangeable Ni 0.199 0.096 0.124 0.099 

Fe-Normalized Ni 0.05* 0.029* 0.066 0.008* 

Pore Water V 0.064 0.136 0.184 0.176 

Exchangeable V 0.005* 0.007* 0.719 0.816 

Fe-Normalized V 0.019* 0.001* 0.005* 0.01* 
 

Table 4-2. P-values resulting from student’s t-tests comparing concentrations of pore water, exchangeable, and 

Fe-normalized total Li, Co, Cr, Ni, and V collected upslope and downslope of spring discharge. The “*” 

indicates a statistically significant difference between populations. 

 

 

 

4.3.2 Lithium Concentrations and Spring Water Enrichment 

Pore Water Li: In general, Li pore water concentrations increase at the point of 

groundwater discharge and remain elevated compared to concentrations measured upslope (Figure 

4-4). Although the Bottom North transect has elevated concentrations of dissolved Li upslope of 

discharge, there is still an increase in concentration between the core collected three meters upslope 

of the spring and the core collected at the spring. When all values of Li up and downslope of spring 

discharge were compared, downslope values were higher  (t-test results in Table 4-1).  

P-values for cross-

transect comparison 

Li Cr Co Ni V 

Pore Water 0.0001* 0.001* 0.007* 0.037* 0.011* 

Exchangeable 0.044* 0.816 0.106 0.178 0.355 

Fe-Normalized 0.039* 0.001* 0.004* 0.007* 0.001* 
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Exchangeable Li: Exchangeable Li concentrations also tend to increase at or downslope 

of spring discharge (Figure 4-4). Lithium exchangeable concentrations at all four transects were 

significantly higher in the downslope portion (Table 4-2). One important exception is that the 

highest exchangeable concentration of Li in the Bottom South transect was measured upslope of 

the spring. 

Fe-Normalized Total Li: Although Fe-normalized total Li concentrations are not as 

consistently higher in downslope soil when compared to upslope soils, downslope totals still tend 

to be higher (Figure 4). The Middle and Bottom North transects significantly increase downslope 

while the Top transect is trending toward significance (p-value = 0.07, Table 4-1). However, just 

as with the exchangeable Li concentration, the highest Fe-normalized total Li concentration in the 

Bottom South transect was upslope of discharge (Figure 4-4).  
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Figure 4-4. Total, Fe-normalized, exchangeable, and pore water Li measured in soil cores collected along four transects intersecting groundwater 

springs. Black dotted lines indicate location of groundwater discharge along transect.
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4.3.3 Steel Alloy Metal Patterns 

Table 4-3. Maximum, minimum, average, and coefficient of variation of pore water, Fe-normalized total, and 

exchangeable concentrations of Co, Cr, Ni, and V measured in soil cores across all transects 

 Maximum 

(ppm) 

Minimum 

(ppm) 

Average 

(ppm) 

Coefficient of 

Variation 

Co Pore Water 0.07 0.0002 0.007 172% 

Co Exchangeable 0.03 0.001 0.01 41% 

Co Fe-Normalized Total 2.59 6.07 3.5 41% 

Cr Pore Water 0.04 0.001 0.01 64% 

Cr Exchangeable 0.07 0.04 0.06 9% 

Cr Fe-Normalized Total 33.55 11.31 18.19 21% 

Ni Pore Water 0.28 0.004 0.03 145% 

Ni Exchangeable 0.04 0.003 0.01 57% 

Ni Fe-Normalized Total 16.1 6.11 8.5 20% 

V Pore Water 0.13 BDL 0.01 142% 

V Exchangeable 0.02 0.0001 0.004 104% 

V Fe-Normalized Total 41.83 15.04 18.73 23% 

4.3.3.1 Cobalt 

The highest single concentration of pore water, Fe-normalized total, and exchangeable Co 

was observed at or downslope of spring discharge in all four transects (Figure 4-4). In general, 

concentrations were not consistently higher downslope of spring discharge. Instead, there is 

generally one point along the transect that is much higher in concentration than the other samples 

from the transect. 

Pore Water Co: The highest concentration of pore water Co  was measured in the Top 

transect (Figure 4-5). Although pore water  Co in the Bottom North transect is highest at the spring, 

the highest concentration is almost an order of magnitude lower than the other transects (Top = 

0.07 mg/L, Middle = 0.04 mg/L, Bottom South = 0.02 mg/L, Bottom North = 0.003 mg/L).  When 
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all values from the four transect locations are combined, downslope concentrations are 

significantly higher than upslope values (Table 4-2) 

Exchangeable Co: In the Top, Middle, and Bottom South transects, the exchangeable Co 

concentrations are relatively consistent across the transect other than a single sample in each 

transect with elevated exchangeable Co (3 m downslope in Top transect, 9 m downslope in Middle, 

and at the spring in Bottom South, Figure 4-5). In contrast, exchangeable Co concentrations in the 

Bottom North transect steadily increases along the transect from the core collected nine meters 

upslope to the  highest concentration measured in the core three meters downslope. Further, the 

core collected six meters downslope of the Bottom North spring has the lowest concentration of 

exchangeable Co. 

Fe-Normalized Total Co: The highest Fe-normalized total Co concentrations were 

measured in the Top transect, similar to pore water concentrations (Figure 4-5). Although the 

Bottom North transect had a much lower maximum pore water concentration relative to other 

transects, Fe-normalized total Co concentrations were more consistent across transects. The 

Middle, Bottom North and Bottom South transects all significantly increase in concentration 

downslope of spring discharge (Table 4-1) 
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Figure 4-5. Total, Fe-normalized, exchangeable, and pore water Co measured in soil cores collected along four transects intersecting groundwater 

springs. Black dotted lines indicate the location of groundwater discharge
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4.3.3.2 Chromium 

Almost all the elevated pore water, Fe-normalized total, and exchangeable Cr were 

observed at or downslope of spring discharge (Figure 4-6). 

Pore Water Cr: Porewater Cr concentrations in the Middle and Bottom South transects  

both increase three meters downslope of the discharge point and remain elevated six meters 

downslope (Figure 4-6). In contrast, porewater Cr concentrations in the Top and Bottom North 

transect peak at the point of discharge. In these two transects, the cores collected three meters 

downslope have lower concentrations of Cr than those collected at the spring. Despite this 

variability, Cr concentrations in the Middle, Bottom North, and Bottom South transects all 

significantly increase in soils interacting with groundwater discharge (Table 4-1) 

Exchangeable Cr: In general, exchangeable Cr concentrations are less variable than other 

metals considered in this study, with a coefficient of variation of 9% (Table 4-3). Concentrations 

of exchangeable Cr in the study transects were higher downslope in the Bottom North and Bottom 

South transects (Figure 4-6). In contrast, the top and middle exchangeable Cr concentrations are 

generally consistent across the sample transect. While Fe-normalized total Cr metal concentrations 

are lower down gradient in the Bottom South transect, exchangeable Cr concentrations are elevated 

downslope of the spring. 

Fe-Normalized Total Cr: While the cores collected from the Top, Middle, and Bottom 

North transects all have elevated Fe-normalized Cr concentrations downslope of spring discharge, 

the Bottom South transect has the opposite pattern (Figure 4-6). Fe-normalized Cr concentrations 

in the Bottom South transect decrease at the point of discharge and remain lower than 

concentrations measured upslope of the spring throughout the downslope portion of the transect.  

The Top and Middle transects significantly increase downslope of spring discharge while the 
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Bottom North transect is trending toward significance (Table 4-1). When all transect 

measurements are combined, the downslope values are significantly higher than upslope 

concentrations (Table 4-2). 
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Figure 4-6. Total, Fe-normalized total, exchangeable, and pore water Cr measured in soil cores collected along four transects instersecting groundwater 

springs. Black dotted lines indicate the location of groundwater discharge
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4.3.3.3 Nickel 

With two exceptions, the highest concentration of porewater, normalized total, and 

exchangeable Ni measured in the transects were measured at or downslope of spring discharge 

(Figure 4-7). 

Pore Water Ni: Although the highest porewater Ni concentrations in the Middle transect 

were measured upslope of the spring, there is still a distinct increase in porewater Ni concentration 

between the core collected at the spring and the core collected three meters downslope (Figure 4-

7). Dissolved Ni concentrations in the soil pore water of the Top transect vary widely with the 

highest concentration measuring two orders of magnitude higher than the lowest concentration. 

The Top and Middle transects increase significantly in pore water Ni concentrations downslope of 

spring discharge (Table 4-1). When all transect values are combined, there is a significant increase 

in pore water [Ni] in downslope soils (Table 4-2). 

Exchangeable Ni: Top, Middle, and Bottom North transects all increase in exchangeable 

Ni concentration at or downslope of spring discharge (Figure 4-7). In contrast, the Bottom South 

transect has lower exchangeable Ni concentration in all cores collected at or downslope of the 

spring than concentrations measured in the upslope cores. The peak concentration of exchangeable 

Ni in the Top transect (at spring elevation)  is the highest concentration measured, similar to 

patterns in  porewater Ni  and Fe-normalized total Ni. 

Fe-Normalized Total Ni:  Although the highest concentration of Fe-normalized total Ni 

was measured downslope of the point of discharge in all four transects, enrichment downslope is 

not as clear in the Bottom South transect (Figure 4-7). Ni concentrations at the spring and three 

meters downslope are lower than concentrations collected upslope of the spring. However, 

concentrations measured six meters downslope are the highest in the entire transect. The Top and 
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Middle transects have significantly higher concentrations in the downslope portions and the 

Bottom North transect is trending toward significance. However, the Bottom South transect 

decreases in Fe-normalized total Ni downslope of spring discharge (Table 4-1).
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Figure 4-7. Total, Fe-normalized total, exchangeable, and pore water Ni measured in soil cores collected along four transects intersecting groundwater 

springs. Black dotted lines indicate the location of groundwater discharge.
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4.3.3.4 Vanadium 

Like other trace metals, most concentrations of pore water, Fe-normalized total, and 

exchangeable V are highest at or downslope of spring discharge (Figure 4-8). 

Pore Water V: V concentrations in the Bottom North transect are lower than the other 

three transects  with several of the samples measuring at or below the detection limit. The highest 

concentration of dissolved V in the other three transects was measured at six meters below the 

spring (Figure 4-8). The highest concentrations of pore water V in the other three transects were 

measured  in soil waters six meters below the springs. None of the individual transects were 

significantly different between the upslope and downslope pore water concentrations (Table 4-1). 

However, when all values from the transects were evaluated together, there was a significant 

increase in downslope pore water [V] (Table 4-2). 

Exchangeable V: Unlike the other study transects, the highest concentration of 

exchangeable V in the Bottom South transect was measured three meters upslope of spring 

discharge (Figure 4-8). Three meters downslope of the spring in the Bottom South transect, 

exchangeable V concentrations are much lower than those measured at and upslope of the spring. 

This pattern is similar to exchangeable Ni concentrations in the Bottom South transect. 

Fe-Normalized Totals V: The highest concentration of Fe-normalized V was measured in 

the deepest segment (10-15 cm) of the core in Top, Bottom North, and Bottom South transects 

(Figure 4-8). The Fe-normalized total [V] was significantly higher in the downslope portion of the 

Top, Middle, Bottom North and Bottom South transects (Table 4-1).
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Figure 4-8. Total, Fe-normalized total, exchangeable, and pore water V measured in soil cores collected along four transects intersecting groundwater 

springs. Black dotted lines indicate the location of groundwater discharge.
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4.4 Discussion 

4.4.1 Lithium Concentrations 

Lithium is enriched in urban water, especially as use has increased in the past two decades 

(Choi et al. 2019).  Therefore, we interpret [Li] to indicate the influence of contaminated 

groundwater when compared to soil waters less impacted by human activities. When upslope 

values of pore water, exchangeable, and Fe-normalized total Li concentrations from all transects 

were compared to downslope values in all transects, downslope values were all significantly 

higher, suggesting enrichment of the soil environment in response to discharge of contaminated 

urban groundwater  (Table 4-2). When exchangeable [Li] was evaluated at each transect, all of the 

downslope exchangeable Li concentrations were significantly higher.  However, only in the top 

transect was downslope porewater [Li] significantly different from upslope values (Table 4-1). All 

within transect pore water concentration comparisons were likely affected by evaporation driven 

concentration in upslope soils. Spring water is not consistently introduced to upslope soils, so the 

soils dry out before downslope soils.  The concentration of Li will increase as pore water is 

evaporated (Li has no obvious insoluble precipitate in these chemistries) and will therefore tend to 

be higher in upslope soils. This adds credence to the observation that down slope pore waters are 

elevated.  These observations of [Li] across phases suggest contaminated groundwater is 

introduced by the spring and this water influences soil chemistry. Although Li concentrations 

indicate contributions of contaminated groundwater from urban sources, the legacy steel alloy 
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metals enter the groundwater through mobilization of soil contamination pools and may differ in 

contamination patterns at the point of groundwater discharge. 

4.4.2 Metal Concentrations in Soils Surrounding Groundwater Springs 

In general, Fe-normalized total concentrations are higher in soils downslope of 

groundwater springs, suggesting enrichment of metals from accumulated groundwater discharge. 

When evaluated separately by location and metal species, Fe-normalized total concentration was 

significantly higher downslope in 12 of 16 transects (Table 4-1). Of the four transects that were 

not significant most showed some evidence of enrichment (Figures 4-5 through 4-8).  The 

heterogeneous nature of soils in general  and the relatively small sample size at each transect may 

be insufficient to unambiguously reveal downslope enrichment.  In particular, both Cr and Ni Fe- 

normalized total concentrations in the Bottom North transect had p-values trending towards 

significance (0.08 and 0.07 respectively). To evaluate groundwater-soil interactions across the 

study area, the metal concentrations at all of the transects were combined and upslope versus 

downslope patterns evaluated. Fe-normalized concentrations were significantly higher in soils 

downslope of discharging groundwater (Table 4-2). In general, all four transects seem to have been 

enriched in steel alloy metals over long time periods. Although this was predicted in the conceptual 

model, the distribution of metal contamination downslope of spring discharge was not as consistent 

as hypothesized in the model (Figure 4-1). For example, metal concentrations were not always 

highest right at the point of discharge and decreasing with distance downslope from the spring. 

Further, there was no consistent pattern with soil depth apparent in this study. Varying vegetation 

cover over the transect locations (i.e. forested vs grassy) and resulting soil carbon levels may 

impact the leaching of metals and contribute to the observed patterns. We are awaiting results to 
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analyze the impact of overlying vegetation. Despite these inconsistencies, spring discharge leads 

to elevated concentrations of trace metal contamination in downslope soils. 

Pore water metal concentration patterns suggest that steel alloy metals are typically 

elevated in the spring discharges. However, pore water is more transient, increasing variability in 

the observations and is sensitive to soil moisture dynamics (see discussion above in the Li section). 

Only six of sixteen transect- metal combinations had statistically significant differences between 

soil waters above and below the spring discharge (Table 4-1). In particular, V pore water 

concentrations did not increase  downslope of the springs. That said, V concentrations in pore 

water were often below detection limit and limited sample volume precluded the potential for re-

measurement at lower dilutions. Nevertheless, when all transects were combined and evaluated 

pore water concentrations were higher for all metals in downslope soils (Table 4-2). Therefore, 

contaminated groundwater discharging from springs and seeps seems to create areas of elevated 

pore water contamination in soils receiving the discharge.  

Steel alloy exchangeable metal concentrations did not systematically vary above/below the 

springs, potentially due to the exchangeability of transition metals relative to cations  like Li and 

Na. Cation exchange sites in the soil tend be better geochemical environments for these cations, 

introducing  inconsistent patterns of exchangeable trace metal concentrations for these transition 

metals. For example, at the point of groundwater discharge in the Bottom North transect, the 

exchangeable concentrations of Cr, Ni, and V are lower than concentrations measured in the 

samples collected three meters upslope and downslope of the spring (Figures 4-6 through 4-8).  

Further, the highest concentration of pore water for all three of these metals was measured in the 

core collected at the point of discharge. As cations like Li and Na more readily bind to cation 
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exchange sites, trace metals may interact less with exchange sites. Therefore, transition metals 

may remain in the dissolved phase, resulting in more variable exchangeable concentrations. 

Given the reliance on iron for Fe normalization, it’s important to evaluate soil Fe patterns.  

Total Fe concentrations decrease downslope of spring discharge in the Middle and Bottom North 

transects (p-values = .001 and .007 respectively) while the Top and Bottom South transect are not 

significantly different in either direction (p-values = .162 and .445 respectively) (Figure 4-9). The 

concentration of Fe in the soil influences the amount of trace metals that accumulates in that soil 

as iron oxyhydroxides are a common binding site for trace metals.   It is best to think of the Fe 

normalization as a measured rate of how trace metal interacts with available sorption sites.  Higher 

normalized values suggest a stronger influence of the spring.  Therefore, in the transects where 

iron decreases, while the total metal also decrease, it’s generally at a slower rate, suggesting the 

spring water increases the total trace metal content. 

Table 4-4. Range of average total soil metal concentrations of Co, Cr, Ni, and V measured upslope and 

downslope of discharging springs divided by transect. Average total metal concentrations in other urban soil 

surveys. Maximum total concentrations measured in this study and maximum concentrations for ecological 

health. 

 Co (ppm) Cr (ppm) Ni (ppm) V (ppm) 

Range of Upslope Means by Transect 13-17 71-102 26-46 71-96 

Range of Downslope Means by Transect 13-23 70-93 31-55 68-117 

Baltimore, MD mean (Yesilonis et al. 

2008) 

15 72 27 37 

Chicago, IL mean (Cannon and Horton 

2009) 

11 71 36 76 

Eco-SSL Plants 13 N/A 38 N/A 

Eco-SSL Mammals 230 34 (Cr III) 130 280 

EPA MSC Direct Contact Values 66 190000 

(Cr III) 

4400 15 
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Figure 4-9. Total Fe measured in soil cores collected along four transects intersecting groundwater springs. 

Black dotted lines indicated location of groundwater discharge. 

4.4.3 Confounding Effects of Urban Soil Redistribution 

There are several instances where Fe-normalized total concentrations decrease downslope, 

diverging from the conceptual model (Figure 4-1). In the Bottom South transect, Fe-normalized 

total Cr concentrations measured at or downslope of spring discharge are lower than concentrations 

measured upslope. While pore water Cr concentrations in the Bottom South transect are 

significantly higher, Fe-normalized total concentrations decrease (Table 4-1). Similarly, Fe-

normalized total Ni concentrations in the downslope portion of the Bottom South transect are lower 

than upslope concentrations (Table 4-2). Further, Fe-normalized Ni concentrations measured in 

the deepest (10-15 cm), downslope core increments were highest. This pattern indicates the 

concentrations are diluted, particularly near the surface. Pore water concentrations are elevated at 

these locations, suggesting that relatively clean spring discharges do not cause the observed 
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decreases in Fe-normalized metals. However, this transect intersects a walking trail, and therefore 

soil disturbance or augmentation may cause this pattern.  

The oxidation of metals as the groundwater moves downslope could potentially create the 

patterns observed in Cr in the Bottom South transect. The oxidation of Cr by manganese oxides in 

the soil could reduce the concentration of Fe-normalized total Cr in the transect (Fendorf and 

Zasoski 1992). However, Ni is not readily oxidized by manganese oxide compounds. As both Fe-

normalized total Cr and Ni concentrations decrease downslope, the oxidation of Cr via manganese 

oxide seems less likely as the underlying mechanism.   

Unlike [Cr] and [Ni], concentrations of Fe-normalized total Co and V are higher in the 

downslope portion of the Bottom South Transect (Table 4-1). One explanation for this is that 

materials introduced to the location during footpath construction were elevated only in Co and V. 

However, we cannot identify a source of contamination that would be elevated in [Co] and [V] but 

not [Ni] and [Cr]. Co and V may accumulate faster than Cr and Ni in downslope soils. However, 

this difference in accumulation rate is not obvious in any other transect. We do not have enough 

data to elucidate the causes of this pattern, but the footpath location suggests a role for some sort 

of soil disturbance. 

4.4.4 Total Metal Concentrations 

Average total concentrations tended to be higher in downslope soils than upslope soils, 

suggesting groundwater discharge driven enrichment. Despite variability in individual locations, 

the highest average concentrations of Co, Ni and V were measured in downslope soils. When 

compared to metal chemistries measured in other historically industrial cities, the highest 

downslope average concentrations of steel alloys are elevated (Table 4-4). The range of average 
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downslope concentrations for each metal generally spanned other city medians to higher values 

(Yesilonis et al. 2008; Cannon and Horton 2009). Therefore, the introduction of contaminated 

groundwater by springs seems to result in elevated areas of soil contamination. 

The heavy metal enriched downslope soils often exceeded standards put in place to protect 

human and environmental health. Ecological soil screening levels (Eco-SSLs) are concentrations 

of contaminants in soil established to protect four different groups of ecological receptors (plants, 

soil invertebrates, birds, and mammals). The Eco-SSLs established by the EPA are a reasonable 

measure of the toxicity of heavy metals to ecological health (U.S. EPA 2005a, 2005b, 2005c, and 

2007). The Pennsylvania Department of Environmental Protection also uses medium-specific 

concentrations (MSC) issued by the EPA as a point of compliance for soil metal concentrations. 

Medium-specific concentrations are concentrations that human populations could be directly 

exposed to on a daily basis without risk for the exposed population (35 P.S. Health and Safety). In 

the Top, Bottom North, and Bottom South transects, the downslope soil averages exceeded at least 

one Eco-SSL criteria or MSC for all four steel hardening agents, while the Middle transect 

exceeded standards for V and Cr concentrations (Table 4-4).Therefore, soils downslope of spring 

discharge in this study seem to be elevated in trace metal concentration and may pose a health risk 

to organisms that come into contact with them. 

4.5 Conclusions 

The spatial variability of legacy contamination associated with steel production in four soil 

transects straddling groundwater springs was assessed to evaluate the influence of contaminated 

groundwater discharge on surface contamination. Using multiple phases of metal concentrations, 
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the metal dynamics over multiple time scales were evaluated. When soils collected downslope of 

spring discharge were compared to soils collected upslope steel alloy metals were elevated 

downslope, particularly in the Fe-normalized total metal concentrations.  This indicates that 

contaminated groundwater discharge enriches trace metal concentrations in downgradient soils. 

That said, patterns observed in the Fe-normalized Cr and Ni concentrations underline the inherent 

variability in urban soils. This enrichment has resulted in average downslope concentrations that 

exceed some EPA standards, creating regions of soil contamination that may pose risks to human 

and environmental health. 

Further, this study suggests contaminated groundwater discharge at springs and seeps may 

redistribute soil contamination and create hot spots of soil metal contamination at predictable 

points along an urban landscape. Identification of this mechanism that concentrates soil metal 

contamination at specific hydrological locations, can improve predictions of trace metal exposures 

to humans and the ecosystem. 
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Appendix A Chapter 2 Supporting Information 

 

Appendix Figure A-1. Design of fix installed in the upper infiltration trench. 
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Appendix Figure A- 2. Map of soil metal collection points for metal analyses surrounding infiltration trenches 

in Schenley Park, Pittsburgh, PA (Allegheny County Division of Computer Services Geographic Information 

Systems Group Allegheny County Imagery 2017). 

 

Appendix Figure A-3. Example infiltration event measured to calculate infiltration rate from the lower 

trench. 
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Appendix Figure A-4. Groundwater table fluctuations showing the onset of evapotranspiration divern diurnal 

patterns starting on April 12, 2016. 
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Appendix Figure A-5. Box plots showing seasonal distributions of infiltration rates for both infiltration 

trenches 

 

Appendix Figure A-6. Comparison of change in infiltration rate compared to changes in temperature. Black 

line indicates highest possible infiltration rate calculated using temperature driven viscosity changes. The 

observed changes in infiltration rate are much higher than those expected of viscosity driven changes. 
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Appendix Figure A-7. Dissolved concentrations of sodium in infiltration trenches and nearby groundwater 

spring between January 2016 and October 2017. 

 

Appendix Figure A-8. Disolved concentrations of sulfate in infiltration trenches and nearby groundwater 

spring between October 2016 and October 2017. 

 

 

Appendix Table A-1. Maximum, minimum, average, and standard deviation of concentrations of dissolved 

cations and anions in two infiltration trenches over the entire time of collection (January 2016 – January 2018). 

(BDL = Below Detectable Limit) 

(mg/L) Na Pb Cu Mn Fe Cd Zn NO3 SO4 

Lower Trench Max. 737 0.0005 0.026 1.04 2.24 0.002 0.944 12.5 11.25 

Lower Trench Min. 4.39 BDL BDL BDL BDL BDL BDL 0.06 0.14 
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Appendix Table A-2. Comparison of total range of dissolved metal and nutrient concentrations measured in 

the upper infiltration trench (UT) and lower infiltration trench (LT) water between January 2016 – December 

2017 and June 22, 2018 – June 28, 2018. 

 

Appendix Table A-3. Average bulk metal soil concentrations collected in Pittsburgh, PA compared to 

concentrations measured in previous studies of urban soil contamination. 

 

 

Lower Trench Avg. 123 0.0002 0.005 0.15 0.51 0.00007 0.168 3.86 3.57 

Lower Trench St. Dev. 178 0.0002 0.006 0.21 0.46 0.0004 0.347 3.41 2.24 

Upper Trench Max. 1280 0.002 0.046 1.92 4.28 0.002 0.884 16.0 9.32 

Upper Trench Min. 14.2 BDL BDL 0.003 BLD BDL BDL 0.05 0.17 

Upper Trench Avg. 267 0.0003 0.008 0.585 0.75 0.00007 0.166 2.59 3.12 

Upper Trench St. Dev. 359 0.001 0.009 0.481 0.90 0.0004 0.337 3.43 2.37 

(Mg/L) Na Pb Cu Mn Fe Cd NO3 SO4 

Total UT Range 1270 0.002 0.05 1.92 4.28 0.002 16.0 9.14 

Total LT Range 732 0.0005 0.026 1.04 2.24 0.002 12.4 11.12 

Daily UT Range 20.4 0.0007 0.005 0.33 0.59 0.00004 0.68 0.67 

Daily LT Range 15.7 0.0007 0.009 0.13 0.83 0.00003 0.91 0.81 

Location Avg. Cd 

(ppm) 

Cr (ppm) Cu 

(ppm) 

Pb (ppm) Zn 

(ppm) 

Albany (Amrhein et al. 1992) 0.35 59 33 41.5 n/a 

Buffalo (Amrhein et al., 1992) 1.4 63.5 42.5 151 n/a 

Cape Cod (Amrhein et al., 1992) 0.43 14.5 4.3 6.2 n/a 

Donner (Amrhein et al., 1992) 0.22 35.5 22 79.5 n/a 

Baltimore (Pouyat et al. 2007) 0.11 72 45 231 141 

Gwynns Falls (Bain et al. 2012) 0.17 31 30 76 120 

Pittsburgh Study Site 1.4 100.3 44.3 195 137 
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